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General introduction

The temperature of the Earth depends on a balance between input and output of
energy coming from the Sun. When this energy reaches the Earth, it is in part absorbed by the
surface and in part reflected. Portions of the reflected energy are not reemitted into space, but
rather absorbed by the atmosphere. This process is called the Greenhouse effect and is
produced by greenhouse gases (GHG).
In the last 70 years, many observations (e.g. warmed atmosphere and oceans,
reduction in ice and snow cover) have shown a continuous warming of the climate system
and thus, demonstrating the unequivocal existence of climate change. One of the primary
reasons for the warming of the climate system is the increase of GHG concentrations in the
atmosphere which lead to an increase in its energy absorption and therefore, global
temperature increases.
CO2 and CH4 represent the gaseous phase of the global carbon cycle. Next to water
vapor, they are the two most important GHG and therefore significant drivers of climate
change (IPCC, 2013). The global annual mean surface fraction of both gases have risen in the
last decades and simulation models concerning the further evolution of these gases are not
encouraging (IPCC, 2013).
Models used for temperature projections agree with regard to directions in climate
(IPCC, 2013). However, these predications contain uncertainties. Improving understanding of
the global carbon cycle, i.e. knowledge about factors and processes that control the terrestrialaquatic-atmospheric coupling of carbon, and the effect of anthropogenic activities on this
natural relation, may reduce uncertainty in climate change predictions.
Freshwater ecosystems, including streams, rivers, and lakes, are an important
component of regional and global carbon cycles (Raymond et al., 2013; Cole et al., 2007;
Aufdenkampe et al., 2011). They receive large amounts of organic and inorganic carbon from
their catchments that stored and later emitted into the atmosphere as CO2 or CH4 (Tranvik et
al., 2009; Battin et al., 2009).
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Despite many important improvements within the last years regarding data

measurement and analysis, accurate quantification of CO2 and CH4 budgets in freshwater
ecosystems remains problematic due to high uncertainties in the source and sinks (Reeburgh,
2007; Conrad, 2009; Tang et al., 2014; Tang et al., 2016), as well the spatial and temporal
distribution of these important GHG.
Therefore, this thesis aims to examine the gaseous phase of the carbon cycle of lakes
and rivers to gain knowledge of the spatial and temporal distribution of CO2 and CH4, as well
as to assess the relevance of anthropogenic sources on CO2 and CH4 emissions from these
types of freshwater systems. To do so, this thesis is based on four papers: Encinas et al.
(2014), Encinas et al. (2016); Peeters et al. (2016), and Alshboul et al. (2016). The first three
studies (Chapters 1-3) were conducted in seven lakes (Königseggsee, Rohrsee, Illmensee,
Mindelsee, Lake Constance, and Lake Amer) located in southwest Germany, covering a
broad range of maximum areas and depths. Several experiments (Chapter 4) were also
conducted in nine municipal wastewater treatment plants located in Southwest Germany
(Annweiler, Bellheim, Edenkoben, Germersheim, Hochstadt, Landau, Neustadt, Offenbach,
and Ruelzheim).
The thesis first investigates the dynamics of dissolved methane over an entire year in
Mindelsee, a small, temperate, dimictic lake that develops anoxic hypolimnion during
summer stratification (Chapter 1). Diffusive methane fluxes from different time periods are
compared: a stratified period in the summer, the autumn overturn, the winter mixing period,
and the period from spring to summer stratification. After the comparison, the relative
importance of autumn and spring mixing for the overall methane release from lakes is
discussed, and the important role of methane stored in an anoxic hypolimnion to the overall
methane budgets of lakes is demonstrated. Further, potential implications for climate
warming are examined alongside associated changes in physical conditions related to
methane emissions from lakes.
Chapter 2 investigates the phenomenon of the “methane paradox” (Reeburgh, 2007),
an oversaturated CH4 concentration located in the oxic epilimnion that is typically higher
than in the oxic hypolimnion (Luyssaert et al., 2012; Bogard et al., 2014; Blees et al., 2015;
Schulz et al., 2001). This phenomenon has been taken as an indication of the in-situ
production of CH4 in oxic waters (Bogard et al., 2014; Schulz et al., 2001). Methanogenesis
in oxic waters has been suggested as a significant component of the overall CH4 budget in
small, shallow lakes and the main CH4 source in large, deep lakes (Bogard et al., 2014).
However, elevated CH4 concentrations in the oxic epilimnion do not necessarily originate
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from the in-situ production of CH4, but could alternatively be explained by the lateral
transportation of CH4 from littoral zones (Hofmann, 2013; Bastviken et al., 2004; Rudd and
Hamilton, 1978; Murase et al., 2003). One of the world’s largest data sets of CH4
distributions within lakes is used to test whether CH4 from shallow water zones or the in-situ
production of CH4 in oxic surface water, i.e. production within anoxic microzones or
production due to methanogenic bacteria, is the more likely explanation for the methane
paradox. Moreover, if CH4 from the shallow water zone is a major source of CH4 in oxic
epilimnion, the global emissions of CH4 would therefore depend on the ratio of shallow water
zones to the total area, and not on the estimated global surface area of lakes in different size
categories (Bastviken et al., 2011; Cole et al., 2007; Conrad, 2009; Downing et al., 2006;
McDonald et al., 2012), as is typically used for the estimation of global emissions of CH4
from lakes. These findings would potentially alter the estimation of CH4 emissions from fresh
water ecosystems.
Lake metabolism describes the turnover of biomass and energy in lake ecosystems
and its study contributes to understandings of habitat conditions and food-web dynamics
within lake ecosystems, as well as of the mass and energy balance of the entire ecosystem.
Moreover, the metabolism of lake ecosystems is an important factor affecting carbon flux
from terrestrial systems to the ocean and CO2 emissions to the atmosphere (Cole et al., 2007;
Tranvik et al., 2009). The diel O2-technique (an open-water technique using diel changes in
dissolved oxygen; Odum, 1956) is widely used to estimate ecosystem metabolism in
numerous aquatic systems (e.g., Reichert et al., 2009). Recent improvements in
instrumentation (CO2 optodes; Atamanchuk et al., 2014) allow measuring the CO2
concentration at high frequencies and over long time periods. Hence, Chapter 3 uses longterm data on dissolved CO2 and O2 concentrations in Illmensee, a small lake located in
southern Germany, to calculate metabolic rates. The results are discussed in detail focusing
on a comparison of metabolic rates estimated with the diel O2- and diel CO2-technique, and
the influence of transport processes (diffusive vertical transport and emissions) on these
estimates.
Freshwater systems are significant sources of atmospheric methane and carbon
dioxide. Although the input, transformation, and evasion of carbon in inland waters are
affected by anthropogenic activities (Regnier et al., 2013), anthropogenic sources have rarely
been investigated. Municipal wastewater treatment plants discharge treated wastewater into
the surrounding aquatic ecosystems and therefore can be considered an important
anthropogenic source of carbon for such types of systems. However, systematic studies of the
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amount of CH4 and CO2 discharged from different municipal wastewater treatment plant
effluents are not available. Hence, Chapter 4 quantifies the amount of CH4 and CO2
discharged from treated effluents, analyzing seasonally resolved measurements of dissolved
CH4 and CO2 concentrations in effluents and receiving streams at nine municipal wastewater
treatment plants in Germany. Later, the results are discussed with respect to the contribution
of effluent discharge to the total emission rates of municipal wastewater treatment plants and
CO2 and CH4 dynamics in effluent-receiving streams.
Finally, the main questions of this thesis and their conclusions are summarized,
highlighting some selected perspectives for future research.

Chapter 1
The importance of the autumn overturn and anoxic conditions in
the hypolimnion for the annual methane emissions from a
temperate lake
Jorge Encinas Fernández, Frank Peeters and Hilmar Hofmann
Environ. Sci. & Technol., 48, 7297-7304

Abstract
Changes in the budget of dissolved methane measured in a small temperate lake over
1 year indicate that anoxic conditions in the hypolimnion and the autumn overturn period
represent key factors for the overall annual methane emissions from lakes. During periods of
stable stratification, large amounts of methane accumulate in anoxic deep waters.
Approximately 46% of the stored methane was emitted during the autumn overturn,
contributing ~80% of the annual diffusive methane emissions to the atmosphere. After the
overturn period, the entire water column was oxic, and only 1% of the original quantity of
methane remained in the water column. Current estimates of global methane emissions
assume that all of the stored methane is released, whereas several studies of individual lakes
have suggested that a major fraction of the stored methane is oxidized during overturns. Our
results provide evidence that not all of the stored methane is released to the atmosphere
during the overturn period. However, the fraction of stored methane emitted to the
atmosphere during overturn may be substantially larger and the fraction of stored methane
oxidized may be smaller than in the previous studies suggesting high oxidation losses of
methane. The development or change in the vertical extent and duration of the anoxic
hypolimnion, which can represent the main source of annual methane emissions from small
lakes, may be an important aspect to consider for impact assessments of climate warming on
the methane emissions from lakes.

5

6

Chapter 1

Introduction
Lakes are an important component of the global carbon cycle because they store and
release substantial amounts of carbon dioxide (Tranvik et al., 2009; Battin et al., 2009) and
are a particularly important source of methane in the global methane budget (Bastviken et al.,
2004; Luyssaert et al., 2012; St. Louis et al., 2000). According to Bastviken et al. (2011),
most of the methane originating from lakes occurs in small lakes (<10 km2), which release
more methane per unit area than large lakes (Bastviken et al., 2004; Juuntinen et al., 2009).
Although recent estimates of the lake size distribution suggest that the area of small lakes is
only ~26% of the total global lake area (Raymond et al., 2013), methane emissions from
small lakes still contribute a major fraction of global methane emissions from lakes.
Estimates of global methane emissions from lakes typically distinguish between three
pathways of methane release from the water body to the atmosphere: diffusive fluxes,
ebullition, and release of stored methane (Bastviken et al., 2011). Additionally, plantmediated fluxes may also be an important pathway of methane emissions from lakes (Smith
et al., 1992; Bergström et al., 2007). In lakes, methane is a major product of carbon cycling
(Bastviken et al., 2008), and most of the methane is produced within the sediments. A large
proportion of this methane is removed by aerobic oxidation at oxic sediment-water interfaces,
or oxyclines within the water column (Bastviken et al., 2002) or by anaerobic oxidation
(Schubert et al., 2010). Some of the methane is stored in the water column. In lakes with an
anoxic hypolimnion, large amounts of dissolved methane can accumulate, which leads to a
particularly large quantity of stored methane (Bastviken et al., 2004; Durisch-Kaiser et al.,
2011; Schubert et al., 2012; Lie et al., 1996). In monomictic and dimictic lakes, methane
stored in anoxic hypolimnia can be released during periods of rapid vertical mixing
(overturns) that occur once or twice a year, respectively. During overturn periods, the
accumulated dissolved methane is redistributed over the entire water column, which can
result in high diffusive methane fluxes to the atmosphere (Schubert et al., 2012; López
Bellido et al., 2009; Kankaala et al., 2007). According to Bastviken et al. (2004), the
contribution of the stored methane to the overall annual methane emissions (the “storage
flux”) increases with decreasing lake size and reaches approximately 45% in small lakes.
However, this estimate assumes that all of the stored methane is released to the atmosphere.
Conversely, several other studies (Schubert et al., 2012; Kankaala et al., 2007; Utsumi et al.,
1998) have claimed that most of the stored methane is oxidized in the water column during
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the overturn period. This suggests that a major contribution to the estimate of annual methane
emissions from small lakes may have been substantially overestimated.
Most of the studies that have investigated fluxes of stored methane have focused on
the autumn overturn and its contribution to the overall annual methane emissions (Bastviken
et al., 2004). Recently, additional studies have investigated methane emissions during the
spring overturn or spring and autumn overturns (Juuntinen et al., 2009; López Bellido et al.,
2009; Karlsson et al., 2013). For example, López Bellido et al. (2009) investigated the
methane emissions from a dimictic boreal lake with an oxic water column and concluded that
the amount of methane emitted during spring overturns after ice breakup is larger than that
emitted during autumn overturns. On the bases of methane budgets from numerous Finnish
boreal lakes, Juutinen et al. (2009) found that the storage fluxes of methane were usually
larger in spring than in autumn, but in some of the lakes, the methane fluxes in autumn were
larger than those in spring.
In the present study, we investigated the dynamics of dissolved methane over an
entire year in a small temperate dimictic lake that develops an anoxic hypolimnion during
summer stratification and compared the diffusive methane fluxes from different time periods:
the stratified period in summer, the autumn overturn, the winter mixing period, and the period
from spring to summer stratification. On the bases of these data, we discuss the relative
importance of autumn and spring mixing for the overall methane release from lakes and
demonstrate the important role of methane stored in an anoxic hypolimnion to the overall
methane budgets of lakes. Further, we discuss potential implications of climate warming and
associated changes in the physical conditions related to methane emissions from lakes.

Materials and methods
Measurements were conducted in Mindelsee (location 47° 45.178' N, 9° 1.423' E; area
1.02 km2; maximum depth 13.5 m), which is located near Lake Constance in southern
Germany. Mindelsee is a small mesotrophic dimictic lake that mixes twice a year: in autumn
(end of October to beginning of December) after the summer stratification and early spring
(March) after the inverse stratification during ice coverage (ISF 2011/2012).
Field measurements of the dissolved methane concentration and abiotic parameters
were conducted between July 2012 and June 2013 at the maximum depth near the center of
the lake (see Figure A1.1 in the Appendix 1). During the stratified period, sampling was
conducted at least once a month but mostly once every 2 weeks. Shortly before, during, and
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after the autumn overturn, samples were collected every 2-3 days to resolve short-term
temporal changes of the dissolved methane concentration. On each of the sampling dates,
water samples were taken at water depths from 1 to 13 m with a vertical resolution of 1 m
using a 2 L sampler (Limnos) and then transferred into 122 mL serum bottles. The sampling
procedure has been described in detail by Hofmann et al. (2010). Vertical profiles of depth,
temperature, and oxygen were collected with a multiparameter probe (CTD probe, RBR Ltd.,
Ottawa, Canada; fast oxygen optode 4330F, AANDERAA, Bergen, Norway) at a sampling
frequency of 6 Hz. Each profile (downcast) took at least 20 minutes and corresponded to a
vertical resolution of <0.01 m. During the stratified period in summer (10th August 2012) and
during the autumn overturn period (7th December 2012), additional water samples were
collected at a water depth of 1 m along the main axis of the basin (~150-450 m horizontal
resolution; Figure A1.1 in the Appendix 1).
The dissolved methane concentration of the water samples was analyzed using a
headspace method by following the procedure described in detail by Hofmann et al. (2010).
The methane concentration in the headspace was measured by gas chromatography with
flame ionization detection (GC-FID) (GC 6000, Carlo Erba Instruments). Gas standards of
10, 50, and 100 ppm (Air Liquide) were used to calibrate the GC data. The calibration was
repeated for every five water samples and used for the subsequent samples. On average, the
concentration measurements of replicate samples varied by <5%.
The total mass of dissolved methane stored in the water column was calculated by
integration of the volume-weighted concentrations available at 1 m depth intervals
(hypsographic curves of Mindelsee; Figure A1.2 in the Appendix 1).
The diffusive flux of methane to the atmosphere was calculated using the boundary
layer model as described by Liss and Slater (1974):
FCH4 = kCH4 ∙ MCH4 ∙ (Cw − Ceq )

(1.1)

where FCH4 is the air-water flux of methane, kCH4 is the transfer velocity of methane, MCH4
the molar mass of methane, Cw is the measured near-surface water molar concentration of
methane, and Ceq is the molar concentration of methane in the surface water that is in
equilibrium with the atmospheric concentration at surface water temperatures. The transfer
velocity of methane, kCH4 , was estimated from k600 , the transfer velocity of CO2 under
standard conditions (a Schmidt number of 600) using the equation of Liss and Merlivat
(1986):
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Sc n
)
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(1.2)

in which Sc is the Schmidt number of methane at water surface temperatures (Wanninkhof,
1992) and n is −2⁄3 for U10 ≤3.7 m s−1 and −1⁄2 for U10 >3.7 m s−1, where U10 is the wind
speed at an elevation of 10 m. The gas transfer velocity k600 (in cm h−1) was calculated using
the equation of Cole and Caraco (1998):
k600 = 2.07 + 0.215 ∙ U10 1.7

[cm h-1 ]

(1.3)

as well as the equations of Crusius and Wanninkhof (2003), Guerin et al. (2007), and
MacIntyre et al. (2010) (Equations A1.4-A1.6 in the Appendix 1). Ceq for methane was
calculated according to Wiesenburg and Guinasso (1979) wherein the atmospheric
concentration of methane was set to 1.8 ppm. Wind data (U10 in m s−1) were supplied by a
nearby (15 km east of Mindelsee) meteostation (Konstanz) of the German Weather Service
(DWD). During the study, no meteostation was installed on Mindelsee, but earlier
measurements showed that wind speeds measured at the DWD Konstanz station are in close
agreement with the wind speeds measured on Mindelsee (in 2011, the wind speeds (mean ±
SD) measured on Mindelsee and at the station Konstanz were 2.08 ± 1.34 and 2.09 ± 1.27 m
s−1, respectively). The near-surface concentration of dissolved methane, water temperature,
and wind speed were assumed to be homogeneous over the entire lake surface. The time
series of the dissolved methane concentration and surface water temperature were linearly
interpolated to the time series of the wind speed (temporal resolution of 1 h). These estimates
of the diffusive methane flux were employed as losses in the mass balance of methane.
Ebullition and plant-mediated fluxes were not measured and are not included in the above
estimates of methane losses; therefore, they can be considered as lower limits of the total
overall methane emissions.
In addition to the water sampling for methane analysis in the lab, a methane probe
(HydroCTM/CH4 probe, Contros Systems & Solutions, Kiel, Germany) was deployed at a
depth of 2 m between 22nd October and 16th December 2012, covering the entire overturn
period. The probe measured the concentration of dissolved methane in situ at a sampling
interval of 1 Hz and provided a continuous and high-resolution time series of dissolved
methane concentrations between the regular sampling dates. Gaps in the time series of the
probe were caused by battery replacements and related losses in the power supply (the probe
has a high power consumption of ~15-20 W). The probe was calibrated by means of a linear
fit between the log-transformed dissolved methane concentrations measured in the water
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samples collected at a depth of 2 m and probe data measured at the same time at a depth of 2
m (Figure A1.3 in the Appendix 1). The diffusive flux of methane was estimated using the
data from the methane probe, and this value was compared to the diffusive methane flux
calculated from the dissolved methane concentrations measured in the water samples taken at
a water depth of 2 m.
In addition to the mass balance of methane, the mass balance of oxygen was
calculated by integrating the volume-weighted oxygen concentrations and considering gas
exchange of oxygen between the lake and the atmosphere. The gas exchange at the lake
surface was calculated using the same boundary layer model as for methane (Liss and Slater,
1974) by replacing the Schmidt number of methane with that of oxygen (Wanninkhof, 1992).
The oxygen mass balance was applied to three time periods to provide the oxygen demand of
the lake between 8th February and 24th April 2013, when the lake was mixed and oxic;
between 25th April and 24th May 2013, when the lake was stratified and oxic; and for the
overturn period between 28th November 2012 and 9th January 2013. On the basis of the
oxygen concentrations between April and May 2013, when the entire water column was oxic,
the area and volumetric oxygen demands (OA and OV , respectively) were crudely estimated.
Details about this calculation are given in the Appendix 1 section 2.

Results
From summer to autumn 2012, the lake was stably stratified (Figure 1.1a; Figure
A1.5a in the Appendix 1). The water column was saturated with oxygen down to ~6 m,
whereas the oxygen concentration gradually decreased to <1 mg L−1 below 10 m. Therefore,
during the stable stratification, the hypolimnion was characterized by hypoxic and anoxic
conditions (Figure 1.1b). The epilimnetic dissolved methane concentrations were low and
ranged between 0.5 and 1 µM, whereas the dissolved methane concentrations in the anoxic
deep water zone were extremely high and reached ~1400 µM (Figure 1.1c; Figures A1.5a,
and A1.5b in the Appendix 1). The total mass of dissolved methane stored in the entire water
column increased continuously during the stratification period because of the methane
accumulation of ~4.3 to ~18.5 tons in the anoxic hypolimnion from 18th July to 25th
November, respectively, which was just prior to the autumn overturn (Table 1.1; Figures
A1.5a, and A1.5b in the Appendix 1). During this time, the mean diffusive flux of methane
from the lake was 10.1 mg m−2 day−1. In total, the lake emitted ~1030 kg of methane to the
atmosphere (Table 1.1; Figure 1.1c).
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Between the end of September and the end of October 2012, the epilimnion cooled
down, which led to a decrease in the density difference between the epilimnion and
hypolimnion (Figure 1.1a). Increased mixing in the surface layer resulted in a deepening of
the thermocline and oxycline down to ~10 m (Figure 1.1a, and 1.1b). Between 25th October
and 28th November, the stratification was already weak. At the beginning of this period,
several days with high wind speeds (U10 = 5-8 m s−1 and annual mean U10 = 2.2 m s−1)
caused an initial short-duration major mixing of the water column down to a depth of ~11 m
(Figures 1.1 and 1.2a; Figure A1.5b in the Appendix 1). Over the 35 days, the dissolved
methane concentration in the upper mixed water column increased from ~2.1 to ~8.2 µM,
which also increased the diffusive flux to the atmosphere from ~10 to ~24 mg m−2 day−1.
During this time period, the lake emitted ~814 kg of methane, which was only slightly less
than the emission during the previous 98 days (Table 1.1). Thereafter, the water column was
stratified again until the end of November, and the dissolved methane concentration in the
epilimnion decreased to ~0.5 µM (Figures 1.1c and 1.2b).

Figure 1.1. Temporal variability of the water column in Mindelsee for (a) the temperature, (b) the dissolved
oxygen concentration, and (c) the dissolved methane concentration at the deepest point before, during, and after
the autumn overturn (7th September 2012 to 8th February 2013). The black circles at the top of panel (a) indicate
the sampling dates.
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Table 1.1. The temporal change of dissolved methane stored in the entire water column and the diffusive
methane flux to the atmosphere are shown for different time periods in 2012-13: stratification period from 18th
July to 25th October 2012; first mixing event from 25 th October to 28th November 2012; overturn period from
28th November 2012 to 9th January 2013; winter mixing period from 9th January to 24th May 2013; and the
beginning of the stratification from 24th May to 24th June 2013. Also included are the total masses of methane in
the water column at the beginning and end of each period and the corresponding differences and the total
amount of methane emitted by diffusion to the atmosphere during the different time periods. The mass balance
of methane is based on the diffusive flux estimates, which are derived from the equation for the gas transfer
velocity given by Cole and Caraco (1998).
Rates
Time period

Temporal
change of
stored CH4
kg d−1

Total mass of CH4
Water column storage
At the
beginning

At the
end

Diff.

Emitted
CH4

kg d−1

kg

kg

kg

kg

Diff. CH4-flux
mg m−2 d−1

07/18/12 - 10/25/12

142.5

10.1

10.3

4299

18549

14250

1026

10/25/12 - 11/28/12

5.1

23.5

23.9

18549

18721

172

814

11/28/12 - 01/09/13

-445.3

202.1

206.1

18721

17

-18704

8657

01/09/13 - 05/24/13

1.1

1.3

1.3

17

137

120

135

05/24/13 - 06/24/13

18.7

4.8

4.9

137

699

562

148

Total

10788

On 28th November 2012, the stratification was already rather weak and a slight wind
(U10 <3 m s−1) was sufficient to mix the methane-rich water from the upper part of the
hypolimnion into the upper mixed layer, wherein the dissolved methane concentration
increased to ~10 µM. On 3rd December, a strong wind event (U10 >9 m s−1) mixed all of the
dissolved methane stored in the hypolimnion (~10% of the total lake volume) into the water
column (Figure 1.1c; Figures A1.2, and A1.5c in the Appendix 1) and also mixed the
dissolved oxygen downwards, which resulted in oxic conditions throughout the entire water
column (Figure 1.1b; Figure A1.5c in the Appendix 1). The near-surface dissolved methane
concentration reached maximum values of >80 µM for several days and values of >20 µM
for about 2 weeks (Figures 1.1c, and 1.2b). These high dissolved methane concentrations at
the lake surface led to high diffusive fluxes of up to 1500 mg m−2 day−1 (Figure 1.2c),
especially during periods of high wind speeds (Figure 1.2a). On average, the diffusive flux
for the entire overturn period (28th November 2012 to 9th January 2013) was ~200 mg m−2
day−1. In total, ~8.7 tons of methane were emitted to the atmosphere during the overturn
period (Table 1.1).
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Figure 1.2. Temporal course of (a) the wind speed (U10 measured at a proximal meteostation, DWD Konstanz),
(b) the dissolved methane concentration as measured by GC analysis of water samples collected at depths of 1
m (blue circles) and 2 m (black circles) using the headspace technique and by an in situ methane probe (red line)
at a water depth of 2 m at the deepest point of Mindelsee, (c) the diffusive flux of methane calculated by a
boundary layer model from the water samples collected at 1 m (blue line) and 2 m (black line) and probe data
(red line), and (d) the mass of dissolved methane stored in the entire water column between 31st October and
21st December 2012.

On 9th January 2013, which was after the overturn period, the temperature, oxygen,
and methane profiles were vertically homogeneous, suggesting that the lake was well mixed
(Figure A1.5d in the Appendix 1). In winter, the lake was only intermittently ice-covered. A
hypoxic deep-water layer did not develop, and the dissolved methane concentrations in the
entire water column were ~0.1-0.2 µM (Figure 1.1c) and remained at these low values until
24th May 2013. During this period, the diffusive flux of methane was on average ~1.3 mg m−2
day−1, and the emitted methane mass amounted to only ~140 kg (Table 1.1). At the end of
May, the water column became restratified. One month later, on 24th June, the deep layer of
the water column was again anoxic and contained high concentrations of dissolved methane
(Figure A1.5e in the Appendix 1). The dissolved methane concentration in the upper mixed
layer increased to ~0.6 µM, and the diffusive flux of methane increased to ~4.8 mg m−2
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day−1. Between 24th May and 24th June, ~150 kg of methane was emitted to the atmosphere
(Table 1.1).
The diffusive fluxes of methane to the atmosphere were not only calculated according
to the gas transfer velocity equations of Cole and Caraco (1998) (Table 1.1) but also using the
equations of Crusius and Wanninkhof (2003), Guerin et al. (2007), and MacIntyre et al.
(2010) (Tables A1.1-A1.3 in the Appendix 1). The diffusive emissions obtained from the
equations of Guerin et al. (2007) and Crusius and Wanninkhof (2003) were consistent with
the diffusive emissions obtained using the equation of Cole and Caraco (1998). The overall
diffusive methane emissions based on the equation of Crusius and Wanninkhof (2003) and
Guerin et al. (2007) were ~5% and ~8% larger, respectively. The emissions obtained using
the equation of MacIntyre et al. (2010) were substantially larger than those obtained using all
of the other relationships.
The methane probe was well-suited to measure the methane concentration reliably
over long time periods at a high temporal resolution (Figure 1.2b). The probe data indicated
variations in the methane concentration over short time intervals that would not have been
detected solely by water sampling (Figure 1.2b). Although the probe data provide additional
details on the temporal course of the near-surface dissolved methane concentrations (Figure
1.2b), the diffusive methane fluxes estimated from the probe data and water samples are
similar (R2 = 0.97 and p <0.001; Figure 1.2c), indicating that the temporal resolution of ~3
days of sampling during the overturn period is sufficient to resolve the diffusive methane
emissions from lakes.
The oxygen mass balance indicated that the oxygen demand of the lake was
~0.8 ton day−1 between February and April 2013 and between April and May 2013, when the
lake was oxic. During the overturn period, the oxygen demand was ~3.2 ton day−1 and thus
was substantially larger than in the two other time periods. During the overturn, the influx of
oxygen was ~3.2 ton day−1 and thus was the major source of oxygen. During the stratified
period in spring when the water column was oxic, the volumetric oxygen uptake, OV , was
~0.08 g m−3 day−1 and the oxygen uptake by oxic sediment, OA , was ~0.13 g m−2 day−1.
During the overturn period, ~10 tons of stored methane was not emitted to the atmosphere but
was lost from the water column (Table 1.1). Explaining this loss of methane by oxidation
implies that ~40 tons of oxygen was removed during the overturn period as a result of
methane oxidation.
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Discussion
The measurements sufficiently resolved the vertical distribution and annual course of
methane, especially before, during, and after the autumn overturn. The detailed investigation
of the methane budget from mass balance calculations supports the conclusions that methane
emissions from lakes via the diffusive flux pathway vary substantially over a year and a
major fraction of the annual methane emissions can be released during a rather short time
period of approximately 1 month, such as in the case of Mindelsee during the autumn
overturn. It should be noted that ebullition and plant-mediated fluxes were not measured or
included in our estimates of the methane emissions from Mindelsee.
The stratification period between 18th July and 25th October 2012 was characterized
by a significant increase of ~140 kg day−1 in the amount of methane dissolved in the water
column (Table 1.1), which was predominantly a result of an increase of methane in the
anoxic deep water (Figure 1.1c). The accumulation of large amounts of dissolved methane
during the stratified period has been observed in several lakes with an anoxic hypolimnion
(Bastviken et al., 2004; Liu et al., 1996). Despite the large amounts of methane stored in the
water column, the methane concentrations at the lake surface remained rather low, which
suggests that the methane that is transported vertically from the deep methane-rich anoxic
layer is oxidized efficiently in the transition zone between the anoxic and oxic waters
(Bastviken et al., 2002; Schubert et al., 2010) at water depths of ~8-10 m. Because of the very
low surface concentrations of methane, the diffusive flux to the atmosphere was only ~10 mg
m−2 day−1 during the stratified period (Table 1.1).
In late autumn (between 25th October and 28th November 2012), high wind speeds (up
to ~5-9 m s−1) were responsible for an initial substantial increase in the diffusive flux of
methane from the lake for two reasons: the wind forcing caused a mixing event in which the
dissolved methane was rapidly transported from the hypolimnion to the epilimnion and
increased the dissolved methane concentration in the upper part of the water column (Figure
1.1c), which increased the gradient between the dissolved and atmospheric equilibrium
methane concentrations; and high winds reduced the thickness of the diffusive boundary layer
at the air-water interface, which indicates that such winds are associated with high gas
transfer velocities. Both of the wind forcing effects increased the diffusive flux of methane to
the atmosphere, to a value of ~24 mg m−2 day−1 (Table 1.1). Despite the comparatively high
losses of methane to the atmosphere and the potential for additional losses as a result of the
oxidation of methane in the oxic water of the metalimnion and epilimnion, the methane
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stored in the water column still increased slightly by ~5 kg day−1 during this time period
(Table 1.1; Figure 1.2d), which indicates that increased losses of methane to the atmosphere
are not necessarily reflected in a decrease in methane stored in the water column. However,
the accumulation rate during the mixing event was ~28 times less than during the previous
time period (Table 1.1). This may be partially explained by an oxidation of the methane
transported from the deep anoxic waters to oxic water layers; however, it may also be
explained by a reduced flux of methane from the sediments into the water column as a result
of the reduced (by ~35%; Figures A1.1 and A1.2 in the Appendix 1) area of anoxic sediment
surfaces in contact with the water column where the methane produced within the sediments
can pass into the water column without being oxidized.
Between 28th November 2012 and 9th January 2013, the autumn overturn redistributed
the dissolved methane and oxygen within the entire water column (Figures 1.1b, and 1.1c).
The occurrence of rapid mixing is supported by the nearly homogeneous vertical profiles of
methane, dissolved oxygen, and temperature (Figure A1.5c in the Appendix 1). Vertical
transport during the autumn overturn was sufficiently fast and caused high dissolved methane
concentrations in the upper water layer and diffusive methane fluxes to the atmosphere of
~200 mg m−2 day−1 (average during the main overturn period; Table 1.1). Compared with the
methane emitted during the rest of the year (~10 mg m−2 day−1 during summer, ~1 mg m−2
day−1 during the winter mixing period, and ~5 mg m−2 day−1 during the beginning of
stratification; Table 1.1), the high diffusive methane fluxes during the overturn period
demonstrate the importance of this time period in the annual methane emissions to the
atmosphere.
After the autumn overturn, only ~1% of the methane stored in the water column at the
end of the stratified period remained in the water column (Table 1.1; Figure 1.2d). Therefore,
~99% of the stored methane was emitted to the atmosphere or oxidized in the water column
during the autumn overturn period, and ~46% of this methane was emitted to the atmosphere
by diffusion (Table 1.1).
In the mass balance calculations, we assumed that the diffusive methane flux based on
the conditions in the middle of the lake is representative of the average methane flux from the
lake. This assumption is supported by the comparatively small horizontal variation of
methane concentrations measured along the main axis of the lake (Figure A1.6 in the
Appendix 1), especially during the overturn period, in which the major fraction of the annual
methane emissions from the lake is contributed. The methane concentration in the middle of
the lake (permanent sampling station) differed from the mean concentration along the transect
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by only 5% during the overturn period (on 7th December 2012) and ~18% in summer (on 10th
August 2012). During the overturn period, the data do not show a directed gradient between
the nearshore and offshore zones or a significant correlation between the methane
concentration and water depth. In summer, an offshore-directed gradient in the near-surface
dissolved methane concentration was observed, which was suggested by earlier studies
(Hofmann et al., 2010; Hofmann, 2013). However, the relative importance of the higher
spatial heterogeneity of the dissolved methane concentration in summer compared with the
overturn period of annual emissions was small because only a minor fraction of the methane
is emitted during the stable stratification in summer.
According to the flux chamber measurements (diffusive fluxes only) of Schilder et al.
(2013), the gas transfer velocity calculated from the empirical relationship of Cole and
Caraco (1998) is fairly consistent with or a slight underestimate of the average whole-lake
gas transfer velocity in lakes with a surface area of ~1 km2 (see Figure 3e in Schilder et al.,
2013). Hence, the diffusive fluxes of methane determined here from the empirical
relationship of Cole and Caraco (1998) for Mindelsee, which has a surface area of 1.02 km2,
can be considered as representative or a slight underestimate of the average lake-wide
diffusive emissions from the lake.
Independent of the choice of the model for the gas transfer velocity, about half or
more of the stored methane is released to the atmosphere; according to the equations of
Crusius and Wanninkhof (2003), Cole and Caraco (1998), Guerin et al. (2007), and
MacIntyre et al. (2010), the amounts are ~49%, ~46%, ~50%, and ~87%, respectively (Table
1.1; Tables A1.1-A1.3 in the Appendix 1). Except for the model of MacIntyre et al. (2010),
which suggests very high methane emissions, these relationships provide similar results,
indicating that 46-50% of the stored methane is released to the atmosphere. Our study is
based on the values derived from the relation of Cole and Caraco (1998), which represent the
lower methane emissions. The amount of methane released from Mindelsee during the
autumn overturn is not sensitive to deviations in the wind speed, U10 . With the assumption
that the true wind speed on the lake differed by ± 10% from that at the measuring station, the
proportion of stored methane released to the atmosphere changed by only ± 4%. The above
sensitivity studies support the conclusion that during the autumn overturn, about half of the
methane stored in the water column is released to the atmosphere and the other half may be
oxidized within the water column. This conclusion is in contrast to those of several other
studies (Schubert et al., 2012; Kankaala et al., 2007; Utsumi et al., 1998), which claimed that
most of the stored methane is oxidized (74-88%). For example Schubert et al. (2012)
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concluded that in temperate Rotsee, 75% of the stored methane was oxidized and only 25%
was emitted to the atmosphere during the overturn period. It should be noted that all of the
overturn events studied by Schubert et al. (2012) were events with incomplete mixing, such
as in an anoxic deep-water layer with high methane concentrations. In the case of Mindelsee,
we document an event with partial mixing and a main overturn event in which the entire
water column, including the sediment-water interface in the deep water, became oxic. The
different conditions at the sediment-water interface have strong implications for the methane
flux from the sediments to the water column. When the deep water was anoxic, the amount of
stored methane significantly increased (between 18th July and 25th October 2012; Table 1.1).
In contrast, when the sediment surface was oxic, the amount of stored methane was small and
nearly constant (between 9th January and 24th May 2013; Table 1.1). The overturn event in
Mindelsee might have been so effective that it resulted in the emission of ~46% of the stored
methane as a result of intense mixing that created large methane gradients at the air-water
interface. These in turn led to high diffusive fluxes to the atmosphere. In addition, the intense
vertical mixing associated with the overturn creates oxic conditions at the sediment-water
interface, which result in a low flux of methane from the sediments into the water column
because of the enhancement of methanotrophy.
Because Rotsee and Mindelsee have similar morphometries and trophic states and
both are located in temperate zones, similar oxidation rates of stored methane during
overturns in these lakes might be expected. In Mindelsee, ~135 tons of oxygen was consumed
during the overturn period (Figure A1.4b in the Appendix 1). The oxidation of the 10 tons of
stored methane that was not emitted but was lost from the water column required ~40 tons of
oxygen. Oxygen uptake by sediments and in the volume removed 35 tons of oxygen if one
assumes that OA = 0.13 g m−2 day−1 and OV = 0.08 g m−3 day−1. However, ~60 tons of oxygen
uptake remains unexplained by this calculation. According to Frevert (1980), the areal
demand of anoxic sediments during reoxidation can be about 4 times the uptake by oxic
sediments, which would explain the uptake of an additional 17 tons of oxygen. The remaining
~43 tons of oxygen loss may be explained by the oxidation of reduced substances (e.g., NH4+,
Mn2+ and Fe2+; ISF 2011/2012) that were mixed from the anoxic water body into the entire
water column during the overturn period. Nevertheless, the uncertainties in the sediment and
volume uptake remain high. Hence, the oxygen balance cannot utilized to reliable estimate
the methane oxidation rates in the water column.
In general, there is a controversial discussion about how much of the stored methane
is emitted to the atmosphere and how much is oxidized during overturns in lakes. Estimates
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of global methane emissions assume that all of the methane stored in the water column is
eventually emitted to the atmosphere (Bastviken et al., 2004), whereas other studies have
suggested that a major fraction of the stored methane is oxidized during overturns (Schubert
et al., 2012; Kankaala et al., 2007; Utsumi et al., 1998). Our results provide evidence that not
all of the stored methane is released to the atmosphere during the overturn period. However,
the fraction of stored methane emitted to the atmosphere during overturn may be substantially
larger and the fraction of stored methane oxidized may be smaller than in the previous studies
suggesting high oxidation losses of methane. The latter suggest that the oxidation of methane
and the fraction of the stored methane in the water column emitted during overturn may differ
between lakes.
Studies of boreal lakes have suggested that the methane emissions during spring
overturns after ice breakup are usually larger than the methane emissions during autumn
overturns (Juuntinen et al., 2009; López Bellido et al., 2009); however, in several cases the
methane emissions during the autumn overturn were larger than the emissions during the
spring overturn (Juuntinen et al., 2009). In temperate Mindelsee, which was only
intermittently and partially ice covered in the winter of 2012/2013, only ~140 kg of dissolved
methane was emitted between 9th January and 24th May 2013 (Table 1.1). The amount of
methane emitted during this time, which included ice breakup, corresponds to only ~1% of
the annual emissions, whereas the autumn overturn contributed ~80% of the annual
emissions. The latter can be explained by rapid mixing of the water column during overturn
transporting upward large quantities of methane that were stored in the anoxic hypolimnion
during the stratified period. These large quantities of methane in the anoxic hypolimnion
result from high fluxes of methane in the sediments into the water column under anoxic
conditions. Under oxic conditions, the methane fluxes from the sediments into the water
column are comparatively small, as observed during winter months in Mindelsee and also in
the boreal Lake Paajarvi in southern Finland (López Bellido et al., 2009). The anoxic
conditions in the deep water appear to be a key factor in determining the amount of methane
stored in the water column that can be released during autumn overturns after a period of
stratification or during spring overturns after ice breakup.
Longer periods of stratification are more likely to produce anoxic conditions in the
deep water of lakes and larger quantities of dissolved methane stored in the anoxic
hypolimnia, which are eventually emitted to the atmosphere during overturn periods. Climate
warming is predicted to reduce the duration of ice cover and increase the duration of summer
stratification (Magnuson et al., 2000). The latter is expected to result in the more frequent
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occurrence of hypoxia and an increase in the extent of existing hypoxic zones in the deep
water of temperate lakes (Foley et al., 2012). As a result, the influx of methane from the
sediments and the amount of methane stored in the water column of temperate lakes should
increase with climate warming and result in larger emissions of methane to the atmosphere
during the autumn overturn. In boreal lakes, the reduced duration of ice cover expected with
climate warming may lead not only to an extension of hypoxic periods during summer
stratification but also to shorter time periods with hypoxia under ice cover. Therefore, in a
warmer climate, methane storage in hypoxic waters may increase during the summer but
decrease during the winter, which would result in larger methane emissions during the
autumn overturn and smaller methane emissions after ice breakup during the spring overturn.
Methane is the second-most important greenhouse gas after carbon dioxide (IPCC,
2014), and lakes are considered to be one of the largest natural sources to the global methane
budget (Bastviken et al., 2004; Luyssaert et al., 2012). The contribution of small lakes, in
which the methane flux from storage accounts for most of the annual diffusive flux to the
atmosphere (Bastviken et al., 2004), is particularly large. In temperate lakes, climate warming
and methane efflux from storage during the autumn overturn may therefore be part of a
positive feedback mechanism that enhances climate warming. Because the methane fluxes
from the sediments into the water column depend on the conditions at the sediment-water
interface, the effects of climate warming are expected to be much greater in lakes that
develop an annual anoxic deep water zone than in lakes with an oxic water column
throughout the year. Our results suggest that the assessment of the role of methane emissions
from lakes in the global methane budget and of the potential impact of climate warming on
methane emissions from lakes would benefit from distinguishing between lakes with oxic and
anoxic conditions in the deep water.
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On the methane paradox: Transport from shallow water zones
rather than in situ methanogenesis is the major source of CH4 in
the open surface water of lakes
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Abstract
Estimates of global methane (CH4) emissions from lakes and the contributions of
different pathways are currently under debate. In situ methanogenesis linked to algae growth
was recently suggested to be the major source of CH4 fluxes from aquatic systems. However,
based on our very large data set on CH4 distributions within lakes, we demonstrate here that
methane-enriched water from shallow water zones is the most likely source of the basin-wide
mean CH4 concentrations in the surface water of lakes. Consistently, the mean surface CH4
concentrations are significantly correlated with the ratio between the surface area of the shallow
water zone and the entire lake, fA,s/t, but not with the total surface area. The categorization of
CH4 fluxes according to fA,s/t may therefore improve global estimates of CH4 emissions from
lakes. Furthermore, CH4 concentrations increase substantially with water temperature,
indicating that seasonally resolved data are required to accurately estimate annual CH4
emissions.
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Introduction
Lakes are considered to be major natural sources of methane (CH4), contributing a large
fraction of the global CH4 emissions to the atmosphere (Michmerhuizen and Striegl, 1996;
Luyssaert et al., 2012; Bastviken et al., 2011). However, the quantification of the global CH4
emissions from lakes and the controls and contributions of the different CH4 pathways from
aquatic systems to the atmosphere are currently studied worldwide (Bastviken et al., 2011;
Hofmann, 2013; Grossart et al., 2011; Prairie and del Giorgio, 2013; Bogard et al., 2014; Tang
et al., 2014; Blees et al., 2015; Encinas Fernández et al., 2014).
Global emissions of CH4 are typically estimated by categorizing CH4 emissions per unit
surface area according to lake size and multiplying these areal CH4 emissions by the global
surface area of lakes within the respective size category (Bastviken et al., 2011; Bastviken et
al., 2004; Kirschke et al., 2013). Therefore, global CH4 emissions from lakes depend on the
estimated global surface area of lakes in different size categories (Bastviken et al., 2011; Cole
et al., 2007; Conrad, 2009; Downing et al., 2006; McDonald et al., 2012). Furthermore, the
estimates of areal CH4 emissions are complicated by the large spatial heterogeneity of CH4
emissions (Hofmann, 2013; Blees et al., 2015; Murase et al., 2005) and the multiple pathways
and sources that can contribute to CH4 emissions (Grossart et al., 2011; Prairie and del Giorgio,
2013; Bogard et al., 2014; Bastviken et al., 2004; Karl and Tilbrook, 1994; Walter et al., 2007;
DelSontro et al., 2011; Carmichael et al., 2014; Carini et al., 2014).
CH4 in lakes mainly originates from anaerobic carbon mineralization in anoxic
sediments (Segers, 1998). Most of the CH4 produced in anoxic sediments is oxidized by
methanotrophic bacteria at anoxic-oxic interfaces (Conrad, 2009; Bastviken et al., 2002;
Utsumi et al., 1998a; Utsumi et al., 1998b). Observations from several lakes show that in the
oxic epilimnion, CH4 concentrations are typically oversaturated and higher than in the oxic
hypolimnion (Luyssaert et al., 2012; Bogard et al., 2014; Blees et al., 2015; Schulz et al., 2001).
This phenomenon, called the “methane paradox” (Reeburgh, 2007), has been taken as an
indication of the in situ production of CH4 in oxic waters (Bogard et al., 2014; Schulz et al.,
2001). Anoxic microzones were proposed as sites of in situ CH4 production in generally oxic
waters (Schulz et al., 2001). Methanogenic Archaea attached to photoautotrophs were detected
and identified as possible candidates responsible for causing elevated CH4 concentrations in
the oxic metalimnion (Grossart et al., 2011). Recently, it has been suggested that
methanogenesis in oxic surface waters is closely linked to algal dynamics and driven by
acetoclastic production (Bogard et al., 2014). A positive correlation between CH4 and Chl-a
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concentrations across diverse open-water aquatic ecosystems was presented as support of this
hypothesis (Bogard et al., 2014). The possible metabolic pathways for CH4 production in oxic
waters and field evidence of oxic methane production have recently been reviewed by Tang et
al. (2016). These authors conclude that oxic methane production may be an important source
of CH4 in lakes but the fate of the produced methane and its relevance for the overall methane
emissions from lakes requires additional research. According to Bogard et al. (2014), “oxic
water methanogenesis is a significant component of the overall CH4 budget in a small, shallow
lake” and “this pathway (oxic water methanogenesis) may be the main CH4 source in large,
deep lakes …”
However, elevated CH4 concentrations in oxic surface waters of the pelagic zone do not
necessarily originate from the in situ production of CH4 but could alternatively be explained
by the lateral transport of CH4 from littoral zones (Hofmann, 2013; Bastviken et al., 2004;
Rudd and Hamilton, 1978; Murase et al., 2003). CH4 concentrations in the littoral zone (here,
the shallow water zone) can be expected to be particularly high because the production rate of
CH4 in anoxic pore waters of sediments increases with temperature (Murase et al., 2005;
Bastviken et al., 2008), and temperatures are higher in littoral than profundal sediments.
Furthermore, CH4-rich pore water in littoral sediments is regularly released into the water
column during resuspension events associated with surface waves (Hofmann et al., 2010). In
this study, we utilize one of the world’s largest data sets on CH4 distributions within lakes to
test whether CH4 from shallow water zones (hypothesis A) or the in situ production of CH4 in
oxic surface water, i.e., production within the anoxic microzones and production due to
methanogenic bacteria (hypothesis B), is the more likely explanation for the methane paradox.
If CH4 from the shallow water zone is the major source of the CH4 in the surface water of the
deepwater zone, (a) CH4 concentrations in the shallow water zone must be higher than in the
deepwater zone and (b) the ratio of CH4 from the shallow water zone to CH4 from the deepwater
zone, fCH4,s/d, should increase with increasing surface area of the deepwater zone because CH4
introduced from the shallow water zone is more strongly diluted in a larger deepwater zone. In
contrast, if the dominant source of CH4 in the surface water is in situ production, one does not
necessarily expect significant differences between CH4 in shallow water and deepwater zones,
and an increase in the ratio fCH4,s/d with increasing surface area of the deepwater zone cannot
be easily explained. If the in situ production of CH4 is linked to Chl-a (Bogard et al., 2014),
CH4 concentrations in individual lakes should vary with seasonal changes in Chl-a, whereas
the trophic state of a lake, i.e., the annual mean biomass, may influence both the oxic in situ
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production of CH4 and the CH4 concentrations in the shallow littoral zone via production in the
sediments.

Methods
Study sites
Sampling was conducted in nine basins in seven lakes (Königseggsee, Rohrsee,
Illmensee, Mindelsee, Lower Lake Constance (LLC), Lake Ammer, and Upper Lake Constance
(ULC)) located in southwest Germany (Table 2.1). The total surface areas of the studied basins
range from 0.16 to 64.69 km2, and shallow areas with water depths of less than 6mrepresent
between 9% and 100% to the total surface area of the different basins.

Table 2.1. Morphometric properties of the investigated lakes and lake basins.
Lake

Total area
At (km2)

Shallow area
As (km2)

Deep area
Ad (km2)

Ratio of areas

fA,s/t (%)

Maximum depth
Dmax (m)

Königseggsee

0.16

0.06

0.10

36

9.6

Rohrsee

0.55

0.55

0

100

2

Illmensee

0.64

0.16

0.49

24

16.5

Mindelsee

1.05

0.29

0.76

28

13.5

13.44

6.18

7.26

46

21.34

16.92

6.13

10.79

36

23.6

31.46

12.56

18.9

40

42.64

Lake Ammer

45.99

6.91

39.08

15

81

Upper Lake Constance

64.69

6.00

58.68

9

175

Lower Lake Constance
Northern basin
Lower Lake Constance
Central basin
Lower Lake Constance
Southern basin

Field measurements
Between April 2011 and June 2014, the horizontal distributions of CH4 concentrations
in the surface water (1m water depth) were measured in each of the basins, in some cases
multiple times. Details of the sampling stations and water sample analysis are provided in Table
A2.1 and Figures A2.4-A2.12 in the Appendix 2. In three lakes (Königseggsee: March 2013 to
October 2014, Illmensee: March 2013 to October 2014, and Mindelsee: May 2012 to October
2013), the vertical profiles of CH4 concentration were measured with a 1m vertical resolution
at least once a month at the deepest station of the lake (Table A2.2 in the Appendix 2; Figures
A2.4, A2.6, and A2.7 in the Appendix 2).
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All water samples for CH4 analysis were collected with a 2 L sampler (Limnos,
Rossinkatu 2 E17, Turku, Finland) and then transferred into 122 mL serum bottles (Hofmann
et al., 2010). The vertical profiles of Chl-a were measured with a multispectral Fluoroprobe
(Moldenke FluoroProbe, MFP). Additionally, vertical profiles of depth and temperature were
measured with a multiparameter probe (CTD probe, RBR Ltd., Ottawa, Canada) at a sampling
frequency of 6 Hz.
Laboratory measurements
The CH4 concentrations of the water samples were analyzed using the headspace
method (Hofmann et al., 2010) and a gas chromatograph with a flame ionization detector
(GC 6000, Carlo Erba Instruments). The GC was calibrated every five water samples using gas
standards of 10, 50, and 100 ppm (Air Liquide). On average, the concentration measurements
of replicate samples varied by <5%.
Numerical analysis and statistics
In our analysis, we separated each basin into a shallow water zone (water depth <6m)
and a deepwater zone (water depth ≥6 m). The ratio between the surface area of the shallow
water zone (As) and the total surface area of the lake, At, is the aspect ratio defined as
fA,s/t = As/At. The surface water CH4 concentrations in the shallow water zone, CH4,s, deepwater
zone, CH4,d, and entire lake, CH4,t, were determined for each individual horizontal survey by
averaging all of the measurements available for the respective zone. Furthermore, an additional
estimator of the basin-wide mean CH4 concentration, CH4,w, was determined using a surfacearea

weighted

average

of

CH4

from

shallow

water

and

deepwater

zones:

CH4,w = (As · CH4,s + Ad CH4,d) / At, where Ad is the surface area of the deepwater zone. The
variance of all the CH4 concentrations measured during an individual horizontal survey, VCH4,
is taken as a measure of the horizontal heterogeneity of CH4.
Linear regression and t tests were used to investigate the relationship between
morphometric properties and CH4,t as well as the ratio fCH4,s/d = CH4,s / CH4,d measured during
different campaigns and in different basins.
Multiple linear models (MLMs) were applied to assess the relationships between the
basin-wide mean surface CH4 concentration, CH4,t, as a dependent variable and the total surface
area of the lake, At, the aspect ratio, fA,s/t, and the water temperature at a water depth of 1m, T,
as independent variables. Additionally, MLMs were used to investigate the relationship
between

the

seasonal

development

of

CH4

concentrations,

temperature,

and

Chl-a concentrations within the lakes using time series of averaged data from the first 6m of
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the water column as measured at the deepest station in Königseggsee, Illmensee, and
Mindelsee. In the latter analysis, we only considered data from the stratified period from May
to October and thereby deliberately excluded time periods of fall overturn. In all applications
using MLM, the data on CH4 and Chl-a concentrations were logarithmized prior to analysis.
The statistical analyses were performed using MATLAB.

Results
Properties of methane concentration distributions as measured in different basins
In all the basins, surface CH4 concentrations were horizontally heterogeneous and
sensitive to the 1m deep surface water temperature (Figure 2.1; Table A2.1 in the Appendix 2).
The median values and the range of CH4 concentrations in the horizontal distributions differ
substantially between lake basins and for different surface water temperatures
(Figure 2.1).

Figure 2.1. Properties of the horizontal distributions of CH 4 concentrations in different basins and seasons. Box
plots of the CH4 concentrations (μM) measured at 1m water depth in (a) Königseggsee, (b) Rohrsee,
(c) Illmensee, (d) Mindelsee, (e) Lower Lake Constance (northern basin), (f) Lower Lake Constance (central
basin), (g) Lower Lake Constance (southern basin), (h) Lake Ammer, and (i) Upper Lake Constance. Multiple
surveys conducted in a single basin are sorted according to the average surface water temperature (°C). The box
plots indicate the median value and the 5% and 95% percentiles of the CH 4 concentrations measured during the
survey. The outliers are indicated by grey dots. For more detailed information on the sampling dates and the
sampling stations in each lake, see Table A2.1 in the Appendix 2; Figures A2.4-A2.12 in the Appendix 2.
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In the comparatively small lakes, Königseggsee, Illmensee, and Mindelsee, the CH4
concentrations ranged between ~0.06 and ~3.9 μM (Figures 2.1a, 2.1b, and 2.1d). In the
similarly sized but very shallow Rohrsee, the CH4 concentrations exhibited the greatest
variability (~0.4 and ~20 μM; Figure 2.1c) and the highest maximum lake-wide median
concentration (~8.7 μM). In the three basins of LLC and in Lake Ammer, which have larger
surface areas than that of Rohrsee, the CH4 concentrations were lower than those in Rohrsee
and ranged between 0.5 and 16 μM (Figures 2.1e-2.1h). The lowest CH4 concentrations
(median 0.14 μM) and the lowest horizontal heterogeneity in the CH4 concentrations
(VCH4<0.05 μM2) of all basins were measured in ULC (Figure 2.1i), the largest and deepest
basin with the smallest fA,s/t. In the basins in which several surveys were conducted at different
temperatures, the greatest variability and the highest median CH4 concentrations were observed
during the summer season, when temperatures were high (Figures 2.1a, 2.1c, 2.1e, and 2.1f).
An exception is the horizontal heterogeneity in the CH4 concentrations in Illmensee, which
peaked in late fall (VCH4~0.48 μM2) during overturn (Figure 2.1b).
CH4 concentrations in the shallow water- and deepwater zones of the different basins
The CH4 distributions of the individual surveys in all the basins, as shown in Figure
2.1, were analyzed further by distinguishing between measurements in shallow water and
deepwater zones and averaging the respective CH4 concentrations to obtain CH4,s, CH4,d, CH4,t,
and CH4,w. The two different estimates of the mean basinwide methane concentrations, CH4,t
and CH4,w, are highly correlated (p value <0.001, R2 = 99.96%) and have essentially the same
values (the coefficients of the regression line are a = –0.009 μM and b = 0.999; Figure 2.2a;
Table 2.2a). Therefore, statistical analyses involving mean basin-wide CH4 concentrations
provide the same results regardless of whether they use CH4,t or CH4,w. The excellent agreement
between CH4,t and CH4,w indicates that the sampling stations associated with the different
surveys of the different basins provide representative coverage, with the number of samples
from shallow water and deepwater zones being proportional to their respective surface areas.
Across diverse lake morphologies and seasons (as indicated by water temperature), the
horizontal heterogeneity in the CH4 concentration increases with the lake-wide average CH4
concentration; i.e., log(VCH4) and log(CH4,t) are positively correlated (p value <0.001,
R2 = 80%). According to the regression model, VCH4 increases slightly more rapidly than
quadratic with CH4,t (Figure 2.2b; Table 2.2b). Thus, the standard deviation of the CH4
concentrations measured during individual surveys, √VCH4 , is approximately proportional to
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CH4,t, which supports the suitability of using the logarithm of CH4,t in correlation analyses and
MLM.

Figure 2.2. Relationship between the basin-wide mean CH4 concentration and two different variables. (a) Basinwide areal weighted average CH4 concentration, CH4,w, versus basin-wide mean CH4 concentration, CH4,t. The
line represents the linear model considering the CH4,w as a dependent variable and the CH4,t as an independent
variable (Table 2.2a). (b) Basin-wide variance of surface concentrations, VCH4, versus the basin-wide mean CH4
concentration, CH4,t. The line represents the results from the application of a linear model with VCH4 and CH4,t as
independent variables (Table 2.2b).

In all the basins, the ratio fCH4,s/d is on average larger than 1, suggesting that the mean
CH4 concentration in the shallow water zone is typically larger than the mean CH4
concentration in the deepwater zone. The values of fCH4,s/d in the different surveys in each
basin range from (in brackets are mean values) 0.72 to 1.14 (1.03), 0.78 to 2.08 (1.17), and
1.35 in Königseggsee, Illmensee, and Mindelsee, respectively. Larger values of fCH4,s/d were
observed in the northern, central, and southern basins of LLC and in Lake Ammer: 0.87-1.41
(1.16), 0.97-1.45 (1.23), 2.02-2.08 (2.05), and 1.38, respectively. The deepest and largest
basin, ULC, has the largest value of fCH4,s/d = 3.18 of all the lakes. According to a t test, the
mean fCH4,s/d for the different basins is significantly larger than 1 (p value <0.05).
Furthermore, the mean fCH4,s/d value significantly increased with the surface area of the
deepwater zone (p value <0.05, R2 = 68%). Rohrsee was not included in this analysis because
it does not have a deepwater zone. If Ad becomes very small, i.e., Ad→0, fCH4,s/d is expected to
approach 1 because transport and mixing will readily remove differences in CH4
concentrations between the deepwater zone and the adjacent shallow water zone. Considering
the mean fCH4,s/d value from all basins except Rohrsee and forcing the linear regression through
fCH4,s/d = 1 at Ad = 0 (Table 2.2c) reveals a significant positive relationship between fCH4,s/d and
Ad (p value <0.005, R2 = 71%).
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Table 2.2. Assessment of the relationship between CH4 concentrations and lake morphology, temperature, and
Chl-a concentrations.
Linear Models

(a) CH4,w = a+b·CH4,t
(b) VCH4 = a+b·CH4,t
(c) fCH4,s/d = a+b·Ad

a
(µM)
-0.009
-1.80
1

b

p-value

0.999
2.22
3.03*10-8

<0.001
<0.001
<0.01

R2
(%)
100
80.9
71.0

NRMSE
(%)
0.5
11.99
19.21

R2
(%)
0.01
17.4
38.1
63.7

NRMSE
(%)
26.26
24.37
20.77
16.16

R2

NRMSE

(%)
76.1
83.7
29.4

(%)
18.15
13.38
21.62

MLM considering CH4,t, At, fA,s/t and T
a
(d1) ln(CH4,t) = a + b·At
(d2) ln(CH4,t) = a + b·At + c·T
(e1) ln(CH4,t) = a + b·fA,s/t
(e2) ln(CH4,t) = a + b·fA,s/t + c·T

0.17
-0.94
-0.99
-2.61

b
(m-2)
-7.47*10-9
-1.49*10-8
2.27
2.66

c
(°C-1)
0.08
0.1

MLM applied to seasonal data of CH4,0-6m, Chl-a,0-6m and T0-6m
(f) ln(CH4,0-6m) = a + b·ln(Chl-a,0-6m ) + c·T0-6m
a
b
c

Königseggsee
Illmensee
Mindelsee

-1
-3.14
-2.9

(-)
-0.6
0.7
-0.05

(°C-1)
0.13
0.09
0.13

p-value
for At or fA,s/t
0.57
0.24
<0.01
<0.01

p-value
for T

p-value

p-value
for T0-

for Chl-a,0-6m
0.05
0.04
0.91

0.02
<0.01

6m

<0.01
<0.01
0.05

Relationship between CH4, morphometry, Chl-a and water temperature
The relationship between the surface water CH4 concentrations and lake morphometry
was assessed using MLM that consider the basin-wide mean CH4 concentrations at a 1m water
depth (CH4,t), the morphometric parameters At and fA,s/t, and the basin-wide mean water
temperature at 1m water depth (T). The application of MLM reveals that ln(CH4,t) is not
correlated with the total surface area At (p value >0.5) and that At could only explain less than
1% of the variance in ln(CH4,t) (Table 2.2d1; Figure 2.3a). Including T as an additional
independent variable in the model (Table 2.2d2; Figure 2.3b) increases the explained variance
to ~17%. However, this increase in explained variance results from a significant correlation
between ln(CH4,t) and T (p value <0.02), whereas ln(CH4,t) and At remain uncorrelated
(p value >0.2; Table 2.2d2; Figure 2.3b).
In contrast to the morphometric parameter At, the ratio fA,s/t is significantly correlated
with ln(CH4,t) (p value <0.01), explaining 38% of the variance in ln(CH4,t) (Table 2.2e1;
Figure 2.3c). The MLM considering fA,s/t and T as independent variables (Table 2.2e2; Figure
2.3d) even explains 64% of the variance in ln(CH4,t) and indicates a significant correlation
between ln(CH4,t) and both of the independent variables fA,s/t and T (p value <0.01 in both
cases; Table 2.2e2; Figure 2.3d). The coefficient c describing the dependence of ln(CH4,t) on
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T is positive (c = 0.1°C–1; Table 2.2e2), suggesting that the average basin-wide surface CH4
concentrations increase exponentially with the surface water temperature.

Figure 2.3. Comparison of measured basin-wide mean CH4 concentrations with results from MLM using
morphometric parameters and temperature as independent variables. The different plots depict the results from
MLM considering the logarithm of CH4,t (μM) from the different basins as a dependent variable and (a) At, (b) At
and T, (c) fA,s/t, and (d) fA,s/t and T as independent variables. The coefficients and the performance of the different
MLM are provided in Tables 2.2d and 2.2e.

The relationship between CH4 and Chl-a concentrations was investigated with MLM
separately considering individual lakes, i.e., Königseggsee, Illmensee, and Mindelsee, and
using seasonally resolved and vertically averaged (mean of the top 6 m) data on CH4
concentrations, CH4,0–6m, Chl-a concentrations, Chl-a,0–6m, and water temperatures, T0–6m.
According to the MLM applied to the data from Königseggsee, ln(CH4,0–6m) is
significantly correlated with ln(Chl-a,0–6m) and with T0–6m (p value ~0.05 and p value <0.01,
respectively; Table 2.2f; Figure 2.4a). The MLM explains ~76% of the variance of
ln(CH4,0–6m) (Table 2.2f). Coefficient b describing the slope of the relationship between
ln(CH4,0–6m) and ln(Chl-a,0–6m) is negative (b = –0.60; Table 2.2f), suggesting that the CH4
concentrations increase with T0–6m but decrease with increasing Chl-a concentrations.
In the case of the data from Illmensee, the MLM also indicate that ln(CH4,0–6m) is
significantly correlated with ln(Chl-a,0–6m) and with T0–6m (p value = 0.04 and p value <0.01,
respectively; Table 2.2f; Figure 2.4b). The MLM explains ~84% of the variance in
ln(CH4,0–6m) (Table 2.2f). However, coefficient b is positive in Illmensee (b = 0.69; Table 2.2f),
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suggesting that the CH4 concentrations increase with increasing Chl-a concentrations, which
is the opposite of the results for Königseggsee.
In Mindelsee, ln(CH4,0–6m) is not significantly correlated with ln(Chl-a,0–6m)
(p value >0.9; Table 2.2f; Figure 2.4c) but is with T (p value ~0.05; Table 2.2f). Temperature
explains ~30% of the variance in the ln(CH4,0–6m) time series (Table 2.2f).

Figure 2.4. Illustration of the relationship between CH4,0–6m and Chl-a,0–6m. This figure compares CH4
concentrations normalized for temperature effects (CH4,0-6m e-cT0-6m) with Chl-a,0–6m concentrations measured in 2
years during the stratified period (March to October) in (a) Königseggsee, (b) Illmensee, and (c) Mindelsee.
Normalized CH4 concentrations were calculated from measured CH4,0–6m concentrations (blue circles) and from
CH4 concentrations estimated (red circles) from the results of a MLM considering the logarithm of measured
CH4,0–6m as a dependent variable and the logarithm of Chl-a,0–6m and T0–6m as independent variables (Table 2.2f).
The temperature normalization was based on the relationship between ln(CH4,0–6m) and T0–6m obtained from this
MLM (coefficient c; Table 2.2f).

Hence, the MLMs provide three opposing results with respect to the relationship
between CH4 and Chl-a concentrations: a significant negative correlation in Königseggsee, a
significant positive correlation in Illmensee, and no correlation in Mindelsee. With respect to
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the relationship between ln(CH4,0–6m) and T0–6m, the MLMs provide consistent results for the
three lakes: the coefficient c describing the slope of the relationship between ln(CH4,0–6m) and
T0–6m is positive in all the three lakes (c = 0.13°C–1, c = 0.09°C–1, and c = 0.13°C–1,
respectively), indicating that the CH4 concentrations increase exponentially with water
temperature.

Discussion
The CH4 concentration distributions as measured in the surface water of all basins are
spatially heterogeneous (Figure 2.1), supporting the findings of earlier studies (Hofmann, 2013;
Blees et al., 2015; Murase et al., 2005) that demonstrated that individual measurements from
lakes may result in misleading estimates of mean basin-wide CH4 concentrations and emissions
(Hofmann, 2013). The heterogeneity of the CH4 concentrations in the horizontal distributions
increases with increasing CH4,t (Figure 2.2b). Therefore, spatially resolved measurements are
required to reduce uncertainties in the estimate of the mean basin-wide CH4 concentration,
especially in lakes with high CH4 concentrations.
The spatial distributions of CH4 confirm that in all the basins, the average surface CH4
concentrations are higher in the shallow water zone than in the deepwater zone (Table A2.1 in
the Appendix 2). Thus, a fundamental requirement of hypothesis A, i.e., that CH4 from shallow
water zones is a major source of the CH4 concentrations in the surface water of the deepwater
zone, is fulfilled. The comparatively high CH4 concentrations in the shallow water zones can
be explained by the frequent release of CH4-rich pore water during resuspension events (Figure
A2.2 in the Appendix 2) associated with hydrodynamic forcing in shallow waters (Hofmann et
al., 2010) and by high anaerobic CH4 production in the sediments due to the comparatively
high temperatures at shallow water depths (Murase et al., 2005; Bastviken et al., 2008;
Thebrath et al., 1993). Moreover, since temperature dependence of CH4 production is larger
than the one from CH4 oxidation (Dunfield et al., 1993), the input of CH4 from the shallow
anoxic sediments and thus from the shallow water zone would be even more pronounced with
increasing temperature.
According to hypothesis A, CH4-rich water is transported from the shallow water zone
to the deepwater zone and diluted within the deepwater zone. Because vertical mixing across
the thermocline is greatly reduced under stratified conditions (Figures A2.1 and A2.2a in the
Appendix 2), the lateral transport of CH4-rich water from shallow water to deepwater zones
should lead to elevated near-surface CH4 concentrations in the deepwater zone, thus explaining
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the methane paradox. The dilution of CH4 in the deepwater zone increases with increasing
horizontal extent of the deepwater zone. Therefore, the ratio between the CH4 concentrations
in the shallow water and deepwater zones should increase with the surface area of the
deepwater zone. This implication of hypothesis A is supported by the significant positive
correlation between fCH4,s/d and Ad (Table 2.2c).
According to hypothesis B, the dominant source of CH4 in surface waters of lakes is the
in situ production of CH4 within the oxic water column. In situ production in the deepwater
zone could explain the methane paradox if the in situ production of CH4 is larger near the lake
surface than in deeper layers. However, the observation of significant differences between
CH4,s and CH4,d cannot be easily explained if hypothesis B is true because near the water
surface, the distribution of both, the anoxic microzones and the methanogenic Archaea, is
expected to be similar in the shallow water and deepwater zones. Even more difficult to explain
is why the ratio fCH4,s/d increases with Ad if the CH4 production in the water column is
responsible for the CH4 concentrations in the surface water of the deepwater zone.
To support the link between oxic water column methanogenesis and algal dynamics,
Bogard et al. (2014) presented a positive correlation between the logarithms of CH4 and Chl-a
concentrations. However, the correlation analysis was based on a data set combining
measurements from open oceans, several freshwater lakes, and mesocosm experiments.
Considering only their data for freshwater lakes, the logarithms of CH4 and Chl-a
concentrations are not correlated (p value >0.01; R2 = 10% using all the data for freshwater
lakes from Bogard et al. (2014)). The data therefore do not provide evidence for the link
between oxic in situ production of CH4 and algal dynamics in lakes. Furthermore, a correlation
between CH4 and Chl-a concentrations is not conclusive to support such a link because
sediment-borne CH4 may also be correlated with Chl-a concentrations, as organic material is
the source of anaerobic CH4 production in the sediments. However, in contrast to CH4
production in sediments, methanogenesis in oxic waters linked to algal dynamics should
depend not only on the annual mean concentrations of Chl-a but also on the seasonal changes
in Chl-a, e.g., increases during spring bloom development and decreases thereafter during the
clear water phase. However, our seasonally resolved data from three lakes do not show a
consistent relationship between CH4 and Chl-a concentrations (Figure 2.4; Table 2.2f).
The above discussion indicates that our data are consistent with hypothesis A but are
comparatively difficult to explain with hypothesis B and do not provide evidence for in situ
CH4 production in oxic waters linked to algal dynamics in lakes. Hypothesis A assumes that
the shallow water zone is a major source of CH4 in lakes and consequently implies that basin-
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wide mean surface CH4 concentrations do not necessarily depend on the surface area of the
lake but rather on the relative contribution of the surface area of the shallow water zone to the
surface area of the entire lake. This implication of hypothesis A is confirmed by our results
from MLM. The MLMs indicate that the logarithm of CH4,t is not correlated with At but with
the aspect ratio fA,s/t, thus further indicating that the shallow water zones contribute a major
fraction of the overall CH4 concentrations in lakes.
The flux of CH4 to the atmosphere depends on the gas exchange velocity k, the
atmospheric equilibrium concentration of CH4 at the surface water’s temperature and salinity,
CH4,equ, and the surface water concentration of CH4. Distinguishing between shallow water and
deepwater zones suggests that the average CH4 flux is given by FCH4 = (ks As · (CH4,s – CH4,equ)
+ ks Ad · (CH4,d – CH4,equ)) / At, where ks and kd are the gas exchange velocities in the shallow
water and deepwater zones, respectively. Assuming that ks and kd are approximately the same
and using CH4,w ≈ CH4,t (Table 2.2a), FCH4 = ks· (CH4,t – CH4,equ). Thus, the conclusion that
fA,s/t rather than At is a better predictor of CH4,t also applies to the average basin-wide diffusive
flux of CH4 into the atmosphere. Note that not only CH4 concentrations but also ebullition
fluxes are elevated in the shallow water zone (Bastviken et al., 2004). In shallow sediments,
the oversaturation required for the development of gas bubbles is less than in deep sediments
because of the differences in hydrostatic pressure. Furthermore, the high temperatures in
shallow water zones support a higher production of CH4. Thus, ebullition may also be related
to fA,s/t, and the estimates of lake-wide CH4 fluxes due to diffusion and ebullition may benefit
from a categorization according to the aspect ratio fA,s/t rather than using At, as is commonly
done in estimations of global emissions from lakes (Bastviken et al., 2004; Bastviken et al.,
2011).
Our data indicate a significant correlation between CH4 concentrations and water
temperature, consistent with Marotta et al. (2014) and Yvon-Durocher et al. (2014). Neglecting
temperature compilations in CH4 data sets and their statistical analysis (e.g., Bogard et al.,
2014) may lead to unreliable conclusions. The application of MLM to the surface data from
several basins and to the seasonal data from individual lakes suggests that CH4 concentrations
increase exponentially with T at a rate of 0.09-0.13°C–1. This increase implies that an increase
of T from 4 to 20°C would change the CH4 concentrations by a factor of 4 to 8. Undersampling
in the cold winter season and averaging the available data on CH4 emissions may therefore lead
to an overestimation of the annual mean CH4 emission.
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Conclusion
In summary, the correlation analysis of CH4 and Chl-a does not provide evidence for
methanogenesis in oxic water columns linked to algal production in lakes, indicating that this
process is not as important for lacustrine CH4 emissions as recently suggested (Bogard et al.,
2014). CH4 from shallow water zones in lakes is an important source of CH4 concentrations in
the surface water of deepwater zones (Hofmann, 2013; Bastviken et al., 2004; Murase et al.,
2005). Consistent with this finding, the ratio of the surface area of shallow water zones to the
overall surface area is a better predictor of basin-wide CH4 concentrations than the total surface
area itself. CH4 concentrations increase exponentially with water temperature, which implies
that compilations of CH4 data in large data sets and their statistical analysis must consider water
temperature in order to provide meaningful results.
Our data indicate that global estimates of CH4 emissions from lakes require seasonally
and spatially resolved CH4 data and that methanogenesis in oxic water columns is not linked
to algal growth. Furthermore, the CH4 generated in shallow water zones is a major source of
basin-wide diffusive CH4 emissions from lakes. Statistical analyses of our data consistently
suggest that a categorization of CH4 fluxes according to the ratio between the surface area of
the shallow water zone and the total surface area may help to improve global estimates of CH4
emissions from lakes.
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Abstract
Lake metabolism is a key factor for the understanding of turnover of energy and of
organic and inorganic matter in lake ecosystems. Long-term time series on metabolic rates
are commonly estimated from diel changes in dissolved oxygen. Here we present long-term
data on metabolic rates based on diel changes in total dissolved inorganic carbon (DIC)
utilizing an open-water diel CO2-technique. Metabolic rates estimated with this technique and
the traditional diel O2-technique agree well in alkaline Lake Illmensee (pH of ~8.5), although
the diel changes in molar CO2 concentrations are much smaller than those of the molar O2
concentrations. The open-water diel CO2- and diel O2-techniques provide independent
measures of lake metabolic rates that differ in their sensitivity to transport processes. Hence,
the combination of both techniques can help to constrain uncertainties arising from
assumptions on vertical fluxes due to gas exchange and turbulent diffusion. This is
particularly important for estimates of lake respiration rates because these are much more
sensitive to assumptions on gradients in vertical fluxes of O2 or DIC than estimates of lake
gross primary production. Our data suggest that it can be advantageous to estimate respiration
rates assuming negligible gradients in vertical fluxes rather than including gas exchange with
the atmosphere but neglecting vertical mixing in the water column. During two months in
summer the average lake net production was close to zero suggesting at most slightly
autotrophic conditions. However, the lake emitted O2 and CO2 during the entire time period
suggesting that O2 and CO2 emissions from lakes can be decoupled from the metabolism in
the near surface layer.
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Introduction
The balance of the metabolic rates net production, NEP, gross primary production,
GPP, and respiration rate, R, is given by:
NEP = GPP − R

(3.1)

Thereby, R is defined to assume positive values characterizing respiration. Metabolic
rates have not only been defined for individual organisms but also for entire ecosystems or
parts of them (e.g., Odum, 1956; Hanson et al., 2003; Staehr et al., 2012a; Hoellein et al.,
2013; Obrador et al., 2014).
Lake metabolism describes the turnover of biomass and energy in lake ecosystems.
Primary production utilizing light energy to generate chemical energy and converting
inorganic carbon into biomass is the basis for the energy flux in food webs and hence is
crucial for the understanding of food web dynamics. Respiration, which is associated with
oxygen consumption and release of inorganic carbon from the organic carbon pool, may lead
to anoxic conditions in the deep-water of lakes and may cause oversaturation of CO2
(e.g., Ducharme-Riel et al., 2015; Löpez Bellido et al., 2013). The sign of ecosystem net
production indicates whether a Lake is a net sink or net source of atmospheric CO2. Hence
estimates of ecosystem metabolism contribute to the understanding of habitat conditions and
food-web dynamics within lake ecosystems as well as of the mass and energy balance of the
entire ecosystem. The metabolism of lake ecosystems and of reservoirs is an important factor
affecting the carbon flux from terrestrial systems to the ocean and CO2 emissions to the
atmosphere (Cole et al., 2007; Tranvik et al., 2009). Estimates of short- and long-term
changes in metabolic rates may improve the understanding on how short-term disturbances
and long-term environmental change, e.g., climate warming or changes in nutrient loads, may
affect the energy and carbon budget of lakes, the fate of terrestrial carbon, and the CO2
emission from lakes.
Several techniques have been proposed to measure metabolic rates in aquatic systems
(e.g., Robinson and Williams, 2005) and we focus here on open-water techniques utilizing
diel changes in dissolved oxygen or carbon (Odum, 1956; Odum, 1957; Schindler and Fee,
1973; Staehr et al., 2012b). With the development of oxygen optodes providing reliable longterm data sets on dissolved oxygen at a high temporal resolution (e.g., Tengberg et al., 2006),
the diel O2-technique (Odum, 1956) has become widely used to estimate ecosystem
metabolism in numerous aquatic systems (e.g., Reichert et al., 2009) and references in
Hoellein et al., 2013; Staehr et al., 2012b; Staehr et al., 2010).
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However, the diel O2-technique only provides an indirect measure of the metabolic
transformations of carbon and the consumption or release of CO2. The recent development of
CO2 optodes (Atamanchuk et al., 2014) opens up the opportunity to utilize long-term data on
dissolved CO2 concentrations to estimate metabolic rates based on diel changes in dissolved
inorganic carbon (Atamanchuk et al., 2015). Estimates of metabolic rates in lakes utilizing
the diel cycle of dissolved inorganic carbon are available for typically only a few days and
have been based on diel changes in the concentration of total dissolved inorganic carbon
(DIC) measured chemically from collected water samples (e.g., Odum, 1957; Schindler and
Fee, 1973) or on diel changes in CO2 concentrations neglecting the other components of the
carbon balance (Hanson et al., 2003). The open-water diel CO2-technique discussed here
enables the estimation of metabolic rates from the diel cycle of DIC concentrations over long
time periods at comparatively little field effort. The technique utilizes the combination of a
few alkalinity measurements with long-term CO2 data measured at sub-hourly resolution to
estimate diel changes in DIC concentrations. Such an approach has recently been employed
in mesocosm experiments (Verspagen et al., 2014) and is adopted here to provide continuous
data on carbon based metabolic rates in the surface water of an alkaline lake over several
weeks.
Diel CO2- and diel O2-technique provide independent estimates of lake metabolic
rates. However, we hypothesize that the CO2-technique is less sensitive to effects by gas
exchange than the diel O2-technique because the molar atmospheric equilibrium
concentration of CO2 is much smaller than that of O2 and the carbonate balance channels
parts of the changes in CO2 to carbonate and bi-carbonate.
In the following, we first present the main concepts behind the diel O2- and the diel
CO2- technique and then provide details on the measuring site, instrumentation and
deployment of the instruments. After an overview of field data and estimates of metabolic
rates covering several weeks at sub-daily resolution, the results are discussed in detail
focusing on the comparison of metabolic rates estimated with the diel O2- and the diel
CO2-technique and on the influence of transport processes on these estimates. Supporting
information used in this study includes additional data (Appendix 3 sections 1-3), model
sensitivity analyses (Appendix 3 sections 4-7), detailed equations (Appendix 3 section 8), and
empirical relations (Appendix 3 section 9).
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Methods
Theory
The diel O2-technique. The diel O2-technique determines net production from the
change in the concentration of dissolved oxygen, CO2, with time, t. Assuming that transport
and all sources and sinks of dissolved oxygen other than production and respiration can be
neglected:
dCO2
= NEPO (t) = GPPO (t) − RO (t)
dt

(3.2)

The metabolic rates based on the diel O2-technique are denoted by subscript O. The
effects of transport processes on CO2, e.g., the flux across the air-water interface and vertical
mixing, will be discussed later (see Equation 3.13).
The standard procedure to calculate gross primary production, GPPO, from diel
changes in dissolved oxygen assumes that the respiration rate, RO, is constant during a day
(Staehr et al., 2012a; Cole et al., 2000; Coloso et al., 2011) and that GPPO is zero at night.
The night-time respiration rate, RO,night, is commonly estimated from the mean NEPO during
night (e.g., Staehr et al., 2012a):
RO,night = −

1
∆tnight

1
∆tnight

te,night

∙ ∫ NEPO (t′ ) ∙ dt ′
ts,night

te,night

= ∫ dt′ = te,night − ts,night

(3.3)

ts,night

RO (t) = RO,night
GPPO (t) = NEPO (t) + RO,night
Night-time (darkness) and daylight time periods are distinguished on the bases of the
timing of dusk, tdusk, and the timing of dawn, tdawn. In the calculations of RO.night the night-time
period is commonly defined as the time period between ts,night = tdusk + Δt and
te,night = tdawn − Δt and Δt is here chosen to be one hour to ensure darkness. A day extends
from dusk to dusk and the respiration rate RO,night determined for the night starting after the
first dusk of this day applies to the entire day until the next dusk.
At night NEPO and RO,night must have opposite sign (Equation 3.2). Note that the sign
convention in Staehr et al. (2010 and 2012b) seems to be inconsistent. Note further, that
estimates of RO,night based on the mean NEPO at night utilize the difference between only two
O2 concentrations in the dissolved oxygen balance, i.e. CO2(ts,night) and CO2(te,night):
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RO,night = −

=−

te,night

1
∆tnight
1
∆tnight

∙ ∫ NEPO

(t′ )

′

∙ dt = −

ts,night

1
∆tnight

te,night

dCO2 (t′ )
∫
∙ dt′
dt′

ts,night

(3.4)

(CO2 (te,night ) − CO2 (ts,night ))

The estimate of RO,night based on the mean NEPO during night may therefore be
sensitive to the choice of ts,night and te,night and the errors in the oxygen measurements at these
specific times. As an alternative, the estimate of RO,night can be based on all dissolved O2
measurements during night by using the slope of a linear fit:
CO2 (t) = aO − RO,nightfit ∙ t

and

ts,night <= t <= te,night

(3.5)

If the original data are collected at a high temporal resolution the derivatives of CO2
are very sensitive to measurement errors and the metabolic rates obtained from such data are
rather noisy. Therefore, we smooth the time series of metabolic rates using a simple box-car
filter with an averaging period of 6 hours.
The diel CO2-technique. Metabolic rates based on the diel CO2-technique are
denoted by subscript C. The diel CO2-technique assumes that biomass production is reflected
in a loss of carbon from the inorganic carbon pool whereas respiration is associated with an
increase in inorganic carbon. Hence, carbon production, GPPC, can be determined from the
rate of decrease in the concentration of total dissolved inorganic carbon, CDIC, and the carbon
respiration rate RC. The latter can be estimated from the rate of increase in CDIC at night
(Odum, 1957; Schindler and Fee, 1973). Making the same assumptions as in the diel
O2-technique (GPPC(tnight) = 0; RC = RC,night) the metabolic rates based on the balance of
inorganic carbon can be determined from:
−

dCDIC
= NEPC (t) = GPPC (t) − RC (t)
dt

Rc,night =

1
∆tnight

te,night

∙ ∫ NEPc (t′ ) ∙ dt′

(3.6)

ts,night

RO (t) = RC,night
GPPC (t) = NEPC (t) + RC,night
As in the diel O2-technique night-time respiration rate, RC,night, can be determined
from the mean NEPC at night or from linear regression:
RC,night =

1
∆tnight

(CDIC (te,night ) − CDIC (ts,night ))

(3.7)
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CDIC (t) = aC − RC,nightfit ∙ t

and

ts,night <= t <= te,night

(3.8)

These equations for the assessment of metabolic rates from diel changes in CDIC are
essentially the same as for the diel O2-technique, but the net production is based on the rate of
change of DIC rather than that of O2, and the relations between the rate of concentration
change and the metabolic rates have opposite sign compared to the diel O2-technique.
The calculation of the metabolic rates with the diel CO2-technique requires data on
CDIC at sub-daily resolution. Because CDIC can be estimated from concentrations of CO2 if pH
is known (see further below), CO2 measurements with high temporal resolution available
from CO2-optodes can be utilized to estimate metabolic rates. This is the basis of the diel
CO2- technique.
Estimation of time series of CDIC from CCO2 data. CO2-sensors typically provide the
partial pressure of CO2, i.e. pCO2. The sum of the concentrations of dissolved CO2(aq) and
undissociated hydrated CO2(H2CO3(aq)) in the sampled water, CCO2 in this study, can be
determined from pCO2 using Henry's Law. The Henry coefficient, H, depends on the water
temperature T and salinity S and was calculated from the empirical relations of Weiss (1974).
The calculation of CDIC from CCO2 is straight forward if the pH of the water is known (Stumm
and Morgan, 1996):
CCO2 = H(T,S) ∙ pCO2
CDIC = CCO2 ⁄αO (pH,T,S)

(3.9)
(3.10)

The coefficient α0 depends on pH, T, and S (see Table A3.6 in the Appendix 3).
Values of pH typically show daily cycles in response to production and respiration. The
values of pH also change if CO2 is introduced or removed by gas exchange, e.g., with the
atmosphere. Hence, the calculation of CDIC from CCO2 and pH requires precise data on pH at
sub-daily resolution over long time periods. Unfortunately, submersible in-situ pH-sensors
that can be deployed for several weeks and have sufficient long-term stability, absolute
accuracy and precision are currently difficult to encounter. Therefore, it is advantageous to
base the calculation of CDIC from CCO2 data on measurements of alkalinity rather than on pH
measurements (see also Millero, 1995). The pH values required for the calculation of CDIC
can be estimated from carbonate alkalinity ALKCarb [mmoleq L-1] and CCO2 [mmol L-1]:
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AlkCarb = CHCO3- + 2 ∙ CCO3-- + COH- − CH3O+
CDIC = CCO2 ⁄α0 ;

CHCO3- = CDIC ∙ α1 ;

(3.11)

CCO3-- = CDIC ∙ α2

AlkCarb = CCO2 ⁄α0 ∙ (α1 + 2 ∙ α2 ) + (KW ∙ 10pH − 10-pH ) ∙ 1000

(3.12)

whereby CHCO3- and CCO3-- are the concentrations of HCO3- and CO32-, respectively, COH- and
CH3O+ the concentrations of OH- and H3O+ ions. The coefficients α1 and α2 depend on pH, T,
and S. The empirical relations for α1, α2 and KW are listed in Table A3.6 in the Appendix 3.
Equation 3.12 is an implicit equation for pH.
Alkalinity may change in case of calcite precipitation and dissolution of solid
carbonates but also due to several other biogeochemical processes (Wolf-Gladrow et al.,
2007). However, changes in CCO2 due to gas exchange with the atmosphere or due to uptake
or release by phytoplankton during production and respiration, respectively, do not alter
alkalinity (Wolf-Gladrow et al., 2007) because the dissociation of H2CO3(aq) to negatively
charged carbonate ions is associated with the generation of an equivalent number of
positively charged hydronium ions. Also nutrient uptake by phytoplankton has only minor
effects on alkalinity (Verspagen et al., 2014). Phosphate and nitrate assimilated during
primary production or released during remineralization of organic material alter alkalinity
(Wolf-Gladrow et al., 2007) but the molar fraction of phosphate and nitrogen in
phytoplankton is rather small (i.e. the typical ratios C:N:P = 106:16:1; Redfield et al., 1963).
Hence, if the only processes affecting inorganic carbon are production/ respiration and gas
exchange of CO2 with the atmosphere, the carbonate alkalinity ALKcarb can be treated as
essentially conserved quantity. Then, pH and the daily cycle of pH can be calculated from a
single measurement of ALKcarb and the time series of pCO2.
All coefficients in Equation 3.12 depend on T and S, and α0, α1, α2 additionally on pH.
If T, S, CCO2 and ALKcarb are known, pH can be calculated from Equation 3.12 by solving this
implicit equation numerically. We employ a least squares fitting procedure varying pH to
minimize the root mean square difference between calculated and measured ALKcarb
(fminsearch of MATLAB using the Nelder Mead simplex algorithm). With the pH
determined from Equation 3.12, α0 can be calculated and CDIC be determined from Equation
3.10.
Considering vertical transport. In lake ecosystems, temporal changes in the
concentrations of dissolved O2 and DIC are caused not only by metabolic processes but also
by transport processes. Assuming horizontally homogeneous conditions, the temporal change
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of the vertical distribution of CO2 considering metabolic processes and vertical fluxes due to
transport processes is given by:
∂CO2
1 ∂(A ∙ FO2 ) 1 ∂A
= GPPO − RO − ∙
+ ∙ FO2,sed
∂t
A
∂z
A ∂z
Boundary conditions:
(3.13)
FO2,surf = vO2 ∙ (CO2 − CO2,equ )
FO2,bot = FO2,sed
where CO2 is the concentration of dissolved oxygen as function of z, z is the vertical
coordinate (positive in the upward direction), A is the cross-section at z, FO2 is the vertical
flux of dissolved oxygen at z, FO2,sed is the flux of O2 from the sediments at z into the water,
FO2,surf and FO2,bot are the fluxes of O2 in direction z at the surface and at the bottom
boundary, respectively. At the bottom FO2,bot = FO2,sed. At the surface, FO2,surf is determined by
the flux due to gas exchange with the atmosphere FO2,atm. CO2,equ is the equilibrium
concentration of O2 at ambient surface water temperature and salinity and atmospheric
pressure, vO2 is the gas exchange velocity of dissolved oxygen.
Within the sediments dissolved O2 is consumed by bacteria that mineralize organic
material which typically results in anoxic conditions in deeper lake sediments. Hence, FO2,sed
is typically negative and acts as a sink of dissolved O2 in the water column. In lake
metabolism studies this sedimentary flux is often not explicitly considered (e.g., Staehr et al.,
2012a; Obrador et al., 2014) and thus implicitly included in the system respiration rate. The
commonly used lake respiration rate RL_O therefore is:
RL_O = RO −

1 ∂A
∙
∙F
A ∂z O2,sed

(3.14)

Additionally, the oxygen loss due to the flux at the lake bottom is also attributed to the
system respiration rate and included in RL_O by assuming a zero-flux boundary condition at
the lake bottom (FO2,bot = 0). The equation for NEPL_O becomes:
NEPL_O =

∂CO2 1 ∂(A ∙ FO2 )
+ ∙
∂t
A
∂z

with FO2,surf = FO2,atm and FO2,bot = 0 as boundary conditions.

(3.15)
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The budget of dissolved inorganic carbon can be described analogously:
∂CDIC
1 ∂(A ∙ FDIC ) 1 ∂A
= −GPPC + RC − ∙
+ ∙
∙F
∂t
A
∂z
A ∂z DIC,sed
Boundary conditions:

(3.16)

FDIC,surf = FCO2,surf = vCO2 ∙ (CCO2 − CCO2,equ )
FDIC,bot = FDIC,sed
where FDIC is the vertical flux of inorganic carbon, FDIC,sed is the flux of DIC from the
sediments into the water column, FDIC,surf and FDIC,bot are the fluxes of DIC in direction z at
the surface and the bottom boundary, respectively. The fluxes, concentrations and metabolic
rates are functions of z.
At the bottom, FDIC,bot = FDIC,sed. At the surface, the flux of DIC is the flux of CO2 due
to gas exchange with the atmosphere, FCO2. CCO2,equ is the equilibrium concentration of CO2
at ambient water temperature and salinity and atmospheric pressure, vCO2 is the gas exchange
velocity of CO2.
Note that gross primary production is a source of dissolved oxygen whereas it is a
sink of DIC, which is accounted for by the opposite signs in Equations 3.13 and 3.16. Note
further, that in case of DIC the surface flux is determined by CCO2 only and not by CDIC.
In analogy to the system metabolic rates based on dissolved oxygen one can define
system metabolic rates based on carbon that include mineralization of organic material in the
sediments and sediment fluxes into the system respiration rate:
RL_C = RC +

1 ∂A
∙
∙F
A ∂z DIC,sed

(3.17)

NEPL_C = −

∂CDIC 1 ∂(A ∙ FDIC )
− ∙
∂t
A
∂z

(3.18)

with FDIC,surf = FCO2,atm and FDIC,bot = 0 as boundary conditions. Note the opposite sign in
Equation 3.18 compared to Equation 3.15.
In the following we determine NEPL_O and NEPL_C from Equations 3.15 and 3.18,
respectively, and test the consequences of several assumptions regarding the vertical fluxes of
dissolved oxygen and of DIC:
1. As the simplest approach we assume that the gradients of the vertical fluxes are zero, i.e.
that the vertical fluxes due to transport processes in the water column are independent of
depth and agree with the flux at the lake surface.

46

Chapter 3
1 ∂(A ∙ FO2 )
∙
=0
A
∂z

(3.19)

2. The second approach includes gas exchange with the atmosphere at the lake surface but
neglects all other transport. This approach was used by, e.g., Cole et al. (2000) and was
recommended by Staehr et al. (2010) for experiments in which measurements are available
only from one water depth. The change in concentration due to the gas exchange at the lake
surface can be estimated assuming a mixed surface layer with depth Zmix (Staehr et al.,
2010; Cole et al., 2000; Coloso et al., 2011). Zmix is estimated from temperature profiles as
outlined in the Appendix 3 section 1. The volume of the mixed surface layer is Vmix and the
surface area Ao.
1 ∂(A ∙ FO2 ) FO2,atm ∙ A0
∙
=
A
∂z
Vmix

(3.20)

3. The third approach considers the full mass balance of O2 in the surface mixed layer by
including not only the fluxes of O2 at the lake surface due to gas exchange with the
atmosphere but also the fluxes at the bottom boundary of the mixed surface layer, i.e. at
Zmix, (FO2,Zmix) due to mixing processes. The flux FO2,Zmix is assumed to comprise of fluxes
due to turbulent diffusion, FO2,turb, and fluxes associated with mixed layer deepening,
FO2,deepen:
FO2,turb = −Kz ∙

FO2,deepen

dCO2
dz

1
1
1
= ∙
∙(
∙
∆t AZmix VZmix(2)
−

FO2,Zmix = {

1
VZmix(1)

0

∫

A ∙ CO2 ∙ dz′

(3.21)

−Zmix(2)

0

∙

∫ A ∙ CO2 ∙ dz′)
−Zmix(1)

FO2,turb
FO2,turb + FO2,deepen

if dZmix ⁄dt <= 0
if dZmix ⁄dt > 0

1 ∂(A ∙ FO2 ) A0 ∙ FO2,atm − AZmix ∙ FO2,Zmix
∙
=
A
∂z
VZmix

(3.22)

Turbulent diffusion coefficients Kz were calculated as in Staehr et al. (2012a) from the
empirical relation of Hondzo and Stefan (1993) using data from a thermistor chain
(see Appendix 3 sections 1 and 2). Vertical gradients of CO2 at Zmix were determined by linear
interpolation of the gradients of CO2 obtained from O2-measurements at 1.2 m, 3.2 m and
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5.2 m depth. AZmix, is the area of the cross section at Zmix. The oxygen profile at time 1, CO2,
was integrated from Zmix at time 1, Zmix (1), to the surface and from Zmix after the time interval
Δt, i.e. from Zmix (2) at time 2, to the surface. The time interval Δt was chosen to be one hour
which allows resolving day-night changes in Zmix while avoiding influences from
measurement noise and high-frequency oscillations.
The lake net production rates for the different approaches are:
NEPL_O = +

∂CO2
;
∂t

NEPL_C = −

∂CDIC
∂t

(3.23i)

NEPL_O = +

∂CO2 FO2,atm ∙ A0
+
;
∂t
Vmix

NEPL_C = +

∂CDIC FCO2,atm ∙ A0
+
;
∂t
Vmix

(3.23ii)

NEPL_O,F = +

∂CO2 A0 ∙ FO2,atm − AZmix ∙ FO2,Zmix
+
∂t
Vmix

(3.23iii)

NEPL_O,D = +

∂CO2 A0 ∙ FO2,atm − AZmix ∙ FO2,turb
+
∂t
Vmix

(3.23iv)

The metabolic rates determined with the approaches (ii) and (iii) are indicated by
subscript labels A and F, respectively. Metabolic rates estimated from approach (iv) that
adopts approach (iii) but neglects fluxes due to mixed layer deepening are labeled with
subscript D. Equation 3.23 requires estimates of CO2,equ, CCO2,equ, vO2, and vCO2. The
equilibrium concentrations were determined from Weiss (1970) in case of O2 and from Weiss
(1974) in case of CO2. Gas exchange velocities were calculated by combining the empirical
relation of Cole and Caraco (1998) for the gas-exchange velocity of CO2 in freshwater at
20ºC (i.e. at Schmidt number SC = 600) with the Schmidt number dependence of the gasexchange velocity suggested by Liss and Merlivat (1986). The Schmidt number dependence
is required to include the effect of temperature on the gas-exchange velocity and also allows
using the same parametrization of the gas-exchange velocity for CO2 and O2.
From the NEPL_O and NEPL_C the other metabolic rates (RL_O, GPPL_O, RL_C, GPPL_C)
were calculated assuming that during each day the lake respiration rate remains constant and
that lake gross primary production is zero at night. Hence, the lake respiration rate is equal to
the negative of the lake net production during the night of the respective day
(RL_C = -NEPL_C,night and RL_O = -NEPL_O,night). The respiration rates can be obtained by
averaging:
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RL_O,night = −

RL_C,night = −

1
∆tnight
1
∆tnight

te,night

∙ ∫ NEPL_O (t′ ) ∙ dt′
ts,night

(3.24)

te,night

∙ ∫ NEPL_C (t′ ) ∙ dt′
ts,night

or by the application of linear regression to flux modified concentrations CO2,mod and CDIC,mod:
t

1 ∂(A ∙ FO2 (t′ ))
CO2,mod (t) = CO2 (t) ∙ ∫ ∙
∙ dt′
A
∂z
ts,night

CO2,mod (t) = aL_O − RL_O,nightfit ∙ t
t

CDIC,mod (t) = CDIC (t) ∙ ∫
ts,night

and

ts,night <= t <= te,night
(3.25)
′

1 ∂(A ∙ FDIC (t ))
∙
∙ dt′
A
∂z

CDIC,mod (t) = aL_C − RL_C,nightfit ∙ t

and

ts,night <= t <= te,night

Daily mean metabolic rates were calculated for days at which at least 23 hours of data
were available (55 days for the diel O2- and 50 days for the diel CO2- technique). Long-term
averages of metabolic rates were calculated from daily mean metabolic rates considering only
49 days for which data were available from the diel O2- and the diel CO2-technique.
Field experiments
In 2014 field experiments were conducted in Lake Illmensee, a small (surface area: 64
ha, maximum water depth: 16.5 m) alkaline (pH of ~8.5) lake located in southern Germany
(47º 51' 19'' N, 9º 22' 49''E) at 670 m above sea level. The field studies did not involve
endangered or protected species and were permitted by the Landratsamt Sigmaringen. From
May 26th to July 28th moorings were installed at the deepest station of the lake. The moorings
were equipped with thermistors (RBRsolo T, RBR) measuring temperature every 10 s and
eight O2-optodes (MiniDOT, PME, accuracy ~-10 μmol L−1) measuring every 60 s dissolved
oxygen concentrations, CO2. The O2 data were calibrated by scaling O2 measurements in air
to provide 100% saturation. One of the temperature loggers additionally had a pressure sensor
(TDR, RBR) that was used to measure the height of the water column above the sensor and
air pressure during lifts of the mooring. The vertical spacing of the O2-optodes was 2 m and
of the thermistors 1 m. The uppermost O2-optode and thermistor were mounted at ~1.2 m
water depth. At ~1.7 m water depth a CO2-optode (Aanderaa Data Instruments, Norway;
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Atamanchuk et al., 2014) measured pCO2 and temperature every 30 s during the entire time
period. The data from the CO2-optode was stored in a data logger built by the electronic
workshop at the University of Konstanz. Another CO2-sensor based on IR absorption
spectroscopy (HydrocC™ CO2, Contros; in the following: CO2-IRprobe) was mounted at 2 m
water depth and measured pCO2 every 5 s. The CO2-IRprobe had comparatively large power
consumption and was therefore deployed for continuous measurements only from June 23 rd
4 pm to June 28th 12 am requiring one battery change during this 4.8 day time period. The
CO2-optode required only one battery change during the 63 days of deployment. Breaks in
the time series of pCO2 data from the CO2-optode resulted from lifting the mooring for
maintenance of the other instruments. The pCO2 data from the pre-calibrated CO2-optode
were corrected for the conditioning effect by introducing a single constant scaling factor
(Atamanchuk et al., 2014). The calibration of this scaling factor was based on the data from
the CO2-IRprobe. The conditioning effect results from chemical reactions between the foil of
the CO2-optode and the ambient water when the foil is deployed for the first time
(Atamanchuk et al., 2014).
On June 23rd and June 30th a vertical profile of water samples was collected at the
deepest station. Total alkalinity was measured by titration. ALKcarb was assumed to
correspond to the total alkalinity. On 23rd June and July 1st vertical profiles of pCO2 including
atmospheric partial pressures of CO2 were measured with the CO2-IRprobe. At each depth the
CO2-IRprobe was deployed for 20 minutes allowing adjustment of the probe to the high
concentrations at larger water depths. Wind speed was measured every 15 minutes 1.5 m
above the lake water level on a buoy installed close to the deepest station of the lake (ISF
Langenargen). Wind speed at 10 m above lake level, WS10,was calculated from these wind
speed data assuming a logboundary layer, wind speed dependent drag coefficients, C10,
according to Wu (1980) and assuming C10 > 10−3 (Appendix 3 section 1). Further, profiles
were taken with a multi-parameter CTD (RBR) equipped with an oxygen optode (fast optode
model 4330F, Aanderaa Data Instruments, Norway), Chl-a sensor (Seapoint), two PAR
sensors (Licor) and a turbidity sensor (Seapoint), and with a multi-spectral fluorescence
probe (Moldaenke FluoroProbe).
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Results
The values of pCO2 in air measured with the CO2-IRprobe on 23rd June and 1st July
were 364 and 352 μatm, respectively. These values correspond to 394 and 382 ppm at local
air pressure of 0.924 and 0.922 atm, respectively, and thus agree well with the current
atmospheric concentration of ~400 ppm CO2 (Balzer et al., 2015). The long-term changes and
the amplitude of the daily fluctuations of pCO2 measured with the CO2-optode agree well
with those measured with the CO2- IRprobe (Figure 3.1). The good agreement of the
amplitude and the timing of the daily fluctuations in pCO2 measured with the CO2-optode and
the CO2-IRprobe support that the CO2-optode provides reliable data on pCO2 over an
extended period of time. Four days after the calibration period the CO2-optode still agreed
well with an independent measurement of the CO2-IRprobe (Figure 3.1, red circle).

Figure 3.1. Comparison of time series on pCO2 measured with the CO2-optode (blue line) at 1.7mwater depth
and the CO2-IRprobe (red line) at 2.0 m water depth. The red symbols represent additional individual
measurements with the CO2-IRprobe.

Water temperatures increased at the beginning of the measuring period and were
around 22ºC thereafter (Figure 3.2a). The water temperatures at the water depths of the
uppermost O2- optode (1.2 m) and of the CO2-optode (1.7 m) were essentially the same
(blue and red lines in Figure 3.2a) indicating that the top 1.7 m of the water column was
rather homogeneously mixed. This conclusion is consistent with the typical values for the
mixed layer depth, Zmix, (average Zmix is 2.9 m, Figure A3.1c in the Appendix 3). The water
temperatures measured with the O2- optode located at 3.2 m water depth (Figure 3.2a, black
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line) were similar to the temperatures at 1.2 and 1.7 m depth but were substantially lower
between the 7th and 15th of June and between the 16th and 21st of July. During these time
periods Zmix was smaller than 3.2 m (Figure A3.1c in the Appendix 3).
The temporal development of CO2 and of CCO2 was typically anti-correlated at time
scales of several days but also at sub-daily time scales (Figures 3.2b and 3.2c). Both, CO2 and
CCO2, showed daily concentration fluctuations consistent with metabolic transformations
during different time periods of the day: CO2 was elevated during daytime and reduced during
night-time whereas CCO2 showed the opposite pattern (Figures 3. 2b and 3.2c). CO2 measured
at 1.2 m and at 3.2 m water depth agreed well when temperatures agreed well and Zmix was
larger than 3.2 m, but during time periods with Zmix <3.2 m CO2 at 3.2 m depth was larger
than at 1.2 m depth (Figures 3.2a and 3.2b, blue and black lines; Figure A3.1c in the
Appendix 3). Below 3.2 m water depth O2 concentrations increased substantially with depth
during most of the time period reaching maximum values at ~7 m depth (Figures A3.2b,
A3.2c and A3.3f in the Appendix 3). Below the peak concentration O2 decreased rapidly to
anoxic conditions in the deep water. The vertical O2-gradients were small initially but they
increased substantially between the 7th and 10th of June, when very high O2 concentrations
developed at intermediate depths (Figure A3.2b in the Appendix 3).

Figure 3.2. Surface water temperature and concentrations, saturation, and surface fluxes of O 2 and CO2.
Temperature (a) and concentrations of dissolved O2 and dissolved CO2 (b and c) were measured with the
O2-optodes at 1.2 m (blue) and 3.2 m (black) water depth and the CO2-optode at 1.7 m water depth (red). (c)
depicts an enlargement of (b) to illustrate details of the daily changes in CO2 and CCO2. Both, O2 and CO2
concentrations are oversaturated compared to atmospheric equilibrium at in-situ temperature during most of the
time (d). The flux of O2, FO2,atm, and CO2, FCO2,atm, to the atmosphere is depicted in panel (e). O2-saturation and
FO2,atm (blue lines in (d) and (e)) are based on the CO2 data measured at 1.2 m water depth. The large short-term
fluctuations in the fluxes to the atmosphere result from the variation in wind speed (see Figure A3.1a in the
Appendix 3).
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During the measuring period CO2 and O2 near the lake surface were typically

oversaturated (Figure 3.2d). Hence, the lake emitted carbon and oxygen to the atmosphere.
During most of the measuring period, the daily fluctuations in the oversaturation of CO2 and
O2 were small compared to the total oversaturation suggesting that the emissions were not
controlled by the daily metabolic cycle during the time period of measurements (Figure 3.2d).
Note that the molar fluxes of O2 to the atmosphere were substantially larger than those of
CO2 (Figure 3.2e), although the oversaturation of CO2 was much larger than that of
O2 (Figure 3.2d). On average the emissions of O2 and CO2 were 64 mmol m−2 d−1 and
7 mmol m−2 d−1, respectively. During the measuring period no extreme wind events occurred
and wind speeds were typically below 10 m s−1 (Figure A3.1a in the Appendix 3). The O2
oversaturation in the surface water increased substantially at the beginning of June. The
timing of this change in oversaturation corresponds closely with the onset of the development
of the dissolved oxygen peak at ~7 to 8 m water depth (Figure 3.2d; Figures A3.2b and A3.3f
in the Appendix 3). Note that the O2-optodes were located at 7.2 and 9.2 m water depth and
that the maximum O2 concentration measured with the O2 sensor of the CTD-probe was at
~8 m depth. Profiles of Chl-a-equivalent concentration measured with the multi-spectral
fluorescence probe showed a pronounced maximum at ~8 m depth (Figure A3.3g in the
Appendix 3). Analysis of water samples and the spectral information from the fluorescent
probe suggest that this peak in the Chl-a-equivalent concentration was generated by a dense
layer of Plankthotrix rubescens (see Hofmann and Peeters, 2013 for measuring P. rubescens
with the Moldaenke FluoroProbe).
At 2 m water depth alkalinity was 2.98 mmoleq L−1 on 23rd June and 2.93 mmoleq L−1
on 30th June, suggesting that alkalinity did not change substantially over this one-week time
period. In the following we use 2.95 mmoleq L−1 as value for AlkCarb during the entire
measuring period. The time series of pH calculated from AlkCarb, pCO2 and T shows periodic
fluctuations. Within a day the values of pH varied by ~0.1 (Figure 3.3a). For the time period
shown in Figure 3.3a the average pH was ~8.45. CDIC determined from the estimated time
series of pH and the measured time series of pCO2 and T typically decreases during the day
and increases at night (Figure 3.3a). The daily changes in DIC and O2 concentrations are anticorrelated, i.e. CO2 increases while CDIC decreases during daylight time and vice versa during
night-time (Figure 3.3b). The amplitudes of the daily fluctuations in CDIC are about the same
as those in CO2 at 1.2 m and 3.2 m water depth but are about 5 times larger than the
amplitudes of the daily fluctuations in CCO2. This indicates that a substantial fraction of the
dissolved inorganic carbon taken up and released during production and respiration alters
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HCO3− and CO32− concentrations much more than CO2 concentrations. However, the
amplitude of the CDIC fluctuations is less than 1% of the daily mean CDIC. Neglecting the
daily fluctuations of pH in the calculation of CDIC leads to ~20 times larger amplitudes of the
daily fluctuations of CDIC (Figure A3.4 in the Appendix 3) and thus would result in a severe
overestimation of NEPL_C.

Figure 3.3. Comparison of the temporal development of DIC, pH, CO2 and O2 concentrations. (a) CDIC and pH
derived from CCO2 and a constant alkalinity of 2.95 mmoleq L−1. (b) Deviation of DIC, O2 and CO2
concentrations from the respective mean concentration within the time interval shown (ΔDIC, ΔO2 and ΔCO2,
respectively). Note that the scaling of the axis for the molar deviations ΔDIC and ΔO2 is five times larger than
the scaling of the axis for ΔCO2. (c) Long-term changes of CDIC, CCO2 and CO2. In (c) y-axes have shifted origin
but the same scaling. The grey bar in (c) indicates the time period depicted in (a) and (b).

Lake metabolic rates determined from O2 and CO2 measurements are shown in Figure
3.4. Lake respiration rates were determined from linear regression of lake net production as
function of time during night-time (Equation 3.25). These respiration rates agree well with
respiration rates estimated by averaging lake net production during night-time as in Equation
3.24 (Figure A3.5a in the Appendix 3).
Lake gross primary production, GPPL, shows a pronounced daily cycle with minimum
values occurring around midnight and maximum values around noon (Figure 3.4a). The
phase and amplitude of the daily cycles of GPPL_O and GPPL_C are similar (Figure 3.4a). In
the diel O2- and diel CO2-techniques lake respiration rates, RL, are assumed to be constant
during a day. The order of magnitude and the temporal changes in RL_O and RL_C are similar,
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but RL_O shows larger fluctuations between days than RL_C (Figures 3.4a and 3.4d), especially
around the 10th of June and the 20th of July. The long-term average and the long-term trends
of daily mean GPPL_O and GPPL_C agree well (Table 3.1; Figure 3.4d), but the daily mean
GPPL_O fluctuate more between days than the daily mean GPPL_C. RL_O and RL_C show very
similar long-term trends as daily mean GPPL_O and GPPL_C, respectively (Figure 3.4d).
Hence, daily mean NEPL_O and NEPL_C are substantially smaller than the other metabolic
rates (Table 3.1), suggesting that lake gross primary production during daylight is sufficient
to compensate lake respiration during day and night.
As O2 and CO2 are both oversaturated during most of the time (Figure 3.2d) the lake
is emitting both gases, and the gas fluxes of both gases are therefore positive (Figure 3.2e).
Consistently, including gas exchange with the atmosphere in the calculation of metabolic
rates leads to lower estimates of the lake respiration RL_O,A than RL_O in case of the diel
O2-technique (Figures 3.4c and 3.4e; Table 3.1), but to higher estimates of the lake
respiration RL_C,A than RL_C in case of the diel CO2-technique (Figure 3.4b; Table 3.1). The
difference between RL_C,A and RL_C in Figure 3.4b is particularly small because during the
time period shown the oversaturation of CO2 is small (Figure 3.2d).

Table 3.1. Comparison of long-term mean lake metabolic rates estimated with the diel O2- and the diel
CO2-technique and the influence of assumptions on vertical fluxes.
Transport processes
subscript
diel CO2-technique
diel O2-technique
1   A F 
considered and the
label of lake gross
lake
lake net lake gross
lake
lake net
A z
effect of the net flux
metabolic production respiration production production respiration production
on concentration
rates
(mmol L−1d−1)
(mmol L−1 d−1)
change
Fluxes at lake
0
none
0.028
0.029
−0.001
0.028
0.027
0.001
surface and at Zmix
are balanced
(see Equation 3.23i)
Gas exchange with
A
0.028
0.031
−0.003
0.029
0.002
0.027
ASurf  Fatm
the atmosphere
VZmix
(see Equation
3.23ii)
Gas exchange with ASurf ∙Fatm -AZmix ∙FZmix
F
0.033
0.013
0.020
the atmosphere,
VZmix
turbulent diffusion
at Zmix and mixed
layer deepening
(see Equation
3.23iii)
Gas exchange with ASurf ∙Fatm -AZmix ∙Fturb
D
0.029
0.003
0.026
the atmosphere and
VZmix
turbulent diffusion
at Zmix (see
Equation 3.23iv)
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Figure 3.4. Comparison of lake metabolic rates estimated with the diel CO2- and the diel O2-technique. (a)
Comparison of boxcar filtered lake gross primary production, GPPL, and lake respiration rate, RL, estimated with
both techniques. (b) Comparison of the effect of different assumptions on vertical transport on GPPL and RL
(approaches (i)-(iii) and Equations 23i-23iii in the methods section) estimated with the diel CO2-technique
(GPPL_C and RL_C). (c) as in (b) but for GPPL and RL estimated with the diel O2-technique (GPPL_O and RL_O).
(d) Long-term changes in daily mean lake metabolic rates estimated with both techniques assuming that the net
fluxes are zero (approach (i)). (e) Implications of different assumptions on the vertical fluxes for the daily mean
metabolic rates estimated with the diel O2-technique. GPPL_O,A is often covered by GPPL_O and GPPL_O,F. Note
that in all panels lake respiration rates are represented using a reverse axis, i.e. RL is increasing in the downward
direction. The grey bar indicates the time period shown in panels (a)-(c).
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However, the long-term average of the difference between RL_C,A and RL_C is also

much smaller than that between RL_O and RL_O,A (Table 3.1), although the oversaturation of
CO2 is on average 2.5 times larger than the oversaturation of O2 (average saturation of CO2
and O2 is 162% and 129%, respectively). Considering the fluxes due to turbulent mixing at
the bottom of the mixed layer in addition to the surface flux results in respiration rates RL_O,D
that are slightly larger than RL_O,A but still substantially smaller than RL_O (Table 3.1).
Respiration rates RL_O,F estimated by considering atmospheric fluxes, fluxes due to turbulent
diffusion and mixed layer deepening have values intermediate between RL_O,A and RL_O
(Figures 3.4c and 3.4e; Table 3.1).
Estimates of lake gross primary production were comparatively insensitive to the
assumptions on the transport processes, independent of whether the diel CO2- or the diel
O2-technique was used (Figures 3.4b and 3.4c, respectively; Table 3.1). For all approaches
considering different transport processes long-term averages of the lake gross primary
production estimated from the diel CO2-technique had essentially the same values as those
determined from the diel O2- technique (Figures 3.4d and 3.4e; Table 3.1).
The values of GPPL were similar for diel O2- and diel CO2-technique and the different
assumption on vertical transport, but RL strongly depended on the assumptions on transport
(Table 3.1). Hence, the estimates of NEPL also strongly depended on the estimates of
concentration changes due to transport processes (Table 3.1).

Discussion
The CO2-optode provides reliable long-term data on CCO2 over several weeks at
sub-hourly resolution, as is indicated by the good agreement between CO2 concentrations
measured with the CO2-optode and the CO2-IRprobe, and by the long-term consistency of
lake gross primary production estimated from the diel O2- and the diel CO2-technique
(GPPL_O and GPPL_C). Because CO2-optodes have a low power consumption they are ideally
suited for long-term measurements of CCO2. Such data can be utilized to estimate metabolic
rates using the diel CO2-technique and to determine CO2 fluxes from lakes based on direct
measurements rather than indirect estimates of CO2.
Metabolic rates determined from the diel CO2-technique directly provide uptake and
release of dissolved inorganic carbon due to production and respiration, whereas the diel
O2- technique requires assumptions on the production and respiratory quotients if the
contribution of metabolic transformations to the carbon balance is assessed. In alkaline Lake
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Illmensee (pH of ~8.5) the long-term averages of GPPL_C and GPPL_O agree well, suggesting
that the production quotient PQ = GPPL_O / GPPL_C is close to one and thus within the range
suggested by Oviatt et al. (1986) and at the lower end for a typical algal cell (Williams and
Robertson, 1991). However, according to measurements by Hanson et al. (2003) in lakes with
pH > 8 metabolic rates estimated with the diel O2-technique are substantially larger than
estimates based on the diel change in CO2. This discrepancy can be explained by the
dissociation of CO2 to bicarbonate and carbonate which substantially increases the temporal
change in molar CDIC compared to that of molar CCO2. In Lake Illmensee where pH ~ 8.5 the
amplitude of the diel cycle of molar CDIC is about five times larger than that of the diel cycle
of molar CCO2 (Figures 3.3b and 3.3c). In contrast to the analysis of Hanson et al. (2003), the
diel CO2-technique employed in our study accounts for the dissociation of CO2 into different
carbon species and estimates metabolic rates from the diel change in CDIC.
Similar to the system production quotient, the respiratory quotient RQ = RL_O / RL_C is
close to one and thus within the range and close to the average value observed in estuarine
mesocosm experiments (Hofmann and Peeters, 2013). However, the variability between days
especially of GPPL_O and RL_O suggests considerable uncertainties in the estimates of the
metabolic rates. Note that the production and respiratory quotients depend on the community
of organisms responsible for the metabolic transformations and that the lake metabolic rates
additionally depend on the exchange rates between the water column and the sediment
(Equations 3.14 and 3.17).
The absolute values of GPPL_C and GPPL_O agree well with data on gross production
measured with the diel O2-technique in other lakes (e.g., Lake Hampen, (Staehr et al., 2012a);
Lakes Peter and Paul, (Coloso et al., 2011)). The pronounced daily cycle of GPPL_C and
GPPL_O (Figure 3.4a) is consistent with the daily light cycle and light dependent production
by phytoplankton. The ratios between lake gross production and lake respiration rate
GPPL_C / RL_C and GPPL_O / RL_O, respectively, are close to one, which is consistent with the
observations on metabolic ratios from several lakes (Hoellein et al., 2013; Coloso et al.,
2011). Note that although the estimates of GPPL_C, GPPL_O, RL_C, and RL_O do not include
corrections for transport, they provide metabolic rates, metabolic ratios, and metabolic
quotients PQ and RQ that are consistent with observations in other studies.
The estimates of lake gross primary production were not very sensitive to vertical
fluxes due to transport processes (gas exchange, vertical mixing), which was in contrast to the
estimates of lake respiration rates (Table 3.1). Because GPPL is estimated from the difference
between daylight NEPL and average night-time NEPL, the estimates of GPPL are only
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affected by the difference between the gradients of vertical fluxes during daytime and the
average gradient of the vertical fluxes during night-time (for details see the Appendix 3
section 6). Thus, if the gradients of the fluxes of O2, or of carbon respectively, do not change
substantially between day and night, their effects on the estimates of lake gross primary
production is small. In contrast to GPPL, estimates of lake respiration rates are affected
directly by the average gradient of the vertical fluxes during night-time (Equations. 3.23 and
3.24; Appendix 3 section 6). Hence, if the gradients of the vertical fluxes have the same sign
during day and night, as it was the case in our study, lake respiration rates are much more
sensitive to the assumptions on the fluxes considered in the diel O2- and the diel
CO2-techniques than lake gross primary production (Table 3.1).
Estimates of respiration rates based on the diel CO2-technique were much less
sensitive to fluxes due to atmospheric gas exchange than estimates based on the diel
O2-technique. As CO2 and O2 were nearly always oversaturated during day and night-time
(Figure 3.2d) the fluxes due to gas exchange with the atmosphere are positive (Figure 3.2e).
Hence, correcting estimates of metabolic rates for fluxes due to atmospheric gas exchange
leads to increased respiration rates in the case of the diel CO2-technique and decreased
respiration rates in case of the diel O2-technique (Table 3.1). However, the absolute change
between RL_O and RL_O,A was much larger than that between RL_C and RL_C,A (Table 3.1),
because the molar fluxes at the lake surface of CO2 were much smaller than those of O2
(Figure 3.2e). Even if the oversaturation of CO2 is larger than that of O2, the molar
concentration CCO2 may be much smaller than CO2 (Figures 3.2b and 3.2c), since the molar
atmospheric equilibrium concentration of CO2 is much smaller than that of O2 (e.g., at 20ºC
and local pressure (93600 Pa) CCO2,equ = 0.014 mmol L−1 and CO2,equ = 0.261 mmol L−1).
In general, the daily absolute change in the molar concentration difference between
in-situ and atmospheric equilibrium concentration can be expected to be smaller for CO2 than
for O2 (|CCO2-CCO2,equ| < |CO2-CO2,equ|). In alkaline Lake Illmensee much of the carbon taken
up or released during metabolic processes is channeled to HCO3- and CO32− and only about
20% of consumed or respired CO2 is visible in changes in CCO2 (Figures 3.3b and 3.3c). Thus
only a fraction of the change in carbon associated with metabolic processes contributes to the
gas exchange of CO2 with the atmosphere. In acidic lakes, the same production and
respiration rates as in alkaline Lake Illmensee lead to substantially larger daily fluctuation in
CCO2 (Hanson et al., 2003) and thus may lead to larger effects of gas exchange on the
estimated respiration rate than in alkaline Lake Illmensee. However, estimates of RL_C and
RL_O can be expected to differ in their sensitivity to atmospheric gas exchange in many lakes
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because the atmospheric concentration of O2 is substantially larger than that of CO2 (20% O2
versus 0.04% CO2). Therefore, physical processes such as, e.g., introduction of gas-bubbles
at the lake surface by breaking surface waves or changes in surface water temperature
affecting solubility and thus atmospheric equilibrium concentrations alter molar under- or
oversaturation of O2 much more than that of CO2.
Considering vertical transport due to turbulent diffusion and mixed layer deepening in
the calculation of metabolic rates increases the estimated respiration rate RL_O,F compared to
the estimate RL_O,A which considers only the gas exchange with the atmosphere (Table 3.1).
Below the mixed surface layer CO2 typically increased with increasing water depth (Figure
3.2b; Figures A3.2b, A3.2c and A3.3 in the Appendix 3). Turbulent diffusion and mixed layer
deepening therefore cause a positive upwards flux of O2. Neglecting this flux leads to an
underestimation to the lake respiration rate. The quantification of the effects of vertical
mixing on the O2 budget is however rather crude. For example, the fluxes due to turbulent
diffusion require values for turbulent diffusivities. These were determined from the empirical
relations of Hondzo and Stefan (1993) that however provide rather crude estimates of the
turbulent diffusivities and are not validated for Lake Illmensee by independent means.
Further, the 2 m spacing of the optodes does not provide a good vertical resolution of the O2
distribution.
Our calculations are based on the mass balance of O2 in the entire mixed surface layer
and not in a shallower top layer of fixed vertical extension within the mixed surface layer as
in Staehr et al. (2012a) and Obrador et al. (2014). The latter approach has the disadvantage
that within the mixed surface layer vertical gradients of dissolved oxygen are very small and
therefore cannot reliably be determined with O2-optodes. Furthermore, the empirical relations
for Kz by Hondzo and Stefan (1993), which were developed for stratified hypolimnia and not
for mixed surface layers, provide unrealistically low diffusivities within the surface mixed
layer.
The consequences of considering the turbulent flux of DIC and mixed layer deepening
in the diel CO2-technique could not be assessed because of the lack of long-term data from
which DIC could be determined at a second depth in addition to the time series at 1.7 m.
However, the vertical profile of CDIC calculated from the profiles of CCO2 and T measured on
the 1st of July and the profile of alkalinity measured on the 30th of June, suggests that DIC
increases with water depth (Figure A3.3 in the Appendix 3). In this case turbulent diffusion
and mixed layer deepening leads to upward transport of carbon. A positive upwards flux of
carbon implies that the lake respiration rates estimated with the diel CO2-technique
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considering only gas exchange with the atmosphere (RL_C,A) overestimate the true lake
respiration rate.
The assumption that the gradient in the vertical fluxes of CO2 and of O2, respectively,
is negligible leads to rather similar estimates of lake respiration rates with the diel CO2- and
diel O2-techniques, i.e. RL_C  RL_O (Table 3.1). Consistently, considering only gas exchange
with the atmosphere and neglecting turbulent transport from deeper layers leads to an
increase in the discrepancies between the respiration rates, because the flux to the atmosphere
is positive for both, CO2 and O2. Because CO2 and most likely also CDIC increase below Zmix
with increasing water depth, also the vertical flux due to mixing is positive for O2 and DIC.
In the diel O2-technique a positive upward flux of O2 into the observation layer implies lake
respiration rates higher than RL_O,A whereas in the diel CO2-technique a positive upward flux
of DIC implies lake respiration rates lower than RL_C,A. Thus, in Lake Illmensee, the
respiration rates RL_O,A and RL_C,A can be considered as the lower and upper bounds of the true
lake respiration rates.
Lake respiration rates RL_O estimated from CO2 measured at 3.2 m depth, RL_O (3.2 m),
and lake respiration rates estimated from CO2 measured at 1.2 m depth, RL_O (1.2 m), show
similar long-term development (Figure A3.5b in the Appendix 3) and differ on average by
less than 15% (Appendix 3 section 5). The similarity in metabolic rates at the two depths is
not surprising, because during most of the time, measurements from both depths were within
the mixed surface layer. However, also during time periods when Zmix < 3 m, e.g., between
7th and 15th of June, the estimates of RL_O (3.2 m) and RL_O (1.2 m) agreed rather well, except
on the 10th of June, when RL_O (1.2 m) showed particularly strong deviations from the mean
(Figure A3.5b in the Appendix 3). Considering the time period from the 7th to the 15th of June
but excluding the 10th of June, the average of RL_O (3.2 m) (0.025 mmol L−1 d−1) agrees very
well with the average of RL_O (1.2 m) (0.023 mmol L−1 d−1), but the average of RL_O,A (1.2 m)
is negative (−0.005 mmol L−1). Note that the estimates of RL_O neglect effects due to
gradients in the vertical fluxes of oxygen whereas RL_O,A considers gas exchange with the
atmosphere but no other vertical fluxes. During the time period considered gas exchange with
the atmosphere may influence the oxygen concentrations at 1.2 m but not at 3.2 m water
depth because Zmix < 3 m. The values of RL_O,A (1.2 m) and RL_O (3.2 m) agree well with each
other but not with RL_O,A (1.2 m) which assumes negative values that are conceptually
impossible. These results suggest that considering gas exchange without including vertical
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transport into the mixed layer from below may result in a substantial underestimation of lake
respiration rates and support the assumption that the net effect of all vertical fluxes is small.
Lake respiration rates not only include respiration in the open water but also oxygen
consumption and carbon production at and within the sediments (Equations 3.14 and 3.17).
Therefore, lake respiration rates not only depend on metabolic transformations but also on the
exchange velocities between the sediment and the water column. The latter are controlled by
the intensity of turbulence near the sediments and thus are affected by hydrodynamic
processes that therefore indirectly influence the overall lake respiration rate.
In the surface mixed layer the aspect ratio between sediment area and water volume is
small suggesting that the influence of fluxes into and from the sediments have only a small
influence on the overall budget of O2 and CO2. However, the contribution of respiration
within the sediments to overall oxygen consumption increases with water depth (Livingstone
and Imboden, 1996), because of the increase in the aspect ratio of sediment area to water
volume. In the aphotic deep water zone of lakes oxygen depletion due to oxygen uptake by
the sediments can be as large as or even larger than oxygen depletion in the open water
column (e.g. North, 2012). Because in the deep water of lakes primary production may
become very small due to light limitation NEP can be expected to become increasingly
negative with increasing water depth leading to anoxic deep water bodies characterized by
high concentrations of DIC (Figures A3.3 b, A3.3e, and A3.3f in the Appendix 3). The deep
water can thus act as a source of DIC for the surface layer, because the vertical gradient in
CDIC together with turbulent mixing leads to a positive vertical flux of DIC. If the conditions
in the surface layer are at steady state this flux of DIC from below together with the effects of
NEP on CDIC are compensated by a CO2 flux to the atmosphere requiring oversaturation of
CO2 in the surface mixed layer. Hence, the vertical flux of DIC from the anoxic deep water
may explain the large oversaturation of CO2 at the beginning of the measuring time in early
June (Figure 3.2d).
After the 7th of June, primary production at intermediate water depth altered the
vertical gradients of DIC and O2, as is indicated by the development of the oxygen maximum
at ~7-8 m depth (Figures A3.2b and A3.3f in the Appendix 3) and a local minimum in the
vertical profile of CDIC at this depth (Figure A3.3e in the Appendix 3). The decrease in
CO2- oversaturation in the surface mixed layer during June and in July may thus be explained
by reduced vertical fluxes of DIC. Analogously, the increase in the O2-oversaturation in the
surface mixed layer after the 7th of June was most likely caused by an increase in the vertical
flux of O2 that was produced at intermediate depths.
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The conditions under which it is advantageous to apply the diel CO2-technique and

the limitations of this technique have been explored in a sensitivity study (Appendix 3 section
7). The main conclusions of this analysis can be summarized as follows. In lakes with pH <8
the daily change in CO2, ΔCCO2, is an excellent estimator of the daily change in DIC, ΔCDIC,
with ΔCCO2 typically being only ~10% smaller than ΔCDIC. However, in lakes with pH > 8 the
difference between ΔCCO2 and ΔCDIC can be substantial and increases strongly with
increasing pH, e.g., ΔCCO2 underestimates a ΔCDIC of 0.02 mmol L−1 by more than 20% at
pH = 8 and by a factor of ~5 at pH = 8.5 (Table A3.2 in the Appendix 3). Hence, in alkaline
lakes the assessment of daily changes in CDIC from daily changes in CCO2 requires
consideration of the carbonate balance.
If ΔCCO2 and pH and the balance of dissolved carbonates is used to estimate ΔCDIC,
very small uncertainties in pH can introduce large errors in the estimate of ΔCDIC especially if
the water has pH > 8, e.g., an uncertainty of 0.005 in pH may result in an overestimation of
ΔCDIC by a factor of two or more (Table A3.3 in the Appendix 3), depending on the true
ΔCDIC. Note that a systematic overestimation of pH has essentially no effect on the estimate
of ΔCDIC.
The diel CO2-technique estimates pH from CCO2 and carbonate alkalinity and assumes
that carbonate alkalinity is constant. In case alkalinity changes with time also carbonate
alkalinity changes. The diel CO2-technique underestimates metabolic rates if ΔCDIC due to
metabolic processes and the change in carbonate alkalinity ΔALKCarb have the same sign and
overestimates metabolic rates if ΔCDIC due to metabolic processes and ΔALKCarb have
opposite sign (Table A3.4 in the Appendix 3). Changes in alkalinity caused by calcite
precipitation or dissolution of solid carbonate have a smaller effect on the estimates of ΔCDIC
than the same alkalinity change caused by other ions (Table A3.5 in the Appendix 3).
However, because in many lakes alkalinity is dominated by bicarbonate and carbonate ions,
calcite precipitation may be the primary cause of substantial changes in alkalinity. Note that a
systematic underestimation or overestimation, respectively, of carbonate alkalinity has
essentially no effect on the predicted ΔCDIC. Hence, slow changes in carbonate alkalinity over
several days have only small effects on predicted daily changes in CDIC and thus on the
estimated metabolic rates. Further, using total alkalinity as measure of carbonate alkalinity
has essentially no consequences for the estimated ΔCDIC.
The effects of changes in alkalinity on the estimates of metabolic rates could be
avoided if high-precision pH measurements were available for the calculation of ΔCDIC.
However, calcite precipitation and dissolution of solid carbonates not only affect alkalinity
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but also change CDIC. The diel CO2-technique treats all changes in CDIC as consequence of
metabolic transformations and transport processes and therefore cannot provide reliable
results during time periods during which calcite precipitation and dissolution of solid
carbonate result in large sinks or sources of DIC, respectively. However, if calcite
precipitation or the dissolution of solid carbonates, respectively, occurs continuously during
day and night, GPPL estimated with the diel CO2-technique is much less sensitive to these
processes than RL. This conclusion follows from the same argument that explained why GPPL
is less sensitive than RL to transport processes if the gradient of the vertical flux has the same
sign during day and night. In our study the time series of CO2 does not indicate sudden
changes in CO2 which would accompany short-term events of calcite precipitation. The
agreement between estimates of metabolic rates based on diel O2- and diel CO2-technique
suggests that calcite precipitation was not a major factor in the balance of DIC but the same
metabolic processes were responsible for the changes in DIC and O2.
The sensitivity study above suggests that it depends on the system whether metabolic
rates can be reliably estimated with the diel CO2-technique or not. In shallow lakes and in
littoral zones the dissolution of solid carbonates associated with the sediments may result in
unreliable estimates of RL_C but possibly do not substantially affect the reliability of estimates
of GPPL_C. In the open water of deep lakes, the diel CO2-technique should provide reliable
metabolic rates except during time periods of calcite precipitation. In small lakes with short
residence times external loading of dissolved carbonates may affect reliability of the
estimates of metabolic rates. Finally, in lakes with high alkalinity it is advantageous to base
the diel CO2-technique on CCO2 and alkalinity rather than on CCO2 and pH or CCO2 alone.

Conclusion
The diel CO2- and the diel O2-technique are complementary open-water methods for
the estimation of metabolic rates in lakes. The diel CO2-technique has the advantage that it
provides metabolic rates in terms of carbon produced or consumed and that it is less sensitive
to gas exchange with the atmosphere. The assessment of metabolic rates with the diel
CO2-technique is in principle not restricted to oxygenated regions of aquatic systems but can
also be applied in anoxic waters, if instruments are available that can tolerate anoxic
conditions. The diel CO2-technique could therefore be applied to investigate e.g. anaerobic
methane oxidation which cannot be assessed with the diel O2-technique.
However, in contrast to the diel O2-technique, the diel CO2-technique requires
additional measurements for the estimation of metabolic rates especially in alkaline lakes. In
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such lakes data on alkalinity or long-term pH measurements with sub-daily resolution must
be available to determine the daily cycle of CDIC. In alkaline Lake Illmensee CDIC estimated
from CCO2 is very sensitive to pH (Figure A3.4 in the Appendix 3). Because sufficiently
precise pH data with sub-daily temporal resolution over several weeks were not available, we
utilized alkalinity to determine CDIC from CCO2. In less alkaline lakes, e.g., in lakes with
pH <8 and an alkalinity that does not substantially exceed conditions at atmospheric
equilibrium, time series of CCO2 may provide reliable estimates of CDIC.
The CO2-technique presented here treats alkalinity as an essentially conservative
property because alkalinity is not affected by CO2 exchange with the atmosphere and changes
due to production or respiration can be neglected. However, alkalinity may change due to
several geochemical processes (Wolf-Gladrow et al., 2007), e.g., calcite precipitation,
nitrification and de-nitrification, inflow of water that has different alkalinity than the lake
water, or vertical mixing, if alkalinity varies with water depth as in Lake Illmensee (Figure
A3.3c in the Appendix 3). All these processes may increase the uncertainty of the metabolic
rates estimated from the diel CO2- technique based on the combination of highly resolved
time series of CCO2 with only a few alkalinity data.
Lake respiration rates are typically more difficult to estimate with the CO2- and
O2-openwater techniques than gross primary production, because RL directly depends on the
night-time net source of DIC or O2, respectively, whereas the estimate of GPPL depends on
the difference between day-time and average night-time net source of DIC or O2,
respectively. If the gradient in the vertical fluxes has the same sign during day and night, RL
is more sensitive to transport processes than gross primary production. Especially the
assessment of fluxes due to mixing near the lake surface is demanding.
Comparison of metabolic rates estimated from diel CO2- and diel O2-technique can
help to improve the reliability of conclusions on metabolic processes and the associated
consumption or release of dissolved oxygen and carbon. For example, during periods of
intense gas exchange with the atmosphere, RL_O,A and RL_C,A may provide the lower and upper
bounds for the true respiration rate if O2 and CO2 are oversaturated. Time periods of calcite
precipitation may be visible in systematic long-term shifts between lake respiration rates
estimated with the diel CO2- and the diel O2-technique.
In this study the comparison of lake metabolic rates indicates that the production of
dissolved oxygen and the uptake of dissolved inorganic carbon associated with gross primary
production agree well in alkaline Lake Illmensee at a pH of ~8.5. Further, dissolved oxygen
in the surface water is not only strongly affected by gas exchange with the atmosphere and
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metabolic processes within the surface layer but also by the transport of dissolved oxygen
from deeper waters that originates from production in deep water. This suggest that lake
respiration rates estimated from the oxygen balance within the surface layer considering gasexchange with the atmosphere but neglecting turbulent transport within the water column
may include parts of the net production from deeper layers that may have occurred at earlier
times. In this case lake respiration rates are underestimated whereas primary gross production
may not be affected if the oxygen flux from deeper layers does not vary within a day.
The long-term average of NEPL_O and NEPL_C were both close to zero. Nevertheless,
CO2 and O2 were oversaturated with respect to atmospheric equilibrium and the system was
emitting both gases at the same time. Apparently, O2 emissions were not dominated by the
current metabolism in the surface mixed layer but mainly linked to vertical transport of
oxygen from an oxygen maximum at ~7-8 m water depth that must have been the result of
net oxygen production at this depth most likely during the build-up of a phytoplankton layer
in the deep water. Similarly, the CO2 emissions were not linked directly to the NEPL_C
estimated from the CDIC in the surface water but resulted from vertical transport of DIC that
had been released in deeper waters and in the anoxic sediments. The comparison of lake
metabolic rates estimated from the diel CO2- and the O2-technique demonstrates that
estimates of NEP based on measurement in the surface water do not reliably indicate system
heterotrophy or autotrophy even if the data cover time periods of two months indicating the
need for seasonal vertically resolved carbon and oxygen-based estimates of metabolic rates.
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Abstract
Inland waters play an important role for regional and global scale carbon cycling and
are significant sources of the atmospheric greenhouse gases methane (CH4) and carbon dioxide
(CO2). Although most studies considered the input of terrestrially derived organic and
inorganic carbon as the main sources for these emissions, anthropogenic sources have rarely
been investigated. Municipal wastewater treatment plants (WWTPs) could be additional
sources of carbon by discharging the treated wastewater into the surrounding aquatic
ecosystems. Here we analyze seasonally resolved measurements of dissolved CH4 and CO2
concentrations in effluents and receiving streams at nine WWTPs in Germany. We found that
effluent addition significantly altered the physicochemical properties of the stream water.
Downstream of the WWTPs, the concentrations of dissolved CH4 and CO2 were enhanced and
the atmospheric fluxes of both gases increased by a factor of 1.2 and 8.6, respectively. The CH4
exported with discharged effluent, however, accounted for only a negligible fraction (0.02%)
of the estimated total CH4 emissions during the treatment process. The CH4 concentration in
the effluent water was linearly related to the organic load of the wastewater, which can provide
an empirical basis for future attempts to add WWTPs inputs to regional scale models for inland
water-carbon fluxes.
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Introduction
Streams and rivers are essential components of regional and global carbon cycles. They
receive large amounts of organic and inorganic carbon (C) from their catchments, a large
fraction of which is returned to the atmosphere as carbon dioxide (CO2) and methane (CH4)
(Raymond et al., 2013; Cole et al., 2007; Aufdenkampe et al., 2011). A relatively small fraction
of the total C is emitted as CH4 (2-4% of the mass of CO2 as a global average) (Cole et al.,
2007; Bastviken et al., 2011). However, due to the 34-fold global warming potential of
atmospheric CH4 in comparison to CO2 over 100 years (IPCC, 2013), the total emission of both
gases are of comparable importance in terms of their contributions to radiative forcing. Because
the majority of the C emitted from rivers and streams was derived from atmospheric CO2 by
terrestrial primary production, its return to the atmosphere as CH4 results in a net increase of
total atmospheric greenhouse gas (GHG) strength.
Current research has been aiming to improve the knowledge on factors and processes
that control the terrestrial-aquatic coupling of carbon fluxes from catchment to global scales
(Hotchkiss et al., 2015; Teodoru et al., 2015; Lauerwald et al., 2013; Humborg et al., 2010).
There is a strong evidence that the input, transformation and evasion of C in inland waters are
affected by anthropogenic activities (Regnier et al., 2013), e.g., land-use changes in the
catchment increase the input of C into rivers (Raymond et al., 2008) and sediment trapping by
dams can cause strongly enhanced CH4 emission rates (Maek et al., 2013).
Besides soil-derived organic and inorganic C and inorganic C from chemical
weathering, sewage inputs have also been considered as an additional anthropogenic C input
to inland waters (Regnier et al., 2013). Current global estimates of the magnitude of this
perturbation are based, however, on the assumption that the anthropogenic sewage enters the
inland waters as untreated wastewater, i.e. in organic form (Regnier et al., 2013; Ver et al.,
1999). This is a rather unrealistic assumption in many parts of the world, where ∼98% of the
organic C is removed from municipal wastewater during treatment processes prior to its
discharge into rivers and streams (Chan et al., 2009). Wastewater treatment plants (WWTPs)
have been demonstrated to be relatively strong, yet poorly constrained, sources of atmospheric
CH4 (Yoshida et al., 2014; Czepiel et al., 1993; Hiller et al., 2014). Anaerobic treatment with
CH4 recovery is widely used for energy production at WWTPs. Theoretical considerations
suggested that anaerobic treatment can lead to large emission rates and large export rates of
dissolved CH4 with effluents (Liu et al., 2014). Direct measurements at one WWTP supported
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this suggestion (Daelman et al., 2012). However, systematic studies of the amounts of CH4 and
CO2 discharged from different WWTPs effluents are not available.
In this study, we quantified the amounts of CH4 and CO2 that are discharged with treated
effluents from municipal WWTPs into aquatic ecosystems. We examined the magnitude and
variability of the concentrations and atmospheric emissions of CH4 and CO2 at the effluents of
nine WWTPs in Southwest Germany over a period of 12 months. The results are discussed
with respect to the contribution of the effluent discharge to (i) the total emission rates of the
WWTPs and (ii) the CO2 and CH4 dynamics in the effluent-receiving streams.

Materials and methods
Study sites and sampling
Overview. Measurements were performed at nine municipal WWTPs in Southwest
Germany (Annweiler, Bellheim, Edenkoben, Germersheim, Hochstadt, Landau, Neustadt,
Offenbach and Ruelzheim) (Figure 4.1), which serve between 5.6 and 90 thousand population
equivalents (Table 4.1).
The WWTPs apply primary (bar screen and primary settler) and secondary
(aerobic/ anaerobic digester and secondary clarifier) treatment. The treatment technology was
consistent among the WWTPs except for two plants (Bellheim and Hochstadt) which were not
equipped with anaerobic sludge treatment for energy production (Table 4.1). We measured the
partial pressure of dissolved carbon dioxide, pCO2, and methane, pCH4, the diffusive air-water
flux of CO2, and additional physicochemical parameters on a monthly basis between March
2014 and March 2015. All measurements were performed in the effluent waters and up and
downstream of the effluent discharge location in the receiving streams.
The downstream sampling sites were located where effluent and stream water were well
mixed. The mixing points were specified based on negligible transversal gradients in specific
conductivity and varied between 30 and 100 m distance from the effluent discharge. The
longitudinal decay of the dissolved gas concentration (CH4 and CO2) downstream of the
WWTP was measured exemplarily at two sampling sites. In addition to monthly measurements,
the short-term variability of CH4 and CO2 dynamics was measured in the effluent and stream
waters of selected WWTPs using continuous measurements over several days.
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Figure 4.1. Location of the studied WWTPs within the stream network of the state of Rhineland Palatinate,
Germany. The region’s WWTPs and the studied WWTPs are denoted by the red and green dots, respectively. The
size of the region’s WWTPs (in population equivalent PE) are denoted by the size of the red dots and ranged
between 20 and 100 thousand PE. The studied WWTPs are labeled as follow: Annweiler (A), Bellheim (B),
Edenkoben (E), Hochstadt (H), Germersheim (G), Landau (L), Neustadt (N) , Offenbach (O) and Ruelzheim (R).

Physicochemical measurements and analyses
In-situ water temperature (°C), dissolved oxygen concentration, DO2, (μM), pH,
specific conductivity (μS cm−1) and redox potential (mV) were measured approximately 10 cm
below the water surface using water quality sensors (see Appendix 4 section 1 for further
details). Water samples were collected for laboratory analyses of dissolved inorganic carbon
(DIC), total and dissolved organic carbon (TOC and DOC) using a Total Carbon Analyzer
(Multi N/C 2100, Analytik Jena, Germany). For DOC and DIC, the samples were filtered using
0.45 μm hydrophilic polypropylene membranes. The procedures for sampling, preparation and
storage were conducted according to the German standard methods for the examination of
water, wastewater and sludge (after DIN 38406; E5.1).
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Table 4.1. Characteristics of the WWTP. PE are population equivalents of the design capacity. RWS is the name
of the receiving stream. Qeff. (L s-1) is the annual mean discharge of effluent water and Qup / Qeff is the ratio of the
annual mean stream discharge at the upstream sampling site to the effluent discharge. DCH4eff and DCO2eff are the
mean dissolved concentrations of CH4 and CO2 in the effluent (µM). BODe and CODe are the removal efficiency
of BOD5 and COD5 (%), respectively. TWO is the total organic in wastewater (kg BOD yr-1) and EE is the methane
emission estimation in kg CH4 yr-1 (Equation A4.5 in the Appendix 4). ECO2cap. (g CO2 yr-1 capita-1) and ECH4cap
(g CH4 yr-1 capita-1) are exported CO2 and CH4 with effluents per capita. Except for the facilities in Bellheim and
Hochstadt, all treatment plants had an energy recovery system based on anaerobic digestion. Where applicable,
the data are provided as mean ± SD.
PE (x103)
RWS
Qeff
Qup /Qeff
DCO2eff
DCH4eff
BODe
CODe
TWO (x105)
EE (x105)
ECO2cap (×103)
ECH4cap

Ruelzheim
41.5
Klingbach
~46
402±142
0.19±10.17
97
92.4
7.07
2.12
0.6±0.06
0.1±0.1

Offenbach
6
Queich
23±3.5
0.2±0.3
655±194
0.3±0.7
99
45
1.7
0.5
3.6±1.5
0.6±1.3

Neustadt
51
Speyrbach
122±37
0.8±0.6
707±105
0.18±0.07
99.6
95.6
14.4
4.33
2.4±0.8
0.25±0.1

Landau
90
Queich
170

Hochstadt Germersheim Edenkoben Bellheim Annweiler
5.6
35
38
14.3
17
Hainbach
Queich
Triefenbach Muhlbach
Queich
17.3±2.3
78.7
56±7
38±8
54±8
1.4±1.4
0.67±0.7
1±0.9
4.9±4.7
688±107 662±178
596±110
575±87
444±97
475±93
0.75±0.45 0.76±0.6
0.28±0.12
1.4±0.6
6.3±5
0.2±0.07
99.3
99.4
99.3
98.7
90
98.9
96.5
97.6
97.2
95
95.9
95.1
25.5
1.58
9.9
10.7
4.05
4.81
7.64
4.75
2.97
3.22
1.21
1.44
1.8±0.3
3.8±2.2
1.9±0.3
1.2±0.2
1.9±0.5
2.2±0.6
0.7±0.4
1.5±1.1
0.3±0.14
0.9±0.4
10±7.8
0.33±0.15

Additional physicochemical parameters of the wastewater inflow and effluents were
obtained from the operational monitoring program of the WWTPs (Table A4.2 in the Appendix
4). The parameters include water temperature, pH and specific conductivity of accumulated
samples over 24 h. Biweekly measurements and monthly mean values of biological oxygen
demand, BOD5, and chemical oxygen demand, COD5, were obtained for the WWTPs (except
for Edenkoben where seasonal mean values were available). The monthly mean volume of
inflowing wastewater and effluent discharge were obtained from continuous monitoring of the
WWTPs. The removal efficiency (%) of BOD5, BODe, and COD5, CODe, was calculated from
the normalized difference of both rates in the inflowing, Inf, and effluent, Eff, waters of the
WWTPs according to Spellman (2014):
Inf − Eff
removal efficiency = (
) ∙ 100%
Inf

(4.1)

Water discharge at the upstream sampling site in the receiving water systems, Qup, (m3 d−1) was
estimated from the measured specific conductivity using a mass-balance approach (dilution
gauging method; Rantz, 1982):
γeff − γdown
Qup. = Qeff. ∙ (
)
γdown − γup

(4.2)

where Qeff (m3 d−1) is the effluent’s discharge, γeff, γdown and γup are the specific conductivities
(μS cm−1) of effluent, downstream and upstream water, respectively.
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Concentrations and fluxes of CH4 and CO2
pCH4 and pCO2 in water samples were measured using the headspace method (Campeu
and Del Giorgio, 2014). The headspace was created in a glass reagent bottle and the gas partial
pressure was measured on-site in a closed gas loop with an ultraportable greenhouse
gas analyzer (UGGA, Los Gatos Research Inc., USA; Figure A4.1 in the Appendix 4;
Gonzalez-Valencia et al., 2014). The gas analyser was factory calibrated in the range of
0.01−100 ppm for CH4 (repeatability 0.6 ppb) and in the range of 1-20 000 ppm (repeatability
< 100 ppb) for CO2. The concentration of dissolved CH4 and CO2 (μM) was obtained by
multiplication of the calculated partial pressures (μatm) of both gases with the solubility
coefficient (mol L−1 atm−1) (Goldenfum, 2011; see Appendix 4 section 1.2).
The annual mean mass of dissolved CH4, ECH4dis, (g CH4 yr−1) and CO2, ECO2dis,
(g CO2 yr−1) exported with the effluent water was calculated as the mean product of dissolved
CH4 and CO2 concentration and effluent discharge. Per capita exported CH4, ECH4cap,
(g CH4 capita−1 yr−1) and CO2, ECO2cap, (g CO2 capita−1 yr−1) of each WWTP was obtained by
dividing the exported rates of both gases by the number of served population.
Atmospheric CO2 fluxes, FCO2, (mg CO2 m−2 d−1) across the air-water interface were
determined using floating chambers (surface area, 0.078 m2; chamber volume, 7.66 L). The
floating chambers were equipped with an internal CO2 logger (ELG, Senseair, Sweden) and
were deployed as triplicates for approximately 30 min. The CO2 logger consisted of a
nondispersive infrared CO2 sensor with a measurement range of 0-5000 ppm, and measured
simultaneously temperature and relative humidity, RH, (%). The nominal operating
temperature of the sensor is 0-50 °C, with a full function at high humidity (noncondensing
conditions). The loggers were operated with 9 VDC batteries and calibrated by the
manufacturer. More information on this particular type of chamber can be found elsewhere
(Bastviken et al., 2015; Lorke et al., 2015). The loggers were calibrated before each
measurement in the range of about 400-5000 ppm by following the procedure described in
Bastviken et al. (2015). The CH4 flux, FCH4, (mg CH4 m−2 d−1) was estimated from the gas
exchange velocity observed in the chamber deployments and measured pCH4 (see Appendix 4
section 1.3).
Bubble Fluxes. An automated bubble trap (ABT, Senect, Germany) was used to
measure the volume of methane emitted as bubbles from the effluent systems. The ABT is
similar to that described by Maeck et al. (2014) and consists of an inverted polypropylene
funnel (diameter: 1 m), a cylindrical capture trap and a custom-made electronic unit equipped
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with a differential pressure sensor. ABT deployment was conducted in the effluent of Bellheim
WWTP from 12th March to 23rd April 2015.
Continuous measurement for pCH4 and pCO2
The short-term (minutes-days) variability of pCH4 and pCO2 in the stream and effluent
water of two selected WWTPs (Bellheim and Neustadt) was measured during three different
campaigns. These WWTPs were selected based on the observed maximum (Bellheim) and
minimum (Neustadt) dissolved CH4 concentration in their effluents during an initial survey.
During the first campaign, dissolved CH4 concentration was measured continuously using two
submersible sensors (HydroC, Contros, Germany) in the effluent and upstream water of
Neustadt WWTP between 22nd July and 1st August 2014. Continuous measurements of
dissolved oxygen concentration and water temperature were simultaneously obtained from
temperature-oxygen loggers (MiniDOT, Precision Measurement Engineering, USA), which
were deployed directly in the corresponding water system.
During the second campaign pCH4 and pCO2 were measured in the effluent water of
Bellheim WWTP for 5 days (from 28th October to 3rd November 2014). Both gases were
measured with a UGGA gas analyzer in a closed gas loop connected to a flow-through
membrane contactor (Mini- Module, Liqui-Cel, USA; Roehm et al., 2009). The effluent water
was pumped through the contactor at a flow rate of ∼1-3 L min−1. The third campaign consisted
of a long-term deployment of a floating chamber to obtain continuous measurements of pCH4
and pCO2 in the chamber head space, which was assumed to be in equilibrium with the surface
water. The chambers were installed from 8th to 11th December 2014 in the effluent canal of
Bellheim WWTP. The pCH4 and pCO2 in the chamber headspace were measured with the
UGGA gas analyzer in a closed gas loop. The response time of the chamber depends on the
local gas exchange velocity and on gas solubility, and it was estimated to be in the order of
∼0.23 h for CO2 and ∼3.8 h for CH4.
The three different methods applied during the continuous measurement campaigns
were chosen based on instrument availability. All three methods have shown good agreement
with the headspace sampling technique used during the monthly campaigns over a wide range
of dissolved gas partial pressures and water chemical properties, including high concentrations
of dissolved organic carbon (Gonzalez-Valencia et al., 2014; Goldenfum, 2011; Abril et al.,
2015).
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Downstream gas loss rate
The residence time of the exported CH4 and CO2 in the receiving streams was estimated
for the WWTP in Landau and Edenkoben. By assuming first-order decay of an initial CH4 and
CO2 concentration at the downstream sampling site, where effluent and stream water are well
mixed, the longitudinal gas loss rate, γ, (m−1) can be estimated as (Crawford et al., 2014).
C(d)
ln ( C )
0
γ =−
d

(4.3)

where C(d) is the gas concentration measured at the distance, d, (m) from the downstream
sampling point and C0 is the concentration measured at the downstream sampling point. In
addition to C0, C(d) was measured at a distance of 50 m down from C0 during the monthly
measurements at Landau and Edenkoben WWTPs. We used γ to estimate the longitudinal
decay length at which the concentration of both gases has decreased to the respective upstream
concentration.
Estimation of WWTP CH4 emissions
To quantify the relative importance of CH4 exported in effluents to the total CH4 footprint of
the WWTPs, the emissions during wastewater treatment were estimated according to the
method proposed by the IPCC (2006), Tier 1 method, with default values for the activity
parameters and the emission factor. The emission factor relates the in-plant methane production
rate to the BOD of the treated wastewater (see Appendix 4 section 1.4 for further details).
Statistical analyses
A significance level of p = 0.05 was considered for all statistical tests, unless stated
otherwise. The Shapiro-Wilk normality test was performed prior to parametric statistical
analysis. Analysis of covariance (ANOVA) was used to test the temporal and spatial variability
among the sampling sites and monthly measurements. All statistical analyses were performed
with the software OriginPro 9.1.
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Results
Influence of effluent on physicochemical properties of stream water
The nine WWTPs received wastewater from 298 thousand population equivalents and
discharged a total amount of 20 million m3 of effluent water annually. The average amount of
treated wastewater was 67 m3 yr−1 capita−1.
The effluent was diluted by stream water in the receiving aquatic system, and the
average ratio of upstream and effluent discharge rates ranged between 0.2 and 5 (Table 4.1).
However, the effluent discharge exceeded the upstream discharge at 2 out of 6 sampling sites.
The effluent additions had significant effects on all measured physicochemical properties of
the stream waters. On average, the downstream waters had higher temperature (+1.5 °C), DOC
(+0.46 mg L−1) and DIC (+4.3 mg L−1) concentration, and lower DO2 concentration
(−18.75 μM) in comparison to the upstream sites (Figure 4.2). The mean pH at the downstream
sites (7.6 ± 0.5) was lower than at the upstream sites (7.9 ± 0.3) (Figure A4.4; Table A4.3 and
Table A4.4 in the Appendix 4), which could be associated with the increase in DIC. Electrical
conductivity and redox potential at the downstream sites were higher than at the upstream sites
(Figure A4.4 in the Appendix 4).

The concentration of dissolved CO2 in the effluent, DCO2eff, downstream, DCO2dow, and
upstream, DCO2up, samples exceed the atmospheric equilibrium CO2 concentrations by a factor
of 34 ± 11, 15 ± 12 and 4 ± 2, respectively (Figure 4.2; Figure A4.5 in the Appendix 4). Annual
mean values of DCO2eff were on average ten times higher than at the upstream sites. 89% of
the downstream samples had higher CO2 concentration than the corresponding upstream
samples; the average concentration difference was 189 μM.
Supersaturation ratios of dissolved CH4 in effluent, downstream and upstream samples
were 356 ± 756, 181 ± 207 and 149 ± 208, respectively. In 47% of the samples, dissolved CH4
at the upstream sampling sites, DCH4up, was higher than in the effluent water, DCH4eff. DCH4eff
ranged between 0.027 and 17.4 μM with a total average of 1.2 ± 2.5 μM (Figure 4.2). Most of
the downstream samples (89%) had higher dissolved CH4 concentrations, DCH4dow, than the
upstream samples and increased on average by a factor of 1.7 ± 2 (Figure A4.6 in the Appendix
4).
In accordance with the high supersaturation ratios, the measured fluxes of CH4 and CO2
were positive, i.e., the water body was always a net source to the atmosphere. The highest mean
fluxes were observed in the effluent canals. The mean CH4 and CO2 fluxes at the downstream
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sampling sites exceeded the fluxes measured upstream by a factor of 1.2 and 8.6, respectively.
The measured gas exchange velocities, k600, were not statistically different among the sampling
sites and during the monthly sampling dates.

Figure 4.2. Comparison of various physico-chemical properties observed in the WWTP effluents (Effl, black)
and in stream water up- (Up, green) and down- (Down, blue) stream of the effluent discharge in the receiving
stream. The diamond-shaped boxes show the 25 and 75 percentile range. The whiskers extend this range by a
factor of 1.5 and data beyond this extended range are not shown. The median and mean values are marked by
horizontal lines and open squares, respectively: (a) temperature (T), (b) dissolved oxygen concentration (DO2),
(c) dissolved organic carbon (DOC), (d) dissolved inorganic carbon (DIC), (e) dissolved CO2 concentration
(DCO2), (f) dissolved CH4 concentration (DCH4), (g) CO2 flux (FCO2) and (h) CH4 flux (FCH4).
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Seasonal variations and correlations
Although the effluent discharge was relatively constant throughout the year at all
WWTPs (Table 4.1), the discharge in the streams varied between months with maximums in
January and February at most sites. Water temperature varied seasonally in the effluent and in
stream water with maximums and minimums in June 2014 and February 2015, respectively.
Dissolved CH4 and CO2 concentrations in the stream and effluent waters showed
seasonal variations, with maximum values during summer (June and July; Figures A4.5 and
A4.6 in the Appendix 4). The excess DCO2, i.e., difference between water concentrations and
atmospheric equilibrium dissolved concentrations, was positively correlated to water
temperature at the upstream sampling sites but negatively correlated to the excess DO2 at both
downstream and upstream sampling sites (Figures 4.3a and 4.3c). There were no strong
relationships between DCH4 and DCO2 with redox potential, TOC, DOC and DIC (some of
these correlations were significant for p <0.05, but had a Pearson correlation coefficient
r <0.35, which indicates very low predictive power). Excess DCH4 was positively correlated
to temperature at the downstream and upstream sites and negatively correlated to excess DO2
at most of the sampling sites (Figures 4.3b and 4.3d). Significant positive correlations were
observed between excess DCH4 and DCO2 at the upstream sampling sites.
Short-term variations, ebullition and downstream loss rates
Short-term variations during four to nine days of continuous DCH4 measurements in
the effluent and at the upstream sampling sites of two selected WWTPs were smaller or
comparable in magnitude to the seasonal variations observed during the monthly sampling
campaigns (Figure 4.4). The measurements conducted in July at Neustadt WWTP indicated
that upstream CH4 concentrations exceeded those in the effluent (Figure A4.2 in the Appendix
4). In contrast to the upstream sites, the effluent showed a pronounced diurnal pattern with
elevated CH4 and low O2 concentrations during the night (see Appendix 4 section 2.1.1). Less
short-term variability and no diurnal DCH4eff variations were observed during the two
measurement periods at Bellheim WWTP in October and December (Figure 4.4b; see
Appendix 4 section 2.1.2).
Emissions via gas bubbles were below the detection limit of the ABT (<13.5 mmol CH4
m−2; this limit derived for a temperature of 20°C, a pressure of 1 atm and 80% CH4 content of
the captured gas; Maeck et al., 2014), indicating that there was negligible CH4 ebullition during
the deployment period in the effluent water of Bellheim WWTP. At the other WWTPs,
ebullition was not observed either. However, ebullition measurements were not spatially
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representative and thus, more detailed studies are required to estimate the potential contribution
of ebullition to the total CH4 emissions from the streams and effluents.

Figure 4.3. Relationships between (a) excess DO2 and excess DCO2, (b) excess DO2 and excess DCH4, (c) excess
DCO2 and water temperature (T) and (d) excess DCH4 and T. Data from all nine WWTPs are shown; the colors
indicate the sampling location: effluent (black), downstream (blue), and upstream (green).

The mean loss rates, γ, of DCH4 and DCO2 downstream of the Landau WWTP were
(5.3 ± 3) × 10−3 m−1 and (1.7 ± 1) × 10−3 m−1, respectively. The estimated distance at which the
downstream CH4 and CO2 concentrations approached the corresponding concentrations
upstream of the WWTP ranged between 0.5 to 5.5 km (mean value 1.6 ± 1.6 km), and 1 to
11.9 km (mean value 3.8 ± 3.6 km), respectively. During the measurements at Edenkoben
WWTP, the upstream water samples had higher DCH4 and DCO2 concentrations than those of
the effluent water at the time of sampling and therefore, no loss rate was estimated for these
measurements.
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Variations among WWTPs
Dissolved CH4 and CO2 concentrations in the effluent varied strongly among the
different WWTPs. Minimum and maximum annual mean DCO2eff values were observed at the
WWTPs of Ruelzheim and Neustadt, respectively (Table A4.3 in the Appendix 4).
Exceptionally high CH4 concentrations were observed in the effluents of the Bellheim WWTP
(Figures A4.5 and A4.6 in the Appendix 4), where the effluent raised the CH4 concentrations
of streamwater by an average factor of 15. Maximum and minimum values of DCH4up were
observed in Annweiler (July 2014) and in Neustadt (February 2014), respectively.

Figure 4.4. Comparison of short-term and annual variability of DCH4. (a) During the first field campaign at the
effluent (Effl) and upstream (Up) sampling sites at Neustadt WWTP (Ann. refers to the annual variations observed
during the monthly sampling). (b) During the second field campaign (Oct.), the third field campaign (Dec.) and
during the entire year (Ann.) at Bellheim WWTP. The diamond-shaped boxes show the 25 and 75 percentile
range. The whiskers extend this range by a factor of 1.5 and data beyond this extended range are not shown. The
median and mean values are marked by horizontal lines and open squares, respectively.

Mean COD5 of effluent was 20.3 × 103 μM and ranged between 6.5 and 29 × 103 μM
(Table A4.2 in the Appendix 4). COD5 removal efficiency was ∼93% in most of the WWTPs
(Table 4.1). There was no significant correlation between mean COD5 of the inflowing
wastewater and the mean dissolved CH4 concentration in the effluents (p > 0.1; Figure 4.5). By
excluding the measurements made at Bellheim WWTP from the analysis, the correlation
became significant (p < 0.05, r2 = 0.8) and the following linear relationship between DCH4eff
(μM) and COD5 (μM) in the inflowing wastewater could be derived:
DCH4eff. = 2.37 ∙ 10-5 ∙ COD5 − 0.09

(4.4)

80

Chapter 4

Figure 4.5. Relationship between annual mean CH4 concentration in the effluent, DCH4eff, and mean COD5 of the
untreated wastewater. The letters denote to the nine investigated WWTPs: Annweiler (A), Bellheim (B),
Edenkoben (E), Germersheim (G), Hochstadt (H), Landau (L), Neustadt (N), Offenbach (O) and Ruelzheim (R).
The dashed line represents a linear correlation between COD5 and DCH4eff by excluding the measurements made
at Bellheim WWTP from the analysis (p < 0.05, r2 = 0.8, slope = 2.37 ×10-5 µM CH4 (µM COD5) -1).

The annual mass of dissolved CO2 exported with the WWTP effluents, ECO2dis, varied
strongly among the nine WWTPs and was on average of 60 ± 50 Mg CO2 yr−1. Mean exported
CO2, ECO2cap, of the nine WWTPs was 2.8 ± 3 kg CO2 capita−1 yr−1 (Figure 4.6a, Table 4.1).
The annual mass of CH4 exported with the effluents of the nine WWTPs, ECH4dis, was on
average of 30.9 ± 40.7 kg CH4 yr−1 corresponding to 1.6 ± 2.7 g CH4 capita−1 yr−1 (Figure 4.6b,
Table 4.1).
The mean CH4 emission during the treatment process of the nine WWTPs was estimated
to be 266 ± 227 Mg CH4 yr−1, and ranged from 47.5 to 764 Mg CH4 yr−1 (Table 4.1). Hence,
0.02% (range = 0.002-0.1%) of the total estimated CH4 emission during the treatment process
was exported in dissolved form with the effluent.
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Figure 4.6. Per capita export of (a) CO2 and (b) CH4 via the effluent of the different WWTPs. The diamondshaped boxes show the 25 and 75 percentile range. The whiskers extend this range by a factor of 1.5 and data
beyond this extended range are not shown. The median and mean values are marked by horizontal lines and open
squares, respectively.

Discussion
CH4 and CO2 exported from the treatment plants
The export of dissolved CH4 with effluent discharge accounts for only a negligible
fraction of the estimated total CH4 emissions of the WWTPs. This general finding is neither
affected by the high variability of export rates among the WWTPs nor by the high uncertainty
(50%), which is associated with the emission factor with country-default parameters (Hiller et
al., 2014). Extensive flux measurements showed that the actual CH4 emissions from WWTPs
may substantially deviate from the value obtained from the IPCC Tier 1 method (Daelman et
al., 2013). The linear correlation observed between CODinf and DCH4eff, however, can be
considered as a confirmation of the linear relationship between the total organic carbon in
wastewater and the CH4 production during the treatment processes (Equation A4.5 in the
Appendix 4). The negligible fraction (0.02%) of DCH4eff relative to the in-plant CH4 emission

82

Chapter 4

provides experimental support for the assumption made in existing approaches for estimating
plant-scale CH4 emission rates based on point-wise measurements and mass balances, where
the dissolved CH4 exported in effluents is neglected (Czepiel et al., 1993; Daelman et al., 2012;
Yver Kwok et al., 2015).
CH4 production during wastewater treatment depends mainly on the quantity of
degradable organic material (measured as BOD5 and COD5) in wastewater, the temperature,
the type of treatment, and particularly on the extent to which the wastewater is treated
anaerobically (IPCC, 2006). Plant-scale emission measurements have shown that anaerobic
sludge treatment comprises a major in-plant source for atmospheric CH4 emissions (Daelman
et al., 2012; Yver Kwok et al., 2015). It has been suggested that a large fraction of the CH4
produced during anaerobic digestion will be in dissolved form (Liu et al., 2014). The CH4
concentrations measured in the effluents of the present study, however, were more than 2 orders
of magnitude smaller than those estimated by Liu et al. (2014). We attribute this large
difference to the fact that the authors estimated the dissolved fraction of CH4 by assuming a
partial pressure of 1 atm (pure CH4 atmosphere). This is a very unlikely situation due to the
very low solubility of CH4 in comparison to, e.g., CO2. The CH4 partial pressure in the effluent
water was always below 10.8 × 103 μatm in our observations. However, it cannot be excluded
that the majority of formerly dissolved CH4 was emitted within the WWTP, before the effluents
reached our sampling sites. It can be expected that the in-plant emissions from the effluent
water prior to our sampling were strongly affected by the hydraulic design, flow velocity and
aeration conditions in the particular WWTP (Figure A4.7 in the Appendix 4). Variations in
constructional features provide a potential explanation for the large differences in the specific
amounts of CH4 exported with the effluents from the WWTPs (Figure 4.6). For instance, the
direct discharge of the effluent water into the receiving stream (e.g., at Neustadt WWTP) at a
moderate or high flow velocity caused enhanced degassing of CH4. This was apparent from the
low DCH4eff values at Neustadt WWTP (Appendix 4 section 2.1.1). Much higher DCH4eff was
observed at Bellheim WWTP, where the effluent was stored in a storage tank prior to discharge
(Appendix 4 section 2.1.2). The hydraulic design of the tank outflow was less turbulent,
resulting in less degassing. Storage tanks also extend the water retention time, which has been
shown to be a key factor modulating CH4 production in sewers (Sun et al., 2015). The
exceptionally high specific export rate at Bellheim WWTP could also be related to the fact that
this treatment plant receives ∼20% of its wastewater from a brewery. However, we could not
identify specific differences in the physicochemical properties of the wastewater in Bellheim
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in comparison to those measured in the other WWTP. Further studies are needed to investigate
the exact factors and processes that cause the high discharge of CH4 from this plant.
Variations of dissolved CH4 concentrations in the effluents of the remaining WWTPs
could partially be explained by a correlation with the COD5 of the inflow wastewater among
the plants (Figure 4.5). This indicates that the quality of the wastewater has some effect on the
dissolved CH4 in the effluent. The diurnal variations of dissolved CH4 concentration observed
in the effluents are in accordance with diurnal variations of CH4 emissions from WWTPs
during different treatment steps (Daelman et al., 2012). Comparative studies including three
treatment plants in The Netherlands pointed toward higher emission factors from WWTPs,
which apply anaerobic sludge treatment for biogas production and energy recovery (Daelman
et al., 2013). We did not find an indication for lower CH4 discharge rates in two of the nine
WWTPs, which had no anaerobic sludge digester (Bellheim and Hochstadt, Table 4.1).
In contrast to CH4, significant amounts of inorganic carbon were exported from the
WWTPs as DIC and excess CO2 in the effluents. The mole fraction of BOD of the wastewater,
which was exported as DIC with the effluent water, was 3.3-14.4% indicating that export by
effluent water might be a more significant component of the WWTPs carbon budget.
CH4 and CO2 imported by the receiving streams
In contrast to the negligible relative importance for the treatment plant CH4 and C
budgets, the effluent water significantly affected downstream CH4 and CO2 concentrations and
emission rates in the receiving streams. Although CO2 concentration and fluxes increased
consistently several-fold in comparison to the upstream sampling locations, the average
increase of CH4 concentrations and fluxes was more variable among the WWTPs. Most of the
downstream samples (89%) had higher CH4 concentration than the upstream samples. This
concentration increase could be partially explained by the addition of effluent water, which had
higher CH4 concentrations than the upstream samples in only 53% of the samples. The
unexplained concentration increase at some of the sites suggests enhanced CH4 production in
the stream section between the up and downstream sampling sites, which could potentially be
attributed to the additional organic carbon load in the effluent water. Enhanced emission rates
of nitrous oxide (N2O) have been observed downstream of a WWTP in a large river (Beaulieu
et al., 2010), but to the best of our knowledge no study has so far quantified the effect of
WWTPs effluent on downstream emissions of CH4 and CO2.
The median value of the CH4 fluxes measured at the downstream sampling sites
(13 mg CH4 m−2 d−1) was comparable to the mean flux assigned to streams in the temperate
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zone in a global estimation of freshwater CH4 emissions (13.3 mg CH4 m−2 d−1; Bastviken et
al.,2011). Measured fluxes of CO2 were smaller than the global mean value for streams in the
temperate zone (2.6 × 104 mg CO2 m−2 d−1; Aufdenkampe et al., 2011). Hence, the fluxes of
both greenhouse gases measured at the downstream sampling sites were not exceptionally high
in comparison to global figures, but were significantly higher than the fluxes measured
upstream of the WWTPs at most study sites.
Despite the significant effect of WWTPs effluent on the downstream concentration of
dissolved gases, the gas concentration in the stream water measured at the up- and downstream
sampling sites had similar characteristics. Surface water excess CH4 and CO2 were positively
correlated at most down- and upstream sampling sites. Such correlation has also been observed
in the Amazon River (Richey et al., 1988), in African inland waters (Borges et al., 2015), and
in boreal lakes (Campeu et al., 2014). The observed negative correlation between both DCH4
and DCO2 with DO2 is an indication of the importance of stream metabolism for the dynamics
of both gases.
The flow length over which the CH4 and CO2 concentrations were affected by the
effluent discharge was estimated at one WWTP, resulting in a decay length of up to 5.5 and
11.9 km for DCH4 and DCO2, respectively. However, applying the gas loss rate measured at
the Landau WWTP to the high CH4 concentration measured in Bellheim, results in a decay
length of 9.6 km. To assess the potential importance of WWTP effluent on GHG concentration
and fluxes in rivers and streams, we divided the total length of rivers and streams in Germany
(127 × 103 km; BMU, 2010) by the total number of WWTPs (10 × 103; bmub), which results
in an average density of one treatment plant every 12.7 km. Because the decay length can be
expected to depend on the flow velocity and on the gas exchange velocity in the receiving
aquatic system, the limited measurements obtained in the present study may not be
representative. Nevertheless, the close agreement between the decay length and the larger-scale
WWTP density demonstrates the potential extent, to which CO2 and CH4 emissions from
streams and rivers are affected by effluents.
Current approaches for connecting terrestrial and aquatic carbon budgets at the
landscape scale have mainly focused on the input of organic and inorganic carbon from
terrestrial ecosystems as the major controlling factors (Teodoru et al., 2015; Lauerwald et al.,
2013; Humborg et al., 2010). Our findings suggest that WWTPs can be important point sources
for CH4 and CO2 of receiving water systems at regional scales, which should be taken into
consideration in future assessments. From this perspective, an improved understanding of the
operational and constructional parameters of WWTPs, which eventually control the strongly
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variable plant-specific export rates of CH4, is required. The observed correlation between
DCH4eff and COD5 of the untreated wastewater may provide an empirical basis for future
attempts to add WWTPs inputs to regional scale models for inland water-carbon fluxes.
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General discussion and perspectives

Methane represents, together with CO2, the gaseous phase of the global carbon cycle
and is the third most important greenhouse gas (following water vapor and CO2). Lakes are
considered one of the largest natural sources of the global methane budget (Bastviken et al.,
2004; Luyssaert et al., 2012). However, estimates of global methane emissions from lakes
and the contributions of different pathways are currently under debate. Periods of
stratification can produce anoxic conditions in the deep water of lakes and thus larger
quantities of dissolved methane can be stored in the anoxic hypolimnion. There is
controversy surrounding how much stored methane is emitted into the atmosphere and how
much is oxidized during overturns in lakes. Hence, some studies assume that all of the
methane stored in the water column is eventually emitted to the atmosphere (Bastviken et al.,
2004), whereas others have suggested that a major fraction of the stored methane is oxidized
during overturns (Schubert et al., 2012; Kankaala et al., 2007; Utsumi et al., 1998).
The dynamics of dissolved methane over an entire year in Mindelsee and a
comparison of the different time periods demonstrate the importance of the overturn period in
annual methane emissions into the atmosphere (Chapter 1). Vertical transportation during
this period was sufficiently fast as to cause high dissolved methane concentrations in the
upper portion of the water column and therefore high, diffusive methane emissions. Thus,
average emissions during the main overturn period increased to ~200 mg m−2 day−1.
Compared with methane emitted during the rest of the year (~10 mg m−2 day−1 during the
summer, ~1 mg m−2 day−1 during the winter mixing period, and ~5 mg m−2 day−1 during the
beginning of stratification), the overturn dominated the annual methane emission in
Mindelsee.
According to fluxes derived from the relation presented by Cole and Caraco (1998)
which represent lower methane emissions, ~46% of methane stored in the water column of
Mindelsee is released into the atmosphere during the autumn overturn, and the other half may
be oxidized within the water column. This conclusion is in contrast to those of several studies
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which have claimed that a major fraction (74-88%) of the stored methane is oxidized
(Schubert et al., 2012; Kankaala et al., 2007; Utsumi et al., 1998), and also to studies that
assume that all of the stored methane is emitted into the atmosphere (Bastviken et al., 2004).
Such different estimations suggest that the fraction of stored methane that is oxidized
and emitted during overturns may differ substantially between lakes. However, differences
between studies can also be explained by variations in emission and oxidation rates between
years within the same system. Thus, a better estimation of different rates would benefit from
an assessment of the overturns within the same lake across different years.
Estimations of CH4 emissions are based on empirical relations to calculate gas transfer
velocities of methane. Although the different models agree in the amount of methane released
into the atmosphere, these empirical relations imply uncertainties in emission estimations.
The development of new systems to directly measure CH4 fluxes opens the possibility of
calculating transfer velocities for specific systems from direct measurements, which would
improve the estimation of CH4 emissions from lakes.
Anoxic conditions in the deep water appear to be a key factor in determining the
amount of methane that can be released during the autumn overturn, and therefore, the
amount of dissolved methane released into the atmosphere. Hence, longer periods of
stratification are more likely to produce anoxic conditions in the hypolimnion of lakes,
implying that larger quantities of stored, dissolved methane can be released during overturn
periods. Periods of summer stratification are predicted to increase due to climate change
(Magnuson et al., 2000), and therefore, longer periods of hypoxia are expected to occur in the
deep waters of temperate lakes. As a result, an increase in methane storage will take place,
which will then be released during overturn periods. This suggests that climate change could
increase the emissions of methane into the atmosphere during autumn overturns, creating a
positive feedback mechanism that enhances climate warming.
Therefore, the effect of climate change in stratification periods is expected to be much
greater in lakes that develop an annual anoxic deep water zone than in lakes with an oxic
water column throughout the year. This suggests that an assessment of the role of methane
emissions from lakes in the global methane budget, and of the potential impact of climate
warming on methane emissions from lakes, would benefit from distinguishing between lakes
with oxic and anoxic conditions in the deep water.
As explained in the beginning of the current section, the contribution of different
pathways to methane emissions from lakes is currently under debate. Several studies show an
oversaturated CH4 concentration located in the oxic epilimnion that is typically higher than in
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the oxic hypolimnion (Luyssaert et al., 2012; Bogard et al., 2014; Blees et al., 2015; Schulz et
al., 2001). This situation has been taken as an indication of the in-situ production of CH4 in
oxic waters (Bogard et al., 2014; Schulz et al., 2001). Moreover, this methanogenesis in oxic
waters has been suggested to be a significant component of the overall CH4 budget in small,
shallow lakes, and the main source of CH4 in large, deep lakes (Bogard et al., 2014).
However, the current study, conducted in seven lakes located in southern Germany, appears
to describe a completely different picture (Chapter 2).
In the basins of all seven lakes, the mean ratio between the CH4 concentration in the
shallow areas and the concentration in the deepwater zone is significantly larger than 1
(p value <0.05). Furthermore, this ratio significantly increases with the surface area of the
deepwater zone (p value <0.05, R2 = 68%). According to a multiple linear model, the ratio
between the area of the shallow zones and the total area of the basin is significantly correlated
with the neperian logarithm of mean surface water CH4 concentrations in the entire basin
(p value <0.01). This analysis shows the importance of the shallow areas and suggests that
these areas (and hence, shallow sediments) are the main inputs for the methane concentration
in the upper part of the water column. Moreover, the ratio between the area of the shallow
zones and the total area of the lakes appears to be a better predictor of the mean basin-wide
methane concentration, and hence, of the basin-wide diffusive CH4 emissions from lakes,
than the area, the typically used estimator (Bastviken et al., 2011).
Analysis of the dataset from the seven lakes indicates a significant positive
correlation between CH4 concentrations and water temperature (p-value <0.01). Hence, CH4
concentrations increase exponentially with water temperature
The studies conducted in Königseggsee, Illmensee, and Mindelsee with respect to the
relationship between CH4 and Chl-a concentrations provide three, opposing results: a
significant negative correlation in Königseggsee, a significant positive correlation in
Illmensee, and no correlation in Mindelsee. This results does not provide consistent evidence
of in-situ CH4 production in oxic waters linked to algal dynamics in lakes (Bogard et al.,
2014).
Both the study focusing on the vertical dynamics of methane in Lake Mindelsee
(Chapter 1) and the study analysing the horizontal distribution of methane in seven different
lakes (Chapter 2) contribute to a new vision of the often controversial spatio-temporal
distribution of methane in lakes. Hence, the first two chapters of the current thesis suggest
that global estimates of CH4 emissions from lakes require seasonally and spatially resolved
CH4 data. Furthermore, the study suggests that shallow water zones are the more likely
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explanation for the methane paradox, i.e. CH4 concentrations typically oversaturated and
higher in the oxic epilimnion than in the oxic hypolimnion. The study suggests that
assessments of the role of methane emissions from lakes in the global methane budget, and of
the potential impact of climate change on methane emissions from lakes, would benefit from
both a distinction between lakes with oxic and anoxic conditions in the deep water, and a
categorization of CH4 fluxes according to the ratio between the surface area of the shallow
water zone and the total surface area.
An assessment of lake metabolisms contributes to understandings of the mass and
energy balance of the entire ecosystem which is an important factor affecting CO2 emissions
from lakes into the atmosphere (Cole et al., 2007; Tranvik et al., 2009). The diel
O2-technique and the more recent diel CO2-technique are two of the main techniques used to
estimate metabolic rates.
The study conducted in Illmensee (Chapter 3) suggests that both techniques are
complementary methods for the estimation of metabolic rates in lakes.
Rate estimations using the diel CO2-technique are less sensitive to gas exchange and it
is not restricted to oxygenated regions. However, this technique requires additional
measurements for accurate estimations of metabolic rates. Thus, without highly resolved time
series of pH or alkalinity, metabolic rates estimations may have high uncertainties.
Dissolved O2 in the upper portion of the water column is affected by both gas
exchange with the atmosphere and the transportation of dissolved oxygen from deeper water
zones. Hence, estimations of lake metabolism are highly dependent on vertical transport
within the water column.
A comparison of metabolic rates suggests that the use of the diel O2-technique and the
diel CO2-technique as complementary methods can help to improve the reliability of
conclusions regarding metabolic processes. Furthermore, due to the relevance of the vertical
transport of oxygen and dissolved inorganic carbon from deep waters, estimations of lake
metabolisms may benefit from seasonal, vertical, resolved carbon and oxygen-based
estimates of metabolic rates.
According to the study conducted in Illmensee (Chapter 3), the use of the diel O2technique and the diel CO2-technique combined with alkalinity measurements, new systems
to directly measure CO2 emissions, and the development of new instruments to measure
highly resolved time series of pH, reduce uncertainties in the estimation of metabolic rates.
This leads to a better understanding of the overall lake metabolism and therefore of the mass
and energy balance of these freshwater ecosystems.
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Quantification of the amount of CH4 and CO2 discharged with treated effluents
(Chapter 4) shows that most CH4 is emitted within wastewater treatment plants. In contrast,
significant amounts of inorganic carbon are exported as CO2 in the effluent water, increasing
downstream CO2 concentrations. This effect suggests wastewater treatment plants are
important sources of CO2.
Although most of the methane produced during the treatment process is emitted
within wastewater treatment plants, effluent water significantly increases downstream CH4
concentrations. Hence, wastewater treatment plants increase CH4 concentrations in receiving
streams by discharging effluent water with high CH4 concentrations, or by enhancing CH4
production due to additional organic carbon loads in effluent water.
The study conducted in nine different wastewater treatment plants suggests that
approaches to connecting terrestrial and aquatic carbon budgets may benefit from taking into
account treatment plants as relevant point sources for CH4 and CO2. Hence, an improved
understanding of the operational and constructional parameters of wastewater treatment
plants, which eventually control the strongly variable plant-specific export rates of CH4, is
necessary.

Summary

This thesis aims to examine the gaseous phase of the carbon cycle within lakes and
rivers to gain knowledge of the spatial and temporal distribution of CO2 and CH4, as well as to
assess the relevance of anthropogenic sources on CO2 and CH4 emissions from these kind of
freshwater systems. To this end, CH4 and CO2 concentrations have been measured during
different seasons in several lakes and rivers located in southern Germany.
The dynamics of dissolved methane over an entire year in Mindelsee reveal the
importance of the autumn overturn period for annual methane emissions to the atmosphere.
This study demonstrates that the anoxic conditions that appear during stratification periods in
the deep water of lakes determine the amount of methane that can be released during autumn
overturn and therefore, the amount of dissolved methane emitted into the atmosphere. Hence,
longer periods of stratification (as predicted as a result of climate change) will increase the
amount of methane emitted into the atmosphere during autumn overturns. This statement
suggests that climate change could increase emissions of methane into the atmosphere during
autumn overturns, creating a positive feedback mechanism that enhances climate change.
The measurements of surface methane concentrations in seven different lakes suggest
that sediments located in the shallow areas of lakes are the main input of methane
concentrations in the upper area of the water column and therefore, important sources of
methane that are going to be emitted into the atmosphere. Furthermore, the ratio between the
area of the shallow zones and the total area of the lakes appears to be a better predictor of the
mean basin-wide methane concentration and hence, of the basin-wide diffusive CH4 emissions
from lakes, than the area, the estimator that is been typically employed. This suggests that an
assessment of the role of methane emissions from lakes in the global methane budget would
benefit from a categorization of CH4 fluxes according to the ratio between the surface area of
the shallow water zone and the total surface area.
Long-term data on dissolved CO2 and O2 concentrations is measured in the small
Illmensee. This dataset is used to calculate metabolic rates using the diel O2-technique and the
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Summary

diel CO2-technique. The results suggest that these techniques are relevant, complementary
methods for the estimation of metabolic rates and therefore viable methods to gain knowledge
of the overall lake metabolism. Thus, the combination of both the diel O2-technique and the
diel CO2-technique likely reduces uncertainties in the estimation of metabolic rates, leading to
a better understanding of the mass and energy balance of lakes.
The effect of anthropogenic sources of carbon is assessed in nine wastewater treatment
plants. Thus, the amount CH4 and CO2 discharged with treated effluents is quantified. This
study highlights wastewater treatment plants as relevant sources of CH4 and CO2 and suggests
that approaches to connecting terrestrial and aquatic carbon budgets may benefit from
including these systems in their estimations. This study also reveals that most CH4 produced
during the treatment is emitted within the wastewater treatment plant, suggesting that a better
understanding of the operational and constructional parameters of water treatment systems is
required.
To conclude, this thesis increases knowledge concerning the spatial and temporal
distribution of CO2 and CH4, as well assesses the relevance of anthropogenic sources on CO2
and CH4 emissions from lakes and rivers. Hence, this study improves assessments of the role
of CO2 and CH4 emissions from freshwater systems in the global carbon budget and of the
potential impact of these systems on climate change. Furthermore, this thesis suggests a
methodology based on both O2 and CO2 measurements to assess lake metabolisms.

Zusammenfassung

Das Ziel dieser Arbeit ist es die gasförmigen Zustände des Kohlenstoffkreislaufs
innerhalb von Seen und Flüssen zu verstehen, um dadurch Schlüsse über die räumliche und
zeitliche Verteilung von CO2 und CH4 zu erhalten, sowie die Relevanz anthropogener
Quellen für CO2 und CH4 Emissionen aus Süßwassersystemen zu verdeutlichen. Hierfür
wurden CH4 und CO2 Konzentrationen zu unterschiedlichen Jahreszeiten und in
unterschiedlichen Seen und Flüssen im Süden von Deutschland untersucht.
Die Dynamik von gelöstem Methan über ein ganzes Jahr und Vergleiche der
Konzentrationen während unterschiedlichen Jahreszeiten im Mindelsee zeigen den Einfluss
der Herbstdurchmischung auf die jährliche Methanemission in die Atmosphäre. Diese
Untersuchungen verdeutlichen, dass die anoxischen Bedingungen in den Tiefwasserzonen
von Seen, welche während der Stratifikation entstehen, die Menge an gelöstem Methan, dass
später an die Atmosphäre abgegeben werden kann, bestimmt. Daraus lässt sich schließen,
dass durch längere Zeiten von Stratifikation, wie sie als Folgen des Klimawandels
vorhergesagt werden, die Menge an Methan, welches an die Atmosphäre abgegeben wird
steigen

wird.

Diese

Untersuchungen

sprechen

dafür,

dass

der

Klimawandel

Methanemissionen an die Atmosphäre als Folge der Herbstdurchmischung steigern wird,
wodurch ein positiver Rückkopplungsmechanismus geschaffen wird, der den Klimawandel
begünstigt.
Untersuchungen der Methankonzentrationen an der Oberfläche von sieben
verschiedenen Seen zeigen, dass Sedimente aus den Flachwasserzonen hauptverantworlich
sind für die Methananreicherung des (pelagialen) Oberflächenwassers. Dies macht sie zu
einer bedeutenden Quelle von Methan, welches in die Atmosphäre abegeben werden kann.
Des Weiteren scheint das Verhältnis zwischen der Fläche der Flachwasserzonen und der
Gesamtfläche

der

Seen

ein

besserer

Prädiktor

für

die

mittlere

beckenweite

Methankonzentration und damit für die beckenweiten diffusiven CH4 Emissionen von Seen
zu sein als die Gesamtfläche allein, die typischerweise als Prädiktor verwendet wird. Dies
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zeigt, dass eine Einschätzung der Methanemissionen aus Seen im globalen Methanhaushalt
von einer Kategorisierung der CH4 Flüsse nach dem Verhältnis zwischen der Oberfläche der
flachen Wasserzone und der Gesamtfläche profitieren würde.
Langzeitmessungen aus gelösten CO2 und O2 Konzentrationen im Ilmensee wurden
für die Berechnung der Soffwechselrate mit Hilfe der „diel 02-“ und „diel CO2-technique“
gemacht. Die Ergebnisse sprechen dafür, dass beide Techniken relevant, komplementäre
Methoden für die Schätzung der Stoffwechselraten sind, um Kenntnisse über den gesamten
Stoffwecheslkreislauf in Seen zu gewinnen. Somit reduziert die Kombination aus „diel O2technique“

und

„diel

CO2-technique“

Unsicherheiten

bei

der

Abschätzung

der

Stoffwechselraten und führt somit zu einem besseren Verständnis der Massen- und
Energiebilanz von Seen.
Die Auswirkung anthropogener Kohlenstoffquellen wird in neun Kläranlagen
untersucht. Dabei wird die von den Kläranlagen ausgestoßene Menge an CH4 und CO2
quantifiziert. Es zeigt sich, dass Kläranlagen relevante Quellen für CH4 und CO2 darstellen.
Aus diesem Grund scheint bei der Betrachtung des terrestrischen und aquatischen
Kohlenstoffhaushalts auch eine Einbeziehung von Kläranlagen wichtig. Die Untersuchungen
zeigen auch auf, dass das meiste emittierte Methan innerhalb der Kläranlagen abgegeben
wird, weshalb es wichtig ist ein besseres allgemeines Verständnis für bauliche und
betriebliche Parameter der Kläranlagen zu erlangen.
Zusammenfassend wird in dieser Arbeit das Wissen über die räumliche und zeitliche
Verteilung von CO2 und CH4 sowie die Relevanz anthropogener Quellen für CO2 und CH4
Emissionen aus Seen und Flüssen untersucht. Demnach verdeutlicht diese Arbeit die Rolle
der CO2 und CH4 Emissionen aus Süßwassersystemen im globalen Kohlenstoffhaushalt und
der möglichen Auswirkungen dieser Systeme auf den Klimawandel. Darüber hinaus schlägt
diese Arbeit eine Methodik vor, die sowohl auf O2 als auch auf CO2 Messungen basiert, um
den Metabolismus von Seen zu untersuchen.
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APPENDICES

Appendix 1
The importance of the autumn overturn and anoxic conditions in
the hypolimnion for the annual methane emissions from a
temperate lake
Jorge Encinas Fernández, Frank Peeters and Hilmar Hofmann
Environ. Sci. & Technol., 48, 7297-7304

The Appendix 1 provides a detailed description of the boundary layer model
employed and the different relationships for the gas transfer velocity applied for the
calculation of the diffusive flux of methane to the atmosphere.
The sensitivity of the mass balance of methane in Mindelsee with respect to the
choice of the relationship for the gas transfer velocity was tested using four different
empirical relations for the gas transfer velocity (Table 1.1; Tables A1.1-A1.3).
Detailed information are given on the oxygen mass balance calculations.
This Appendix provides also additional figures on the bathymetry of Mindelsee
including the sampling stations (Figure A1.1), the hypsographic curves (depth vs. area and
volume) of Mindelsee (Figure A1.2), the regression between the dissolved methane
concentration derived from water samples and measured by the methane probe (Figure A1.3),
the diffusive influx of oxygen into the water column and dissolved oxygen content in
Mindelsee (Figure A1.4), the profiles of temperature, dissolved oxygen, and dissolved
methane in Mindelsee on different sampling dates throughout 2012 and 2013 (Figure A1.5),
and the horizontal variation of the dissolved methane concentration along the main axis of
Mindelsee during stable stratification in summer and during the autumn overturn (Figure
A1.6).
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1. Diffusive flux of methane
The diffusive flux of methane to the atmosphere was calculated using the boundary
layer model as described by Liss and Slater (1974):
FCH4 = KCH4 ∙ MCH4 ∙ (Cw − Ceq )

(A1.1)

where FCH4 is the air-water flux of methane, kCH4 the transfer velocity of methane, MCH4 the
molar mass of methane, Cw the measured near-surface water molar concentration of methane
and Ceq the molar concentration of methane in the surface water that is in equilibrium with
the atmospheric concentration at surface water temperature. The transfer velocity of methane,
kCH4 , was estimated from the transfer velocity of CO2 at standard conditions k600 (Schmidt
number 600) using the relation of Liss and Merlivat (1986):
kCH4

Sc n
= k600 ∙ (
)
600

(A1.2)

where Sc is the Schmidt number (-) of methane at water surface temperature (Wanninkhof,
1992), and n is −2⁄3 for U10 ≤3.7 m s−1) and −1⁄2 for U10 >3.7 m s−1).
The gas transfer velocity k600 was calculated using four different relationships:
(1) given by Cole and Caraco (1998):
k600 = 2.07 + 0.215 ∙ U10 1.7

[cm h-1 ]

(A1.3)

(2) given by Crusius and Wanninkhof (2003):
for U10 < 3.7 m s-1
k600 = 0.72 ∙ U10

[cm h-1 ]
(A1.4)

for U10 ≥ 3.7 m s-1
k600 = 4.33 ∙ U10 − 13.3

[cm h-1 ]

(3) given by Guerin et al. (2007):
k600 = 1.66 ∙ e0.26∙U10

[cm h-1 ]

(A1.5)

(4) given by MacIntyre et al. (2010):
k600 = 2.25 ∙ U10 + 0.16

[cm h-1 ]

(A1.6)

The Ceq of methane in the water was calculated according to Wiesenburg and
Guinasso (1979), whereby the atmospheric concentration of methane was set to 1.8 ppm.
Wind data, U10 , were supplied by proximate (15 km eastward of Mindelsee) weather station
of the DWD (German Weather Service).
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The mass balance of methane in Mindelsee was calculated from the estimates of the
diffusive flux of methane to the atmosphere based on the relationship for the gas transfer
velocity given by Cole and Caraco (1998).
Independent from the relationship for the gas transfer velocity applied about half or
more of the stored methane is released to the atmosphere, i.e. according to Crusius and
Wanninkhof (2003), Cole and Caraco (1998), Guerin et al. (2007), and MacIntyre et al.
(2010) ~49%, ~46%, ~50%, and ~87%, respectively (Table 1.1; Tables A1.1-A1.3).

2. Mass balance of oxygen
Assuming that areal and volumetric oxygen demands are independent of depth, the
decline in oxygen content per time, ∆O2 ⁄∆t, below a certain depth, z, can be expressed as:
∆O2
= FO + PO − A ∙ OA − V ∙ OV
∆t

(A1.7)

where FO is the flux of oxygen at z, PO the total oxygen production within the volume below
z, A is the area of the sediment below z, OA is the areal oxygen demand, V is the volume
below z and OV is the volumetric oxygen demand. To separate OA and OV , the water column
below 9m and the entire water column were considered separately. The diffusive flux of
oxygen at 9 m is negligible because the turbulent diffusivity is very low in this depth range
under stratified conditions and therefore FO = 0 was used. When considering the entire water
column the influx of oxygen from the atmosphere was considered. The oxygen production PO
was assumed to be negligible as the oxygen uptake between February and March 2013 and
April and May 2013 were very similar.
Table A1.1. Mass balance of methane in Mindelsee based on the diffusive flux estimates, which were derived
from the relationship for the gas transfer velocity given by Crusius and Wanninkhof (2003).
Rates
Time period

Temporal
change of
stored CH4
kg d−1

Total mass of CH4
Water column storage
At the
beginning

At the
end

Diff.

Emitted
CH4

kg d−1

kg

kg

kg

kg

Diff. CH4-flux
mg m−2 d−1

07/18/12 - 10/25/12

142.5

6.8

7.0

4299

18549

14250

597

10/25/12 - 11/28/12

5.1

18.5

18.9

18549

18721

172

642

11/28/12 - 01/09/13

-445.3

212.0

216.2

18721

17

-18704

9082

01/09/13 – 05/24/13

1.1

0.9

0.9

17

137

120

97

05/24/13 - 06/24/13

18.7

4.2

4.3

137

699

562

129

Total

10646
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Table A1.2. Mass balance of methane in Mindelsee based on the diffusive flux, which were derived from the
relationship for the gas transfer velocity given by Guerin et al. (2007).
Rates
Time period

Temporal
change of
stored CH4
kg d−1

Total mass of CH4
Water column storage
At the
beginning

At the
end

Diff.

Emitted
CH4

kg d−1

kg

kg

kg

kg

Diff. CH4-flux
mg m−2 d−1

07/18/12 - 10/25/12

142.5

10.4

10.6

4299

18549

14250

1062

10/25/12 - 11/28/12

5.1

24.6

25.1

18549

18721

172

852

11/28/12 - 01/09/13

-445.3

219.8

224.1

18721

17

-18,704

9414

01/09/13 – 05/24/13

1.1

1.3

1.3

17

137

120

140

05/24/13 - 06/24/13

18.7

5.1

5.2

137

699

562

157

Total

11625

Table A1.3. Mass balance of methane in Mindelsee based on the diffusive flux estimates, which were derived
from the relationship for the gas transfer velocity given by MacIntyre et al.(2010) Note that whose is derived
from measurements with an eddy covariance technique, which may include bubble fluxes (not reported). This
could explain the much higher diffusive fluxes of methane compared to the other relationships for the gas
transfer velocity.
Rates
Time period

Temporal
change of
stored CH4
kg d−1

Total mass of CH4
Water column storage
At the
beginning

At the
end

Diff.

Emitted
CH4

kg d−-1

kg

kg

kg

kg

Diff. CH4-flux
mg m−-2 d−1

07/18/12 - 10/25/12

142.5

17.5

17.8

4299

18549

14250

1783

10/25/12 - 11/28/12

5.1

39.8

40.6

18549

18721

172

1379

11/28/12 - 01/09/13

-445.3

380.9

388.5

18721

17

-18704

16317

01/09/13 – 05/24/13

1.1

2.2

2.3

17

137

120

240

05/24/13 - 06/24/13

18.7

8.9

9.1

137

699

562

272

Total

19991
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Figure A1.1. Bathymetric map of Mindelsee including the sampling station of vertical profiles (red asterisk) and
the sampling stations of methane at 1 m water depth along the main axis of the lake (blue circles).

Figure A1.2. Hypsographic curves (depth vs. area and volume) of Mindelsee. Note that the data was provided
by the Institute of Lake Research (ISF) Langenargen.
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Figure A1.3. The probe values were calibrated to the water sample data using a linear regression of the
logarithm of the probe data versus the logarithm of the water sample data. The calibrated dissolved methane
concentration CH4, cal (µM) is:
(A1.8)
CH4,cal = 0.97 ∙ CH4,probe 1.28
where CH4,probe is the dissolved methane concentration (µM) measured with the methane probe.

Figure A1.4. (a) The diffusive influx of oxygen into the water column, and (b) the dissolved oxygen content in
Mindelsee between 20th September 2012 and 9th February 2013. Red points indicate the sampling dates. The
course of the diffusive oxygen fluxes into the lake shows a slight increase during October 2012. Between
November and December 2012, the influx of oxygen increased further. The decline in the oxygen content during
the same time period indicates a high oxygen uptake in the water column during the mixing period, which was
not compensated for by the influx of oxygen during this time. From the end of December the oxygen content of
the lake increased rapidly.
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Figure A1.5. Profiles of temperature, dissolved oxygen, and dissolved methane in Mindelsee on different
sampling dates: (a) 17th September 2012, (b) 7th November 2012, (c) 10th December 2012, (d) 8th February
2013, and (e) 24th June 2013. During the stratification period (a) the lake was hypoxic below 8 m and anoxic in
the deep water. During the first mixing event (b) the upper boundary of the hypolimnion shifted downwards to
~10 m. During the overturn (c), temperature, dissolved methane, and dissolved oxygen held nearly constant
throughout the water column, indicating effective vertical mixing of the entire water column. During the winter
mixing period (d), the dissolved methane concentrations were low in the entire water column and the diffusive
fluxes of methane were also low (Table 1.1). At the beginning of the stratification period (panel (e)), the deep
water had become anoxic but the thermocline and oxycline were still rather weak and extended down to ~4 m.
The dissolved methane concentration had increased in the deep anoxic water zone, but the maximum
concentrations were still 10 times less than on 18 th July 2012. This may have been caused by the extremely cold
and cloudy spring of 2013, which delayed stable stratification by several weeks.
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Figure A1.6. Near-surface (water depth of 1 m) horizontal variation of the dissolved methane concentration
measured along the main axis of Mindelsee during stable stratification in summer (10 th August 2012; blue line
with asterisk) and during the autumn overturn (7th December 2012; red line with circles).

Appendix 2
On the methane paradox: Transport from shallow water zones
rather than in situ methanogenesis is the major source of CH4 in
the open surface water of lakes
Jorge Encinas Fernández, Frank Peeters and Hilmar Hofmann
J. Geophys. Res. Biogeosci., 121, 2717–2726

The Appendix 2 provides the data sets employed in statistical analysis of this study
(Tables A2.1, and A2.2).
Vertical profiles in the different basins together with vertical distributions of CH4 in
two basins are showed in Figures A2.2, and A2.3.
The morphometry and the location of all the sampling station in all the different
basins are shown in Figures A2.4-A2.12.
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Table A2.1. Compilation of data measured in the different basins: Sampling date, average surface CH4
concentrations in the shallow-water zone (CH4,s); average surface CH4 concentrations in the deep-water zone
(CH4,d); basin-wide mean CH4 concentration (CH4,t); basin-wide areal weighted average CH4 concentration
(CH4,w); basin-wide variance of surface concentrations (VCH4); basin-wide mean temperature (T).
Sampling site
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Rohrsee
Rohrsee
Rohrsee
Rohrsee
Rohrsee
Rohrsee
Rohrsee
Rohrsee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Mindelsee
LLC (North basin)
LLC (North basin)
LLC (North basin)
LLC (Central basin)
LLC (Central basin)
LLC (Central basin)
LLC (South basin)
LLC (South basin)
Lake Ammer
Upper Lake Constance

Dates
09/28/12
11/14/12
05/03/13
07/18/13
10/17/13
05/27/14
06/26/14
09/27/12
11/15/12
05/02/13
07/19/13
09/05/13
11/21/13
12/09/13
03/26/14
09/26/12
11/16/12
05/07/13
07/15/13
10/17/13
12/10/13
03/28/14
06/25/14
08/10/12
04/19/11
05/10/11
06/07/11
04/19/11
05/10/11
06/07/11
04/19/11
05/10/11
06/27/11
09/07/12

CH4,s

CH4,d

CH4 concentration (µM)

CH4,t

CH4,w

VCH4

T
(°C)

0.672
0.112
0.424
0.565
0.674
0.281
2.176
4.601
1.106
2.650
8.695
8.592
2.068
2.118
2.001
0.667
0.850
0.454
0.878
0.789
0.123
0.372
1.718
1.204
1.414
5.287
4.424
1.175
5.673
2.340
1.294
4.426
0.400
0.540

0.596
0.153
0.371
0.533
0.617
0.277
2.034
4.601
1.106
2.650
8.695
8.592
2.068
2.118
2.001
0.651
1.073
0.356
0.828
0.886
0.111
0.178
1.471
0.894
1.628
3.748
3.687
1.199
4.528
1.505
0.622
2.185
0.290
0.170

0.628
0.136
0.393
0.547
0.641
0.279
2.093
4.601
1.106
2.650
8.695
8.592
2.068
2.118
2.001
0.659
0.968
0.402
0.850
0.797
0.117
0.265
1.581
1.046
1.522
4.469
3.938
1.189
5.008
1.857
0.940
3.267
0.339
0.220

0.624
0.138
0.390
0.545
0.638
0.279
2.085
4.601
1.106
2.650
8.695
8.592
2.068
2.118
2.001
0.655
1.018
0.380
0.840
0.862
0.114
0.226
1.531
0.979
1.527
4.456
4.026
1.191
4.942
1.871
0.890
3.079
0.307
0.204

0.016
0.003
0.006
0.030
0.017
0.000
0.819
9.677
0.248
6.044
13.127
1.120
0.656
3.487
0.898
0.048
0.483
0.015
0.023
0.104
0.001
0.061
0.145
0.419
0.512
2.018
6.493
0.404
11.235
0.673
0.879
8.255
0.013
0.044

16.85
8.18
15.26
24.28
12.52
7.99
21.84
14.59
6.31
16.13
23.82
20.81
12.52
4.00
6.24
17.30
8.25
14.81
23.48
12.26
4.07
7.58
21.59
24.80
12.96
18.61
20.54
12.96
18.61
20.54
12.96
18.61
20.88
19.42
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Table A2.2. Seasonally resolved and vertically averaged (mean of the top 6 m) data on CH 4 concentrations
(CH4,0-6m), Chl-a (Chl-a,0-6m) concentrations and water temperatures (T0-6m) measured at the deepest station in
Königseggsee, Illmensee and Mindelsee (Figures A2.1, A2.3, and A2.4 respectively).
Sampling site

Time

Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Königseggsee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Illmensee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee
Mindelsee

05/23/13
06/05/13
06/27/13
07/18/13
09/04/13
10/17/13
03/27/14
06/26/14
08/07/14
09/15/14
05/23/13
06/05/13
06/26/13
07/15/13
09/04/13
10/17/13
03/28/14
06/25/14
08/07/14
09/15/14
05/24/12
06/07/12
07/18/12
08/22/12
09/17/12
10/05/12
10/11/12
10/22/12
10/29/12
03/13/13
04/25/13
05/24/13
06/06/13
06/24/13
06/22/13
08/09/13
08/28/13
09/19/13
10/23/13

Chl-a,0-6m
µg*L-1
14.545
9.114
16.310
5.832
11.672
6.892
3.974
3.843
6.393
6.054
6.393
4.604
14.917
6.929
13.316
14.538
6.479
13.084
10.631
10.875
9.912
4.114
4.873
4.241
4.630
7.336
9.001
11.857
12.440
14.884
16.875
8.110
2.567
13.788
6.459
5.930
6.434
7.567
16.986

CH4,0-6m
µM
0.293
0.498
0.725
0.869
0.552
0.643
0.351
2.447
1.244
1.970
0.502
0.478
0.875
1.015
1.613
1.156
0.222
2.186
1.300
0.787
0.264
0.453
0.477
1.324
0.676
0.573
0.427
0.019
1.863
0.101
0.207
0.307
0.280
0.611
1.552
0.954
1.292
0.106
0.281

T0-6m
°C
12.23
12.53
14.90
18.20
17.52
12.35
7.63
18.38
20.78
17.93
11.87
12.23
16.50
21.05
18.77
12.32
7.02
19.97
20.87
17.70
14.30
15.62
20.17
23.18
19.52
16.65
15.90
14.18
11.82
4.70
10.15
13.15
14.27
17.92
21.32
21.80
18.78
16.55
13.67
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Figure A2.1. Vertical profiles of dissolved CH4 concentration sampled in the deepest point of each lake in (a)
Königseggsee (05/03/13), (b) Illmensee (07/15/13), (c) Mindelsee (08/10/12), (d) LLC (North basin; 06/07/11),
(e) LLC (Central basin; 06/07/11), (f) LLC (South basin; 06/07/11), (g) Lake Ammer (06/28/11) and (h) Upper
Lake Constance (09/07/12). In all the basins, oxic surface waters had an elevated dissolved CH4 concentration
compared to deeper waters below (Figure A2.2). In the case of lakes with anoxic hypolimnion, there was no
connexion between the surface concentration and the methane storage in the deepest waters. The vertical
distributions of CH4 concentrations had elevated methane levels at the shallow sediments that decreased closer
to the surface (Figure A2.2a) and to the centre of the basin (Figure A2.2b).
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Figure A2.2. Vertical distribution of dissolved CH4 concentration in (a) Mindelsee (08/10/12; East (0 m) to
West) and (b) Central basin of Lower Lake Constance (05/10/11; West (0 m) to East). The X axis represents the
distance in meters between each single profile.
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Figure A2.3. Surface distributions (1m water depth) of dissolved CH4 within the different study basins using the
sampling stations showed in Figures A2.4-A2.12. The basins were horizontally heterogeneous, with higher
concentrations located in the shallow areas.
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Figure A2.4. Bathymetric map of Königseggsee including the sampling station for the vertical profiles (red
asterisk) and the sampling stations for the near surface CH 4 (1 m water depth) covering the entire surface of the
lake (blue circles).

136

Appendix 2

Figure A2.5. Bathymetric map of Rohrsee including the sampling stations for the near-surface CH4
concentration (1 m water depth) covering the entire surface of the lake (blue circles).
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Figure A2.6. Bathymetric map of Illmensee including the sampling station for the vertical profiles (red asterisk)
and the sampling stations for the near surface CH4 (1 m water depth) covering the entire surface of the lake
(blue circles).
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Figure A2.7. Bathymetric map of Mindelsee including the sampling station for the vertical profiles (red
asterisk), the sampling stations for the vertical distribution (red circles) and the sampling stations for the near
surface CH4 (1 m water depth) covering the entire surface of the lake (blue circles).

Figure A2.8. Bathymetric map of the northern basin of Lower Lake Constance including the sampling stations
for the near-surface CH4 concentration (1 m water depth) covering the entire surface of the lake (blue circles).
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Figure A2.9. Bathymetric map of the central basin of Lower Lake Constance including the sampling stations for
the near-surface CH4 concentration (1 m water depth) covering the entire surface of the lake (blue circles) and
the sampling stations for the vertical distribution (red circles).
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Figure A2.10. Bathymetric map of the
southern basin of Lower Lake
Constance including the sampling
stations for the near-surface CH4
concentration (1 m water depth)
covering the entire surface of the lake
(blue circles).
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Figure A2.11. Bathymetric map of
Lake Ammer including the
sampling stations for the nearsurface CH4 concentration (1 m
water depth) covering the entire
surface of the lake (blue circles).
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Figure A2.12. Bathymetric map of Upper Lake Constance including the sampling stations for the near-surface
CH4 concentration (1 m water depth) covering the entire surface of the lake (blue circles).

Appendix 3
Lake Metabolism: Comparison of lake metabolic rates estimated
from a diel CO2- and the common diel O2-technique
Frank Peeters, Dariia Atamanchuk, Anders Tengberg, Jorge Encinas Fernández,
and Hilmar Hofmann
PLoS ONE, 11(12): e0168393

1. Background data on wind speed, water column characteristics and transport
Wind speed 10 m above the water surface (Figure A3.1a) was determined from
measurements collected on the lake 1.5 m above the lake surface assuming a logarithmic
boundary layer. Thereby we considered a wind speed dependent drag coefficients, C10, using
the relation of Wu (1980) and assuming C10 ≥ 10−3. The water temperatures measured at the
water depths of the O2-optodes (1.2 and 3.2 m) and at the depth of the CO2-optodes (1.7 m)
are shown in Figure A3.1b.
Mixed layer depth, Zmix, (Figure A3.1c) was determined from temperature data
collected with thermistors moored with a vertical resolution of 1 m. (see also Figure A3.2a).
Water density was calculated from these temperatures using the equation of state by Chen
and Millero (1986). Vertical density profiles were obtained by linear interpolation of density
whereby the uppermost density is available from the uppermost thermistor moored at 1.2 m
depth. Zmix was defined as the depth at which density is 0.1 kg m−3 larger than the density at
1.2 m depth. Using a prescribed density difference with respect to the uppermost available
density value instead of a prescribed local density gradient as in Staehr et al. (2012) relates
the surface mixed layer depth to the energy input into the surface layer to overcome potential
energy rather than to local density gradients at larger depth.
Turbulent diffusivities, Kz, were estimated using the empirical equations of Hondzo
and Stefan (1993) as suggested by Staehr et al. (2012). These empirical relations have been
developed to provide rough estimates of turbulent diffusivities in the hypolimnion of small
lakes. Note that the empirical relations in Staehr et al. (2012) do not exactly correspond to the
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original relations and lead to Kz that are overestimated by an order of magnitude compared to
the relations by Hondzo and Stefan (1993). The Brunt-Väisälä frequency required for the
estimation of Kz was determined from the temperature data measured with the thermistor
chain. Kz at the bottom boundary of the mixed layer, i.e. at Zmix, was determined by linear
interpolation (Figure A3.1d).
Water temperatures at the depth of the uppermost O2-optode moored at 1.2 m depth
and at the depth of the CO2-optode moored at 1.7 m depth agree rather well during the entire
measuring period (Figure A3.1b). This indicates that both optodes were located within the
surface mixed layer, which is also confirmed by the estimated Zmix of typically 2 m or larger
(Figure A3.1c). Between the 7th and the 15th of June and the 16th and 21st of July temperatures
at the location of the second O2-optode moored at 3.2 m water depth were substantially colder
than the temperatures at the depth of the other optodes indicating a mixed surface layer
shallower than 3 m. During the same time periods Zmix is smaller than 3 m (Figure A3.1c),
suggesting that the water column is stratified between 1.2 m and 3.2 m water depth.

Figure A3.1. Background data on wind speed, water column characteristics and turbulent diffusivities. (a) Wind
speed, (b) Temperature at the water depth of the CO2-optode and the two uppermost O2-optodes. (c) Surface
mixed layer depth Zmix; (d) Turbulent diffusion coefficient Kz at Zmix. Dashed lines in (c) indicate the water depth
of the two O2-optodes (blue and black) and of the CO2-optode (red).
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2. Long-term development of temperature stratification and the vertical distribution of
dissolved oxygen
The development of temperature stratification and of the vertical distribution of
dissolved oxygen is shown in Figures A3.2 a, and A3.2b. During the entire time period the
water column was stratified as is indicated by strong temperature gradients in the upper
meters of the water column (Figure A3.2a). Together with the increase of the surface
temperature shortly before the 10th of June, deep-water oxygen concentrations increased
substantially and a pronounced oxygen maximum at ~ 7m water depth was present from the
7th of June onwards (Figure A3.2b). Oxygen concentrations at 5.2 m depth were larger than at
shallower depth during most of the time (Figure 3.2c). The negative gradients in dissolved
oxygen from ~5 m depth towards the surface suggest a positive vertical flux of oxygen due to
mixing processes. The box-car filtered time series of CO2 presented in Figure A3.2c were
obtained by applying a 6 h running mean to the O2-data from the three uppermost optodes
that measured at 1.2 m, 3.2 m and 5.2 m water depth. The time series show daily oscillations
with increasing CO2 during the daytime and decreasing CO2 during night-time indicating
positive net-production during the day and respirational losses during the night.
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Figure A3.2. Temperature stratification and the distribution of the dissolved oxygen concentration. (a)
Temperature stratification of Lake Illmensee during the measuring period indicating a strong temperature
gradient in the upper meters of the water column. (b) Distribution of CO2 indicating that after that the 7th of June
a pronounced oxygen maximum developed at ~ 7m depth. (c) Time series of CO2 measured with the uppermost
3 optodes at 1.2 m, 3.2 m and 5.2 m water depth. Data were box-car filtered using a 6 hour running mean. Daily
cycles in the oxygen concentrations indicate positive net-production during day time and respiration during
night time. Between the 10th of June and the 10th of July oxygen concentrations below the mixed layer are
substantially higher than within the mixed layer.
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3. Vertical distribution of pCO2, temperature, alkalinity, pH, CDIC, CO2 and Chl-a
Vertical profiles of pCO2, temperature, pH, CO2 and Chl-a measured on the 1st of July
are depicted in Figure A3.3. Water samples for the alkalinity profile (Figure A3.3c) were
collected on the 30th of June. The pCO2 data were measured by lowering the CO2-IRprobe to
predefined depths at which it was positioned for 20 min to allow adjustment to the ambient
concentration. Completion of the profile lasted from 12 am to 3 pm. The profile of dissolved
oxygen was measured with the multiparameter CTD (RBR) at 1 pm. Chl-a was measured
with a multi-spectral fluorescence probe (Moldaenke FluoroProbe). Additionally, profiles of
modelled pH and modelled CDIC were determined from pCO2, alkalinity and temperature
(circles in Figures A3.3d, and A3.3e).
At about 7.5 to 8.5 m water depth CO2 exceeds the measuring range of the O2-optode
of the multi-parameter CTD (Figure A3.3f). The oxygen maximum is at a slightly larger
depth than in Figure A3.2b. Note, that Figure A3.2b is based on a linear interpolation of data
from O2-optodes mounted with a 2 m vertical spacing. In the depth range of the oxygen
maximum, O2-optodes were mounted at 7.2 m and 9.2m depth. The oxygen peak coincides
with a strong sharp peak in Chl-a (Figures A3.3f, and A3.3g). The spectrum of the
fluorescence signal and water sample analysis suggests that the deep chlorophyll maximum is
caused by a high abundance of P. rubescens. Below 10 m the water column becomes anoxic
which coincides with large values of pCO2, alkalinity and modelled CDIC. Because of the
limited temporal response of the O2-optode the vertical transition to the anoxic zone is
somewhat smoothed in the vertical profile shown. The moored O2-optodes indicate that
already at 9.2 m water depth CO2 are below 0.02 mmol L−1 (Figure A3.2b).
Alkalinity and CDIC increase with increasing depth whereas pH decreases with
increasing depth. The values of pH predicted from pCO2 and alkalinity agree well with the
measured pH except at 8 m water depth. At 8 m water depth measured alkalinity and pH
substantially deviate from their general vertical trend. These deviations may be related to the
high abundance of P. rubescens and the high CO2 at 8 m water depth.
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Figure A3.3. Vertical distribution of pCO2, temperature, alkalinity, pH, CDIC,CO2 and Chl-a Measured properties
are characterized by *, + and black solid lines. CDIC and pH derived from pCO2, alkalinity and temperature are
depicted by open circles connected by black lines. The symbols * and + indicate the depth at which water
samples were collected. CO2 was measured with an O2-optode attached to a CTD probe. Chl-a was measured
with a multi-spectral fluorescence probe.

4. Sensitivity of the concentration of DIC to daily changes in pH
A time series of pH was determined from time series of pCO2 and temperature
assuming a time constant alkalinity of 2.95 mmoleq L−1 (Figure 3.3a). CDIC calculated from
the time series of pH, pCO2 and temperature is shown in Fig 3a of the main manuscript and in
Figure A3.4 (black line). During the time period from the 23rd June to the 3rd July the average
pH was 8.45. Using a time constant pH = 8.45 and the measured time series of pCO2 and
temperature leads to a time series of CDIC (Figure A3.4, blue line) that shows pronounced
daily cycles that have similar shape but more than 20 times larger amplitudes than the daily
cycles of CDIC estimated from the time variable pH (Figure A3.4, black line).
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Figure A3.4. Sensitivity of CDIC to daily changes in pH. CDIC calculated from the time variable pH depicted in
Figure 3.3a of the main manuscript (black line) and CDIC calculated using the mean pH during the time period
shown (pH = 8.45) (blue line) show daily cycles that are similar in shape but have substantially different
amplitudes. Note the different scaling of the left and right axis.

5. Comparison of metabolic rates obtained using two different approaches to estimate
night-time respiration and of metabolic rates determined from CO2 measured at 1.2 m
and 3.2 m water depth
Lake respiration rates RL can be estimated from the mean net production during nighttime (Equation 3.24) or from linear regression of the temporal development of net production
during night-time (Equation 3.25). Using as an example the diel CO2-technique applied to the
data from Lake Illmensee, Figure A3.5a illustrates that the metabolic rates determined with
the two approaches to estimate night-time respiration rates agree rather well. The metabolic
rates obtained by using the mean net production during night-time for the estimation of RL are
summarized in the Table A3.1. Metabolic rates obtained by using linear regression for the
estimation of RL are summarized in Table 3.1 of the main manuscript.

Table A3.1. Lake metabolic rates obtained from the diel CO2-technique by estimating lake respiration rate from
the mean lake net production at night.
GPPL_C

0.026
−1 −1

GPPL_C,A

0.026

−1 −1

(mmol L d )

(mmol L d )

RL_C
(mmol L−1 d−1)

0.026

RL_C,A
(mmol L−1 d−1)

0.029

NEPL_C
(mmol L−1d−1)

0.000

NEPL_C,A
(mmol L−1 d−1)

-0.003
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Application of the diel O2-technique to the data on dissolved oxygen from 1.2 m and

3.2 m water depth suggests that daily mean lake metabolic rates GPPL_O and RL_O are similar
at 1.2 m and 3.2 m water depth and that average NEPL_O is close to zero at both depths
(Figure A3.5b). Averaging the daily mean metabolic rates over all days for which daily mean
metabolic rates are available from 1.2 m and 3.2 m depth provide mean values for GPPL_O of
0.030 mmol L−1 d−1 at 1.2 m and 0.034 mmol L−1 d−1 at 3.2 m, RL_O of 0.028 mmol L−1 d−1 at
1.2 m and 0.032 mmol L−1 d−1 at 3.2 m, and NEPL_O of 0.002 mmol L−1 d−1 at 1.2 m and at
3.2 m depth. The similar values of the metabolic rates at the two depths are comprehensible,
because during most of the time, measurements from both depths were within the mixed
surface layer. However, e.g. between the 7th and the 15th June the mixed layer depth was less
than 3 m (Figure A3.1). Nevertheless, the time series of GPPL_O and RL_O from 1.2 m and
3.2 m depths were still similar, except on the 10th of June when GPPL_O and RL_O at 1.2m
depth showed particularly strong deviations from the mean (Figure A3.5b). Note that the
calculations of the metabolic rates GPPL_O and RL_O assume that the net fluxes due to vertical
diffusive transport have negligible effects on the dissolved oxygen concentrations. Between
the 11th and 15th of June the average respiration at 1.2 m depth estimated by considering
atmospheric gas exchange but no other vertical fluxes of O2 (RL_O,A in Figure 3.5c) is negative
(RL_O,A (1.2 m) = −0.023 mmol L−1 d−1), whereas the average RL_O at 3.2 m depth is positive
(RL_O (3.2m) = 0.025 mmol L−1 d−1) and close to the long term mean. During this specific
time period considered, the mixed layer depth is shallower than 3 m. Therefore, estimates of
respiration based on the data from 3.2 m water depths cannot be affected by gas exchange
with the atmosphere. The conceptually impossible negative values of RL_O,A (1.2 m) and the
reasonable values of RL_O (3.2 m ) suggest that considering only atmospheric gas exchange
without including vertical transport into the mixed layer from below may result in a
substantial underestimation of respiration.
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Figure A3.5. Comparison of lake metabolic rates. (a) Metabolic rates obtained by linear regression (fit) and by
averaging (mean) of night-time NEPL. (b) Metabolic rates determined by the diel O2-technique applied to
oxygen data measured at 1.2 and 3.2 m water depth.
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6. Estimates of lake gross primary production GPPL are less sensitive to gradients in
vertical fluxes than estimates of lake respiration rates RL: Mathematical illustration
The conclusion that estimates of lake gross primary production GPPL are less
sensitive to gradients in vertical fluxes than estimates of lake respiration rates RL applies to
both techniques, the diel O2-technique and the diel CO2-technique. In the diel O2-technique
lake gross primary production and lake respiration rates are given by:
GPPL_O (t) − RL_O,night =

∂CO2 (t) 1 ∂(A ∙ FO2 (t))
+ ∙
∂t
A
∂z

∂CO2 (tnight ) 1 ∂(A ∙ FO2 (tnight ))
RL_O,night = −mean (
+ ∙
)
𝜕t
A
∂z
GPPL_O (t) =

(A3.1)

∂CO2 (tnight )
∂CO2 (t)
1 ∂(A ∙ FO2 (t))
− mean (
)+ ∙
∂t
∂t
A
∂z
1 ∂(A ∙ FO2 (tnight ))
− mean ( ∙
)
A
∂z

whereby the respiration rate was estimated from the mean NEPL_O at night.
If the vertical gradients of the vertical fluxes at different times during a day do not
differ much from the mean gradient of the vertical fluxes during night-time:
∂ (A ∙ FO2 (tnight ))
∂(A ∙ FO2 (t))
≈ mean (
)
∂z
∂z

(A3.2)

In this case neglecting gradients in the vertical fluxes does not affect estimates of lake
gross primary production as can be seen by combining Equations A3.1 and A3.2:
GPPL_O (t) =

∂CO2 (tnight )
∂CO2 (t)
+ mean (
)
∂t
∂z

(A3.3)

In contrast to lake gross primary production, the lake respiration rate directly depends
on the mean of the gradient in the oxygen fluxes during night-time (see Equation A3.1) and is
therefore much more sensitive to the gradients of vertical oxygen fluxes during night-time.
Note, that only the gradient in the fluxes and not the fluxes themselves effect the estimated
metabolic rates. An analogous argument can be derived for GPPL_C and RL_C estimated from
the diel CO2- technique:
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GPPL_C (t) − RL_C,night = −

∂CDIC (t) 1 ∂(A ∙ FDIC (t))
− ∙
∂t
A
∂z

∂CDIC (𝑡night ) 1 ∂(A ∙ FDIC (tnight ))
RL_C,night = mean (
+ ∙
)
𝜕t
A
∂z

(A3.4)

∂CDIC (tnight )
∂CDIC (t)
1 ∂(A ∙ FDIC (t))
+ mean (
)− ∙
∂t
∂t
A
∂z
1 ∂(A ∙ FDIC (tnight ))
+ mean ( ∙
)
A
∂z

GPPL_C (t) = −

If the gradients of the vertical fluxes at different times during a day do not differ much
from the mean gradient of the vertical fluxes during night-time:
∂ (A ∙ FDIC (tnight ))
∂(A ∙ FDIC (t))
≈ mean (
)
∂z
∂z

(A3.5)

In this case neglecting gradients of carbon fluxes does not affect estimates of lake
gross primary production as can be seen by combining Equations A3.4 and A3.5:
GPPL_C (t) = −

∂CDIC (tnight )
∂CDIC (t)
+ mean (
)
∂t
∂t

(A3.6)

Note that the gradients of the vertical fluxes during night time have opposite sign in
the calculation of RL_O and RL_C. Also the deviation between the gradients in the fluxes during
day time and the night time mean of the gradient of the fluxes have opposite sign in the
calculation of GPPL_O and GPPL_C. Hence, if concentration gradients of CO2 and CDIC have
the same sign changes in diffusivities have opposite effects on the metabolic rates. Further, if
O2 and CO2 are both oversaturated, sub-daily fluctuations in wind speed have opposite effects
on the estimates GPPL_O and GPPL_C.
7. Metabolic rates estimated with CO2-technique: Sensitivity to pH and alkalinity
The diel CO2-technique determines metabolic rates from sub-daily changes in CDIC,

CDIC. The rate of change in CDIC is equal to NEP if metabolic processes are the only source
or sink of DIC. However, in the diel CO2-technique CDIC is not measured but estimated from
CO2 data. This section investigates under which circumstances it is advantageous to estimate

CDIC directly as CCO2, or to calculate CDIC considering the carbonate system utilizing
CCO2 and pH or alternatively CCO2 and alkalinity.
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Assuming similar conditions as in Lake Illmensee (T = 20°C, S = 0.25 g kg−1 and

pCO2atm = 365 µatm) we have calculated ALKCarb and CDIC in atmospheric equilibrium
considering waters with different pH (6.0, 7.0, 8.0, 8.3, and 8.5). ALKCarb and CDIC increase
strongly with increasing pH and are two orders of magnitude larger at pH 8.5 than at pH 6.0
(Table A3.2).

Table A3.2. Conditions at atmospheric equilibrium and the implication of an increase in DIC. In atmospheric
equilibrium ALKCarb and CDIC differ substantially in lakes with different pH. The same increase in CDIC due to
respiration leads to an increase in CCO2 that strongly depends on the alkalinity in the system.
pH
6.0
7.0
8.0
8.3
8.5

ALKCarb
mmoleq L−1

CDIC
mmol L−1

CDIC

0.007
0.078
0.797
1.620
2.623

0.022
0.093
0.803
1.603
2.560

0.020
0.020
0.020
0.020
0.020

mmol L−1

CCO2

mmol L−1
0.019
0.020
0.016
0.009
0.004

CCO2/CDIC
%
95
99
79
44
21

Estimates of CDIC utilizing CCO2 measurements
If 0.020 mmol L−1 DIC is added to the system, i.e CDIC = 0.020 mmol L−1, and
ALKCarb remains constant, the equilibration of the carbonate system causes a change in CCO2
that strongly depends on the initial pH of the system and is always smaller than CDIC (Table
A3.2). The chosen value of CDIC = 0.02 mmol L−1 is within the range of the typical daily
change in CDIC in Lake Illmensee (Figure 3.3a).
The results in Table A suggest that in lakes with pH < 8 CCO2 is an excellent
estimator of CDIC, with CCO2 underestimating CDIC by less than 10%. However, in lakes
with pH = 8 CCO2 is already ~ 20% smaller than CDIC, i.e. about 20% of the change in DIC
is channeled to HCO3- and HCO32-. With increasing pH the difference between CCO2 and

CDIC increases rapidly, e.g. at pH = 8.5 CCO2 is ~5 times smaller than CDIC. Hence, in
lakes with pH <8 CDIC can be estimated as CCO2 but in lakes with pH ≥ 8 the assessment of

CDIC requires consideration of the carbonate balance.
Estimates of CDIC utilizing CCO2 and pH measurements
The carbonate balance can be considered in the estimation of CDIC by utilizing pH
data in addition to CCO2 measurements. However, this technique only improves the estimate
of CDIC, CDIC,e_pH, if the uncertainty of the pH data is very low. We tested the sensitivity of

CDIC,e_pH to errors in pH assuming that the measured pH agrees with the true pH at low CDIC
but exceeds the true pH value at high CDIC by 0.005. DIC was assumed to increase due to
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respiration by CDIC = 0.01 mmol L−1, CDIC = 0.02 mmol L−1, and CDIC = 0.04 mmol L−1,
respectively. The difference between CDIC,e_pH and the correct change in DIC is small for
waters with pH <8 (Table A3.3). However, at pH ≥ 8 the very small error in pH of 0.005
leads to estimates of the change in DIC CDIC,e_pH that exceed the true CDIC by up to several
hundred percent and the ratio CDIC,e_pH / CDIC increases the smaller the true change in DIC.
In contrast to the uncertainty in pH measurements, the absolute precision of the measured pH
has essentially no effect on the estimated CDIC,e_pH. If pH is shifted by 0.005 at low and high
values of CDIC the ratio CDIC,e_pH / CDIC is ~100% in all cases.

Table A3.3. Sensitivity of estimates of CDIC,pH to uncertainties in pH measurements. The table provides the
ratio CDIC,e_pH / CDIC in %. CDIC,pH were calculated assuming that the pH data are correct at low CDIC but
deviate by 0.005 from the correct pH at high CDIC.
metabolism
CDIC
mmol L−1
0.01
0.02
0.04

pH
6.0

7.0

8.0

8.3

8.5

101
101
100

109
105
102

192
146
123

288
194
147

404
252
176

Estimates of CDIC utilizing CCO2 and alkalinity measurements
In the diel CO2-technique estimates of CDIC are not based on measurements of CCO2
and pH but on measured CCO2 and carbonate alkalinity which is assumed to remain constant.
In the following we test the sensitivity of the estimates of CDIC to changes in alkalinity. The
calculations involve two steps: First, the true CCO2 is calculated for the initial condition and
the condition after the change in CDIC and alkalinity in the respective scenario. Then, these
CCO2 concentrations are considered as the measured CCO2 and the change in CDIC, CDIC,e_ALK
is estimated from these values assuming that the initial alkalinity applies to the conditions
before and after the changes assumed in the scenario. As above, the scenarios assume CDIC
= 0.01 mmol L−1, CDIC = 0.02 mmol L−1, and CDIC = 0.04 mmol L−1, respectively.
Alkalinity was assumed to increase in parallel with the increase in CDIC. In the sensitivity
study we considered changes in alkalinity of ALKCarb = 0.005 mmoleq L−1, ALKCarb = 0.01
mmoleq L−1, and ALKCarb = −0.005 mmoleq L−1, respectively. ALKCarb = 0.005 mmoleq L−1
corresponds to an uptake of 5 mmol L-1 NO3− i.e. ~10% of the total NO3− concentration in
Lake Illmensee.
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Two different causes for alkalinity changes were considered: a) a change in

H3O+ -ions, e.g. connected to the uptake or release of non-carbonate ions-, and b) a change in
carbonate ions due to calcite precipitation or dissolution of solid carbonates. In the latter case,
not only alkalinity changes but also CDIC.
a) Alkalinity change due to uptake or release of non-carbonate ions
An increase in carbonate alkalinity due to uptake or release of non-carbonate ions
implies a decrease in H3O+ ions, i.e. a shift towards higher pH. In this case the concentration
of CO2 is reduced in favor of the concentration of bicarbonate and carbonate ions. Hence, an
increase in CDIC due to respiration and a simultaneous increase in alkalinity due to uptake or
release of noncarbonated ions results in a smaller change in CO2 as would be expected under
constant alkalinity. The diel CO2-technique based on measured CO2 concentrations and the
assumption of constant alkalinity therefore underestimates the true increase in CDIC due to
respiration if alkalinity increases with increasing CDIC (Table A3.4).

Table A3.4. Sensitivity of estimated CDIC to changes in alkalinity due to uptake or release of non-carbonate
ions. Scenarios considered assume that metabolic processes cause a change in DIC and that other processes
cause an additional change in ALKCarb. The table provides the ratio of CDIC estimated with the diel
CO2-technique to the true CDIC applied in the scenario: CDIC_e_ALK / CDIC. Values are in %.
metabolism
CDIC
mmol L−1
0.01
0.02
0.04
0.02
0.02

ALKCarb

mmoleq L−1

6.0

7.0

pH
8.0

8.3

8.5

0.005
0.005
0.005
0.01
-0.005

55
78
90
54
118

50
75
88
50
125

51
75
88
51
125

52
76
88
51
124

53
76
88
52
124

If alkalinity does not change with CDIC but is systematically over- or underestimated,
the calculated CDIC agrees very well with the true CDIC (i.e. within 2% for all scenarios).
b) Alkalinity change due to dissolution of solid carbonates and calcite precipitation
The dissolution of solid carbonate also leads to an increase in alkalinity. In this case
not only alkalinity but also CDIC increases, whereby the molar change in CDIC is half of the
molar change in carbonate alkalinity. However, the reduction of the CO2 concentration due to
the decrease in acidity outweighs the increase in CO2 due to the release of DIC from solid
carbonates. Overall, an increase in alkalinity and CDIC due to the dissolution of solid
carbonates and a simultaneous increase in DIC due to respiration results in a change in CCO2
that is smaller than would be expected for a constant alkalinity but larger than in the case
above, in which alkalinity changes were associated with changes in the concentration of HO3+
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but not in DIC. Hence, the diel CO2-technique based on measured CO2 concentrations and the
assumption of constant alkalinity underestimates the true change in DIC associated with
respiration if alkalinity increases with increasing DIC (Table A3.5).

Table A3.5. Sensitivity of estimated CDIC to changes in alkalinity due to dissolution of solid carbonates.
Scenarios assume that metabolic processes cause a change in DIC and that calcite precipitation or dissolution of
solid carbonates cause an additional change in ALKCarb and in DIC. The molar change in DIC due to the
transformations of carbonates must be half of that in ALKCarb. The table provides the ratio of CDIC estimated
with the diel CO2- technique to the true CDIC applied in the scenario: CDIC_estim / CDIC. Values are in %.
metabolism
CDIC
mmol L−1

ALKCarb

0.01
0.02
0.04
0.02
0.02

0.005
0.005
0.005
0.01
-0.005

mmoleq L

−1

transformation of
solid carbonates
CDIC
mmol L−1
0.0025
0.0025
0.0025
0.005
-0.0025

6.0

7.0

pH
8.0

8.3

8.5

80
91
96
80
105

75
88
94
75
112

76
88
94
76
112

77
88
94
76
112

78
89
94
77
111

In case of calcite precipitation alkalinity decreases due to a reduction in carbonate
ions. This implies more acidic conditions and thus causes a shift to higher CO2 concentrations
at the expense of bicarbonate and carbonate. In addition to the change in alkalinity, calcite
precipitation reduces DIC whereby the molar change in CDIC is half of the molar change in
alkalinity. In case of calcite precipitation the decrease in CO2 resulting from a loss in DIC
due to production is smaller than in the case of constant alkalinity. Hence, the diel
CO2-technique underestimates production if production is accompanied by calcite
precipitation.
Summarizing, in case that alkalinity changes, the diel CO2-technique assuming
constant alkalinity underestimates metabolic rates if the changes in DIC due to metabolic
processes have the same sign as changes in alkalinity, and overestimates metabolic rates if
the changes in DIC due to metabolic processes and alkalinity have opposite signs. Alkalinity
changes caused by calcite precipitation or carbonate dissolution have a smaller effect on the
estimates of metabolic rates than the same alkalinity change caused by other ions. However,
as in manly lakes alkalinity is dominated by carbonate ions, calcite precipitation may be the
primary cause of substantial changes in alkalinity.
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8. Compilation of the main equations of the CO2- and the O2-technique
Table A3.6. Comparison of the main equations of the CO2- and the O2-technique.
Open water O2-technique

Open water CO2-technique

One dimensional transport -reaction equation considering metabolism and vertical transport and assuming
horizontally homogeneous conditions:
∂CO2
1 ∂(A ∙ FO2 ) 1 ∂A
= GPPO + RO − ∙
+ ∙
F
∂t
A
∂t
A ∂z O2,sed

∂CDIC
1 ∂(A ∙ FDIC ) 1 ∂A
= −GPPC + RC − ∙
+ ∙ FDIC,sed
∂t
A
∂t
A ∂z

Boundary conditions:

Boundary conditions:

FO2,surf = FO2,surf = vO2 ∙ (CO2 − CO2,equ )

FDIC,surf = FCO2,surf = vCO2 ∙ (CCO2 − CCO2,equ )

FO2,bot = FO2,sed

FDIC,bot = FDIC,sed

Definition of the lake respiration rate:
RL_O = RO −

1 ∂A
∙
∙F
A ∂t O2,sed

RL_C = RC +

1 ∂A
∙
∙F
A ∂t DIC,sed

NEPL_C = −

∂CDIC 1 ∂(A ∙ FDIC )
− ∙
∂t
A
∂z

Lake net production:
NEPL_O = −

∂CO2 1 ∂(A ∙ FO2 )
− ∙
∂t
A
∂z

Lake gross production:
GPPL_O = NEPL_O + RL_O

GPPL_C = NEPL_C + RL_C

Estimation of lake net production for different assumptions on the fluxes:
(i) NEPL_O = −

∂CO2
∂t

NEPL_C = −

∂CDIC
∂t

∂CO2 A0 ∙ FCO2,atm
−
∂t
VZmix

NEPL_C,A = −

∂CDIC A0 ∙ FCO2,atm
−
∂t
VZmix

(iii) NEPL_O,F = +

∂CO2 A0 ∙ FO2,atm − AZmix ∙ FO2,Zmix
+
∂t
VZmix

NEPL_C,A = −

∂CDIC A0 ∙ FCO2,atm
−
∂t
VZmix

(iv) NEPL_O,D = +

∂CO2 A0 ∙ FO2,atm − AZmix ∙ FO2,turb
+
∂t
VZmix

NEPL_C,D = −

∂CCO2 A0 ∙ FCO2,atm − AZmix ∙ FCO2,turb
−
∂t
VZmix

(ii) NEPL_O,A = −

Estimation of the lake respiration rate:
CL_O,night = −

1
∆tnight

te,night

+ ∫ NEPL_O (t′ ) ∙ dt′
ts,night
t

CO2,mod (t) = CO2 (t) + ∫
ts,night

CL_C,night = −

1
∆tnight

te,night

+ ∫ NEPL_C (t′ ) ∙ dt′
ts,night

or

or

′)

1 ∂(A ∙ FO2 ∙ t
∙
∙ dt′
A
∂z

t

CDIC,mod (t) = CDIC (t) + ∫
ts,night

1 ∂(A ∙ FDIC ∙ t′ )
∙
∙ dt′
A
∂z

CO2,mod (t) = aL_O + RL_O,nightfit ∙ t and ts,night <= t <= te,night

CDIC,mod (t) = aL_C + RL_C,nightfit ∙ t and ts,night <= t <= te,night

RL_O = RL_O,night

RL_C = RL_C,night

Estimation of lake gross production:
GPPL_O = NEPL_O + RL_O

GPPL_C = NEPL_C + RL_C

K2

K1

2

1

0

Carbon
alkalinity

-1

H+
K2
+ 1 + 2)
K1
H
-1

+ (−3.969101 +

170.22169
+ 0.603627 ∙ ln(T)) ∙ S1.5 − 0.00258768 ∙ S2
T
11843.79
ln(K2 ) = 207.6548 −
− 33.6485 ∙ ln(T)
T
6551.35253
1566.13883
+ (−167.69908 +
+ 25.928788 ∙ ln(T)) ∙ S0.5 + (39.75854 −
− 6.171951 ∙ ln(T)) ∙ S1
T
T
116.270079
+ (−2.892532 +
+ 0.45788501 ∙ ln(T)) ∙ S1.5 − 0.00613142 ∙ S2
T

ln(K1 ) = 290.9097 −

14554.21
− 45.0575 ∙ ln(T)
T
9714.36839
2310.48919
+ (−228.39774 +
+ 34.485796 ∙ ln(T)) ∙ S0.5 + (54.20871 −
− 8.19515 ∙ ln(𝑇))
T
T
∙ S1

(𝐻 + )2 𝐻 +
α2 = (
+
+ 1)
K1 ∙ 𝐾2 𝐾2

α1 = (

K1 ∙ K2 -1
α0 = (1 + + +
)
(H+ )2
H

K1

AlkKCarb = CCO2 / 0 (pH, T, S) · (1 (pH, T, S) + 2·2 (pH, T, S)) + (KW·10pH – 10-pH)·1000

CDIC = CCO2 / 0 (pH, T, S); CHCO3- = CDIC · 1 (pH, T, S); CCO3-- = CDIC· 2 (pH, T, S)

ALKCarb = CHCO3- + 2·CCO3-- +COH- – CH3O+

Equilibrium between the different carbon species

Millero (1995)

Millero (1995)

Stumm and Morgan, (1996)

Stumm and Morgan, (1996)

Stumm and Morgan, (1996)

Stumm and Morgan, (1996)
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9. Compilation of the empirical relations used in this study

Table A3.7. Empirical relations used in this study.

and T [K]; S [g kg-1]

ln(Kw ) = 148.9802 −

Gas exchange
velocity

Concentration
of O2 in
atmospheric
equilibrium

CCO2,equ = pCO2 · HenryCO2

Concentration
of CO2 in
atmospheric
equilibrium

Sc a
)
600

2⁄3 if U10 ≤ 3.7ms−1
a={
1⁄2 if U10 > 3.7 ms−1

Sc represents the Schmidt number of the gas. Sc were determined from the empirical relations of Wanninkhov (1986)

vg,600 = 2.07 + 0.215 ∙ U10 1.7 [cm h-1] and U10 is in [m s-1]

𝑚 𝑠 − 1vg,Sc = vg,600 ∙ (

CO2,equ [mol L-1] = CO2,equ [ccSTP g-1] · 4.4615 10-2 [mol L-1 / ([ccSTP g-1)]

ps = 10(0.7859+0.03477*Tc) / 1013.25 [atm]; is the saturation water vapor pressure at the water temperature Tc in [°C]

p = 0.924 atm. Is the local atmospheric pressure at Lake Illmensee

+S ∙ (−0.037362 + 0.016504 ∙ (T⁄100) + 0.0020564 ∙ (T⁄100)2 )} ∙ (p − ps )⁄(1 − ps )⁄1000 [ccSTP g-1]

CO2,equ = exp{−177.7888 + 255.5907 ∙ (100⁄T) + 146.4813 ∙ ln(𝑇⁄100) − 22.204 ∙ (T⁄100)

pCO2 = 400 ppm · 0.924 atm is the atmospheric partial pressure of CO 2 at Lake Illmensee

T in [K] and S in [g Kg-1]

+S ∙ (0.027766 + (−0.025888) ∙ (T⁄100) + 0.0050578 ∙ (T⁄100)2 )} [mol L-1 atm-1]

HenryCO2 = exp{−58.0931 + 90.5069 ∙ (100⁄T) + 22.294 ∙ ln(T⁄100)

F𝑠urf = vgas ∙ (C − Cequ )

Gas flux to the
atmosphere

13847.26
118.67
− 23.6521 ∙ ln(T) + (−5.977 +
+ 1.0495 ∙ ln(T)) ∙ S0.5 − 0.01615 ∙ S
T
T

H+ = 10 (-pH) [mol L-1] OH- = Kw./ H+ [mol L-1]

Gas exchange with the atmosphere

Kw

Dissociation

Dissociation of water

Cole and Caraco (1998)

Liss and Merlivat (1086)

Weiss (1970)

Weiss (1974)

Millero (1995)
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dCO2
dz

−0.43

[m2 s-1]

1 d𝜌
∙
ρ dz

−Zmix(2)

∫ A ∙ CO2 ∙ dz′ −

0

VZmix(1)

1
∙
−Zmix(1)

∫ A ∙ CO2 ∙ dz′)

0

dmax = 15.7 m

p = 93600 Pa

Local air
pressure:

V = 5.1655·106 m3

Volume of the
entire lake

Maximum
depth

AS = 6.52574·105 m2

AZmix, is the area of the cross section at Zmix and VZmix is the volume of the mixed surface layer. The oxygen profile at time
1, CO2, is integrated to Zmix at time 1, Zmix (1), and to Zmix after the time interval t, i.e. to Zmix(2) at time 2. The time
interval t was chosen to be 1 hour.

FO2,deepen

1
1
1
= ∙
∙(
∙
∆t Azmix VZmix(2)

 r is the density of water calculated from Chen and Millero (1986)

The vertical coordinate z increases in the upward direction.

N2 = −g ∙

The lake surface area AS is in [km]. The Brunt-Väisälä frequency N is in [s-1] and calculated from:

Kz = 8.167 ∙ 10−8 ∙ As 0.56 ∙ (N2 )

FO2,turb = −Kz ∙

Surface Area

Lake properties

Mixed layer
deepening

Turbulent
diffusivity

Turbulent
diffusive flux

Vertical mixing of dissolved oxygen

Hondzo and Stefan (1993)
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Appendix 4
Export of dissolved methane and carbon dioxide with effluents
from municipal wastewater treatment plants
Zeyad Alshboul, Jorge Encinas Fernández, Hilmar Hofmann and Andreas Lorke
Environ. Sci. & Technol., 50, 5555−5563

1. Supplementary methods
1.1. Physicochemical measurements
Water temperature, pH, dissolved oxygen, electric conductivity and redox potential
were measured 10 cm below the water surface. The measurements were conducted using a
pH-temperature electrode with gel electrolyte (SenTix 21; 0-14 pH; 0-80 °C; ± 0.2 °C), an online dissolved oxygen sensor (FDO 925; 0-20 mg L−1 ± 0.5%; 0-50 ± 0.2 °C), a conductivity
cell (TetraCon 925, 10-2000 ± 0.5% mS cm−1; 0-100 ± 0.2 °C) and an oxidation/reduction
potential electrode (SenTex ORP 900; ± 1200.0 ± 0.2 mV; platinum) connected to a portable
three channel multi meter (3430 IDS; WTW GmbH, Germany). The pH-temperature electrode
and the dissolved oxygen sensor were calibrated before each field campaign following the
manufactures instructions. Three pH buffer solutions (DIN 19266-01: 2000; pH: 4.01, 7.00 and
10.01 ± 0.02) were used for pH calibration, while two reference solutions with oxygen
saturation levels of 0 and 100% were used for oxygen electrode testing. Water salinity was
estimated from specific conductivity using the empirical approximation provided by Duarte, et
al. (2008).
1.2. Measurement of DCH4 and DCO2 in discrete samples
DCH4 and DCO2 in water was determined using the headspace method. Water samples
were collected approximately 10 cm below the surface by completely filling a reagent
borosilicate glass bottle. A head space was created by replacing a volume of water with ambient
air. The bottle was 35 sealed with a cap, which had two polypropylene tube connectors that
were used to connect the bottle to the gas analyzer using two separate Tygon® tubes (R-3603,
Membrana®, inner diameter: 3.2 mm, outer diameter: 6.4 mm). The first tube connected the
163
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headspace in the glass bottle to the gas analyzer inlet port. The second connector was used for
recirculating the gas from the outlet port of the gas analyzer to a submerged gas diffuser at the
bottom of the bottle (Figure A4.1). The length of the tubes varied due to the tube replacement.
The gas analyzer (UGGA, model 915-0011, Los Gatos Research Inc., Mountain View, CA)
has an internal pump and measures simultaneously pCH4 and pCO2 (ppm). Maximum total
volume of the glass bottle, Tygon® tubes and internal volume of the gas analyzer was
1400 ml, and this volume was varied due to the tube replacement. The maximum volume of
the headspace was 500 ml.

Figure A4.1. Conceptual diagram of the headspace concentration measurements in discrete samples using the
UGGA gas analyzer.

We used a constant atmospheric pressure of 1 atm for converting the measured mole
fraction in (ppm) to partial pressure (μatm). The surface water pCO2 and pCH4 were then
calculated based on the headspace to sample ratio, using in-situ measured ambient air pCH4
and pCO2 and water temperature at sampling time and at equilibrium (Goldenfum, 2011). The
total headspace in the system was calculated as a sum of the volume of the headspace in the
bottle, the volume of the tubes and the internal volume of the gas analyzer.
The pH in the water samples can change due to the removal of CO2 from water during
the equilibration process with the headspace. We investigated the magnitude of this change for
the observed range of pCO2, water temperature and pH and for the maximum ratio of headspace
to water volume in our samples (0.55) using the software Phreeqc v3 (Parkhurst and Appelo,
2013). We assumed that the initial CO2 partial pressure in the headspace was 390 μatm at 25°C
and equilibrated it with a solution having a pCO2 corresponding to the carbonate equilibrium
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in a water sample with pH and alkalinity corresponding to our measurements. The simulations
revealed a maximum change of pH of 1.5% 61 for the range of initial pH in the samples
between 7.3 and 7.9. The maximum change in pCO2 in the headspace was 13%. This
percentage is within the error of 15% for pCO2 estimated using Phreeqc (based on alkalinity,
water temperature, pH and by excluding ions as input parameters) (Abril et al., 2015; Alshboul
and Lorke, 2015), a correction of the headspace measurements was therefore omitted.
1.3. Atmospheric fluxes
The atmospheric fluxes of CH4 and CO2 were measured using triplicate floating
chamber deployments. All chamber deployments showed linear changes of pCO2 over time
with r2 values typically > 0.93. The slope, S, (ppm s−1) in the chamber was used to estimate the
CO2 fluxes, FCO2, (mg CO2 m−2 d−1) using the following equation (Goldenfum, 2011):
S∙V
FCO2 = (
) ∙ a1 ∙ a2
A

(A4.1)

where V is the chamber volume (m3), A is the chamber area (m2), a1 (86400 s d−1) is a
conversion factor from seconds to days, and a2 is a conversion factor from ppm to mg m-3 at
in-situ temperature (T) and standard pressure (P):
a2 =

M∙P
8.3144 ∙ T

(A4.2)

where M is the molecular weight of CO2 (g mol−1). We used FCO2 to estimate the gas exchange
velocity by inverting the equation for Fick’s law of gas diffusion (Wanninkhof and Knox,
1996):
kCO2 =

FCO2
kH ∙ ∆pCO2

(A4.3)

where kCO2 is the specific gas exchange velocity (m d−1) for CO2; FCO2 is the measured CO2
flux at the water-air interface, kH is the Henry constant adjusted for salinity and temperature
(Goldenfum, 2011), and ΔpCO2 is the CO2 partial pressure difference between surface water
and the atmosphere. kCO2 was standardized to a Schmidt number of 600, k600, with the
following equation (Jähne et al., 1987):
k600

600
= kCO2 ∙ (
)
ScCO2

−n

(A4.4)

where 𝑆𝑐CO2 is the CO2 Schmidt number at in-situ water temperature (Wanninkhof, 1992); an
exponent n = 0.5 was selected which was shown to be valid for moderately turbulent conditions
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(Guèrin et al., 2007; MacIntyre et al., 1995). k600 was used to estimate the specific gas exchange
velocity of CH4 (m d−1). The CH4 flux, FCH4, (mg CH4 m−2 d−1) was estimated from measured
pCH4 by rearranging Equation A4.3.
1.4. Estimation of WWTP CH4 emissions
Methane emissions from the nine WWTPs were estimated using the following equation
(IPCC, 2006):
CH4 Emissions = ∑(U ∙ T ∙ EF) ∙ (TWO − S) − R

(A4.5)

where CH4 Emissions is methane emissions per year (kg CH4 yr−1), TWO is the total organic
matter in wastewater (presented as biological oxygen demand (BOD)) per year (kg BOD yr−1),
S and R are the organic load which is removed as sludge (kg BOD yr−1) and the amount of
methane recovered (kg CH4 yr−1), respectively. T and U are the degree of utilization of different
discharge pathways (septic tank and sewer) for each income group fraction (rural and urban)
and EF is the emission factor (in kg CH4 per kg BOD). T and U were obtained from the Federal
Statistical Office (https://www.destatis.de/EN) (Table A4.1). The emission factor was
estimated as the product of the maximum methane production capacity, Bo, (kg CH4 per kg
BOD) and the methane correction factor, MCF, which accounts for the degree to which the
system is anaerobic. The default value of Bo (0.6 kg CH4 per kg BOD) was used (IPCC, 2006).
Default values of MCF, R and S were obtained from IPCC (2006) (Table A4.1). The amount
of organically degradable material in wastewater TWO is the product of population, p, countryspecific per capita BOD, PBOD, (g capita−1 d−1) and a correction factor, I, (Table A4.1). The
correction factor accounts for additional BOD of industrial wastewater and the default value of
1.25 was used in our calculations. TWO was calculated (kg BOD yr−1) from the formula
provided by IPCC (2006):
TWO = p ∙ PBOD ∙ I ∙ 0.365

(A4.6)

where 0.365 is the product of conversion factors from g to kg BOD and from days to years.
Total served population were obtained from the records of the WWTPs. The mean countryspecific PBOD was estimated by Doorn and Liles (1999) to be 62 g capita−1 d−1, and ranged
between 55 and 68 g capita−1 d−1.
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Table A4.1. Summary of the parameters used for the IPCC model (Equations A4.5 and A4.6) and the uncertainty
analysis of methane emission estimates form WWTPs. R and S are the amount of methane recovered for energy
production and organic load removed as sludge. MCF is the methane correction factor, T and U are degree of
utilization of the two treatment/discharge pathways (septic tank and sewer) and for each income group fraction
(rural and urban), Bo and I are methane production capacity and a correction factor, PBOD is the country-specific
per capita BOD, UBo, UMCF and UTWO are the uncertainty ranges of the methane production capacity, the
methane correction factor and the degradable organic material.
Variable
R (kg CH4 yr-1)
S (kg BOD yr-1)
MCF (-)
U (-)
T (-)
Bo (kg CH4 (kg BOD)-1)
I (-)
PBOD (g capita-1 d-1)
UBo
UMCF
UTWO

Value
0
0
0.5 for treated wastewater and 0.5 for untreated wastewater
0.06 for rural and 0.94 for urban
Rural (0.2 for septic tank, 0.8 for sewer)
and urban (0.05 for septic tank and 0.95 for sewer)
0.6
1.25
Mean 62: ranged between 55 to 68
±30%
±10%
±30%

2. Supplementary data
2.1. Continuous measurement of DCH4 and DCO2
2.1.1. Neustadt WWTP
DCH4up. at Neustadt WWTP ranged between ~0.4 and ~0.6 μM during most of the ninedays of continuous measurements (Figure A4.2c). A short concentration peak of up to 1.2 μM
was observed on 30th July 2014, which coincided with a high discharge event. This
concentration peak could be caused by methane export from soils during high rain events and
is not necessarily related to in-stream production. Nevertheless, there were at least two periods
with strong water level and discharge variations where no effect on DCH4up was observed
(26th-27th July 2014 and 29th-30th July 2014) (Figure A4.2c). DO2up varied between ~220 and
~291 μM with pronounced diurnal variations during time periods with relatively constant
stream discharge (from 27th July to 28th July 2014 and from 31st July to 1st August 2014; Figure
A4.2). DCH4up and DO2up were weakly correlated (Pearson correlation coefficient = −0.2,
p =<0.0001), although DCH4up did not vary diurnally like DO2up.
DCH4eff ranged between ~0.1 and ~0.5 μM at Neustadt WWTP (Figure A4.2a) with
consistent diurnal variations (maximum concentrations during the night and minimum
concentration during the day). Reversed diurnal variations were observed in DO2eff (Figure
A4.2b), which varied between ~15 and ~195 μM. DCH4eff and DO2up were negatively correlated
(Pearson correlation coefficient = −0.78, p <0.001).
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Figure A4.2. Temporal dynamics of dissolved gas concentration in the upstream (green) and effluent waters
(black) of Neustadt WWTP from 24th July to 1st August 2014: (a) Dissolved methane concentration in the effluent
water (DCH4eff.); (b) dissolved oxygen concentration in the effluent water, DO2eff; (c) dissolved methane
concentration in the upstream water, DCH4up, and (d) dissolved oxygen concentration in the upstream water,
DO2up.

2.1.2. Bellheim WWTP
DCH4eff and DCO2eff were measured continuously at Bellheim in two separate field
campaigns (denoted later as second and third field campaign) from 28th October to
3rd November 2014 (Figure A4.3b) and from 8th to 11th December 2014 (Figures A4.3c A4.3d).
The mean DCH4eff was 3.7 ± 0.9 μM (mean DCH4eff of the discrete measurements was
4 ± 0.54 μM) and 3.3 ± 0.15 μM (mean DCH4eff of discrete measurement was 2 ± 0.12 μM),
during the first and the second campaign respectively (Figures A4.3a and A4.3b). Mean
DCO2eff during the continuous measurements were 467 ± 13.7 μM (mean DCO2eff of the
discrete measurements was 428 ± 40 μM) and 516 ± 12.7 μM (mean DCO2eff of discrete
measurement was 637 ± 70 μM), respectively (Figures A4.3a and A4.3b).
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Figure A4.3. (a) Continuous measurement of DCH4eff (black) and DCO2eff (blue) at Bellheim WWTP. The
measurements were performed during the second field campaign (between 28th October and 3rd November 2014).
(b) Continuous measurements of DO2eff in the effluent water of Bellheim WWTP during the second field
campaign. (c) Continuous measurement of DCH4eff and DCO2eff at Bellheim WWTP during the third field
campaign between 8th and 11th December 2014. (d) Continuous measurements of DO2eff of the effluent water of
Bellheim WWTP during the third field campaign.

Table A4.2. Summary of the main physicochemical characteristics of the untreated wastewater (WW) and effluent
(eff) water provided by the laboratories of the WWTPs: Discharge, Q, water temperature, T, pH, biological oxygen
demand, BOD5, and chemical oxygen demand, COD5. All numbers are provided as annual mean ± SD.
Site
Annweiler
Bellheim
Edenkoben
Germersheim
Hochstadt
Landau
Neustadt
Offenbach
Ruelzheim

System
WW
eff

Q (l s-1)
53.2±16.2
54.4±16.2

T (ºC)
12.6±2.7
16.8±9.3

pH
8±0.4
7.6±1.3

BOD5 (mM)
3.3±1
0.1±0.03

COD5 (mM)
6.5±2.5
0.5±0.1

WW

41.6±20.8

14.8±6.5

7.5±1.7

13.6±7.4

23±10

eff

38±20.8

15.4±6.1

7.6±0.4

< 0.156

0.665

WW

55.5±6.9

14.5±4.3

8.1±0.2

12.5±4.3

24.7±10

eff

50±5.8

15.1±5

8±0.3

0.6±0.1

1.1

WW

78.8±5.8

-

-

12.5±1.9

22.5±1.8

eff

76±3.5

14±3

7.2±0.2

< 0.093

0.8-0.8

WW

16±2.3

14.5±3.3

7.7±0.4

16.2±6.2

29±8.6

eff

16±2.3

15.5±4.3

7.2±0.2

0.1±0.03

0.7±0.1

WW

-

-

-

12.5±1.6

21±1.7

eff

170

15.4±4

7.2±0.2

< 0.093

0.6

WW

123±37

16.6±2.3

8.15±0.8

7.4±1.7

17.7±2.9

eff

112±42

17.5±3.6

7.8±0.16

0.1±0.02

0.9±0.1

WW

22±3.4

15.6±3

7.12±1

8.4±1.5

19.5±3.6

eff

20.8±3.4

16.7±3.6

6.9±1.0

0.1±0.02

0.8±0.1

WW

70.5±37

16.1±4

7.8±0.5

10.8±3.3

18.4±7.3

eff

46±12

14.9±4

7.1±0.4

0.2±0.06

0.9±0.2

170
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Table 4.3. Summary of the data measured in the effluent water of the WWTP (Effl), downstream (Down) and
upstream (Up) of the receiving water systems. All data are presented as mean ± SD for the period of measurements.
Dashes denote that there are no data available for the corresponding variables.

Annweiler

Effl.

k600
(m d-1)
---

DCH4
(µM)
0.2±0.07

DCO2
(µM)
475±93

Redox
(mV)
207±28

T
(°C)
13.7±4

DO2
(µM)
219±19

EC
(µS cm-1)
643±94

7.2±0.1

Down

2.7±1.8

0.3±0.12

110±35

220±30

11.8±4

309±31

339±55

7.5±0.2

Up

1.22±0.7

0.34±0.18

76±26

214±58

11.5±4

322±34

289±47

7.7±0.13

pH

Effl.

0.8±0.7

6.5±5

444±97

178±61

16±5

141±78

928±307

7.5±0.37

Bellheim

Down
Up
Effl.

1.1±0.6
0.8±1
---

1.5±0.8
0.36±0.2
1.4±0.6

205..5±52
75±33
575±87

176±49
181±36
220±30

15±5
13±5
15±05

281±28
313±50
241±25

761±215
507±121
869±251

7.7±0.13
7.9±0.2
7.3±0.2

Edenkoben

Down

1±0.9

1±0.7

341±108

224±32

14±5

281±41

648±193

7.5±0.1

Up

1±1.5

1.7±1.3

67±25

208±25

12±5

313±50

350±101

7.8±0.2

Effl.

0.28±0.4

0.28±0.12

596±110

189±27

16±4

194±25

826±281

7.2±0.1

Down

2.5± 3.7

0.4±0.36

76±31.6

192±31.5

11.36

322±41

429±75

8±0.3

Germersheim

Hochstadt

Landau

Neustadt

Offenbach

Ruelzheim

Up

0.8±0.5

0.4±0.4

63±18

221±29

12.2±5.3

10±1

419±69

8±0.13

Effl.

0.4±0.25

0.76±0.6

662±178

206±20.6

16±5.6

188±38

918±201

7.3±0.3

Down

2.5±4.6

0.65±0.3

380±179

225±73

14.7±6.6

241±53

802±228.7

7.5±0.2

Up

2.5±4.7

0.23±0.1

70±45

193±34

11.8±6

313±63

590±124

7.9±0.5

Effl.

1.3±1

0.75±0.45

688±107

283±356

15.4±4

181±31

920±300

7.2±0.2

Down

---

---

---

---

---

---

---

---

Up

---

---

---

---

---

---

---

---

Effl.

1.1±0.5

0.18±0.07

707±105

213±37

15.7±4

228±13

817±160

7±0.1

Down

0.6±0.4

0.15±0.07

310±126

226±38

13±5

303±47

405±151

7.3±0.3

Up

1.3±1.9

0.16±0.07

44±11

214±41

11.9±4

313±31

277±129

7.7±0.3

Effl.

2.5±1

0.3±0.7

655±194

205±11

16.5±4

197±31

1091±167

7.3±0.2

Down

3.2±1.6

0.4±0.7

562±203

212±18

26±33

228±50

984±194

7.3±0.15

Up

1±0.7

0.6±0.3

82±29

206±43

15±6

328±56

347±238

7.8±0.6

Effl.

0.5±0.4

0.19±10.17

402±142

282±124

16.4±5.4

263±25

876±465

7.5±0.17

Down

0.73±0.2

0.22±0.1

167±47

247±26

14.5±6

300±44

701±148

8.1±1

Up

0.5±0.5

0.26±0.13

104±28

255±72

14±6.13

313±47

1423±2338

8±0.2
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Table A4.4. Summary of the data measured at the effluent water of the WWTP (Effl), downstream (Down) and
upstream (Up) of the receiving streams. All data are presented as mean ± SD for the period of measurements.
Dashes denote that there are no data available for the corresponding variables.

Annweiler

Bellheim

Edenkoben

Germersheim

Hochstadt

Landau

Neustadt

Offenbach

Ruelzheim

Effl.

DIC
(mg L-1)
25±8

DOC
(mg L-1)
7.7±3

TOC
(mg L-1)
10±3.9

FCH4
(mg m-2 d-1)
---

FCO2
(mg m-2 d-1)
---

Down

15.3±2.9

5.9±1.3

7.5±1.9

173±81

7661±6000

Up

15±3

8±2.3

28±17

1912±1326

Effl.

52±31

6.9±2.6

9±2.5

136±120

10937±8285

Down

40±13

8±4.8

11.7±10

46.5±28

7973±3252

Up

25±4

8±4

9±17

965±646

Effl.

53±17

8.1±1.6

9.6±2.6

---

---

Down

32±8

7.9±3

7.8±2.9

25±15

9818±6459

Up

18±3

6.7±4

34±30

1085±1073

Effl.

4±0.3

12±4

13±4

3.3±5.5

8345±13473

Down

26.6±4

8.8±4

9.3±4.2

18.9±24

2931±4511

Up

25.3±5

6.3±1.5

10±7

2283±4113

Effl.

57±11.5

8.1±2

10.72±0

7.1±5

9159±4467

Down

51±10.1

7±0.8

7 .6±17

Up

43±13

6.2±1

Effl.

40.7±15

8.8±2.5

Down

---

---

Up

---

---

73±153

12027±6468

17.5±24.6

1265±1913

10±2.3

29.6±14

35473±21971

---

---

---

---

---

Effl.

36±15

13±2

13.73±4

5.7±2.3

28933±11853

Down

22±7.5

22.4±7.6

8.6±3.6

2.5±1.7

5408±5339

Up

10±4.7

5.8±1.7

9±15

1384±2543

Effl.

40±16

9±3.1

11±2.7

47.7±72

49420±28061

Down

39±11

9.3±3.6

9.8±2.3

28±32

63886±36845

Up

15.8±13

8±2.5

20±16

2501±1229

Effl.

60±8.7

10±3.9

10.7±4

3±2.6

7717±6072

Down

40±6.6

6.2±0.2

5.8±0.2

5.7±3.3

4520±2438

Up

53.3±11

6.4±0.16

4.6±6

1655±1915
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Figure A4.4. Boxplots of (a) pH, (b) specific conductivity, EC, and (c) redox potential (redox), observed in the
treatment plant effluents (Effl, black) and in stream water up (Up, green) and down- (Down, blue) stream of the
effluent discharge in the receiving stream. The diamond-shaped boxes show the 25 and 75 percentile range. The
whiskers extend this range by a factor of 1.5 and data beyond this extended range are not shown. The median and
mean values are marked by horizontal lines and open squares, respectively.
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Figure A4.5. Measured dissolved CO2, DCO2, in the effluent (black rectangles), upstream (green triangles) and
downstream (blue dots) waters of the nine WWTPs. Note the different axis scaling in the different panels.
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Figure A4.6. Measured dissolved CH4, DCH4, in the effluent (black rectangles), upstream (green triangles) and
downstream (blue dots) waters of the nine WWTPs. Note the different axis scaling in the different panels and the
axis break in panel b).

Figure A4.7. Schematic diagram of two different kinds of discharge systems, which were used in the WWTPs:
(Group a) represents WWTPs that use a storage tank prior to the discharge in the receiving water body. This
system was used in the WWTP Bellheim, Edenkoben, Germersheim and Landau. (Group b) represents WWTPs
that discharge the effluent directly to the receiving water body. This system was applied in Annweiler, Hochstadt,
Neustadt, Offenbach and Ruelzheim WWTPs.

