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Summary 
 

 

Lakes are complex ecosystems that are essential to many organism groups. Over the last 

centuries, lakes have been faced with multiple anthropogenic pressures that have caused 

abiotic and biotic changes in the different lake habitats. For instance, anthropogenically 

derived increases in external nutrient loading caused eutrophication that was later reversed 

and caused lakes to return to their original oligotrophic status. Additionally, the introduction 

of non-native species has become a global threat also affecting various lake communities. 

While the effects of nutrient change (i.e. eu- and oligotrophication) and the introduction of 

non-native species on open-water (i.e. pelagic) communities and dynamics are often studied, 

the impact of trophic change and non-native species on near-shore (i.e. littoral) communities 

is much less analysed. However, the littoral zone is a highly diverse and structured habitat 

that provides crucial resources for various communities and therefore influences the whole 

lake ecosystem. 

The deep peri-alpine European Lake Constance is a prominent example of how 

anthropogenically caused nutrient shifts were reversed leading to re-oligotrophic conditions 

in the beginning of the 21
st
 century. Here, I investigate the long-term (1997 to 2015) response 

of the littoral macroinvertebrate and fish communities of Lake Constance to declined nutrient 

concentrations from 18 to 6 µg l
-1

 and the introduction of non-native species. 

I analysed changes in the trophic structure of the macroinvertebrate community using the 

isotope values of native and invasive taxa exhibiting different feeding strategies (i.e. filter 

feeder, grazer, and predator) to determine the pattern of changing δ
13

C and δ
15

N values in 

Lake Constance. Observed changes in δ
13

C and δ
15

N of littoral invertebrates suggest a 

season-dependent shift in their feeding pattern and changes in carbon and nitrogen signature 

due to oligotrophication. Results also show that biodeposed material of the invasive mussel 

Dreissena polymorpha was used as additional food resources in the early 2000s, but not 

during the advanced oligotrophication process. This, in combination with a higher 

dependence on littoral carbon sources suggests that the littoral productivity became more 

relevant during oligotrophication in Lake Constance. 

To study the numerical and trait response of the littoral fish community, I analysed long-term 

monitoring data of catch per unit effort (CPUE) and length of 29 littoral fish species. The 

total CPUE was stable and, therefore, resilient towards environmental changes, whereas the 

community composition strongly changed during this period. The decrease of some species 
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(i.e. bream, burbot, and ruffe) was compensated by increases of other species (i.e. dace and 

perch) resulting in significantly asynchronous long-term dynamics of species. Furthermore, 

despite large changes in the relative importance of species, species diversity and size 

diversity of fish were also rather stable during the investigated period. However, long-term 

dynamics of the species and size diversity relationship suggest decreased size-overlap 

between species resulting in lower functional redundancy and higher vulnerability of the 

community towards environmental stressors. 

Results of this study show that environmental changes such as oligotrophication and the 

introduction of non-native species influenced different fish and invertebrate species in the 

littoral community of Lake Constance. Nevertheless, on the community level fish showed 

resilient dynamics towards oligotrophication. In the invertebrate community, littoral 

productivity increasingly contributed to the energy flow, whereas the importance of 

additional food resources provided by invasive species decreased. 
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Zusammenfassung 
 

 

Seen sind komplexe Ökosysteme, die wichtige Funktionen für Menschen, Tiere und Pflanzen 

bereitstellen. In den letzten Jahrhunderten waren Seen vielfältigen anthropogenen 

Belastungen ausgesetzt, die zu abiotischen und biotischen Veränderungen in den 

verschiedenen Lebensräumen der Seen geführt haben. So verursachte die vom Menschen 

bedingte Zunahme der externen Nährstoffbelastung eine Eutrophierung, welche später wieder 

umgekehrt wurde, so dass die betroffenen Seen wieder in ihren ursprünglichen oligotrophen 

Zustand zurückkehrten. Darüber hinaus ist die Einführung nicht einheimischer Arten zu einer 

globalen Bedrohung geworden, von der auch verschiedene Seengemeinschaften betroffen 

sind. Während die Auswirkungen der trophischen Veränderung (d.h. Eu- und 

Oligotrophierung) und der Einführung nicht einheimischer Arten auf die 

Lebensgemeinschaften und die Dynamik im Pelagial häufig untersucht wurden, gibt es nicht 

viele Studien, die diese Auswirkungen auf die ufernahen (d.h. litoralen) 

Lebensgemeinschaften analysiert haben. Die Litoralzone ist jedoch ein äußerst vielfältiger 

und strukturierter Lebensraum, der wichtige Ressourcen für verschiedene Gemeinschaften 

liefert und daher das gesamte Ökosystem des Sees beeinflusst. 

Der tiefe voralpine Bodensee (Europa) ist ein prominentes Beispiel dafür, wie anthropogen 

verursachte Nährstoffverschiebungen umgekehrt wurden, was zu reoligotrophen 

Bedingungen zu Beginn des 21. Jahrhunderts führte. In dieser Doktorarbeit untersuche ich die 

langfristige (1997 bis 2015) Reaktion der litoralen Makroinvertebraten- und 

Fischgemeinschaft des Bodensees auf den Rückgang der Nährstoffkonzentration von 18 auf 6 

µg l
-1

 und die Einführung nicht einheimischer Arten. 

Veränderungen in der trophischen Struktur der Makroinvertebratengemeinschaft wurden 

anhand der Isotopenwerte von einheimischen und invasiven Taxa mit unterschiedlichen 

Ernährungsstrategien (d.h. Filtrierer, Weidetier und Prädator) analysiert, um das Muster 

möglicher Veränderung der δ
13

C und δ
15

N Werte im Bodensee zu bestimmen. Die 

beobachteten Veränderungen der δ
13

C und δ
15

N Werte litoraler Invertebraten deuten auf eine 

saisonal abhängige Verschiebung ihres Fressmusters und Veränderungen der Kohlenstoff- 

und Stickstoffsignatur aufgrund von Oligotrophierung hin. Die Ergebnisse zeigen auch, dass 

biologisch abgebautes Material der invasiven Muschel Dreissena polymorpha in den frühen 

2000er Jahren als zusätzliche Nahrungsquelle genutzt wurde, im fortgeschrittenen 

Oligotrophierungsprozess allerdings nicht mehr. Dies deutet in Kombination mit einer 
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höheren Abhängigkeit von litoralen Kohlenstoffquellen darauf hin, dass die litorale 

Produktivität während der Oligotrophierung des Bodensees an Bedeutung gewann. 

Um die numerische Reaktion der Fischgemeinschaft im Litoral zu untersuchen, habe ich 

Langzeitdaten über den Fang pro Einheitsaufwand (CPUE) und die Länge von 29 Fischarten 

im Litoral analysiert. Die Gesamt-CPUE war stabil und daher widerstandsfähig gegenüber 

Umweltveränderungen, während sich die Zusammensetzung der Fischgemeinschaft in diesem 

Zeitraum stark veränderte. Der Rückgang einiger Arten (d.h. Brachse, Quappe und 

Kaulbarsch) wurde durch den Anstieg anderer Arten (d.h. Hasel und Barsch) kompensiert, 

was zu einer signifikant asynchronen Langzeitdynamik der Arten führte. Darüber hinaus 

waren, trotz großer Veränderungen in der relativen Bedeutung der Arten für die gesamte 

Gemeinschaft, auch die Arten- und Größenvielfalt der Fische im Untersuchungszeitraum 

ziemlich stabil. Die Langzeitdynamik der Beziehung zwischen Arten- und Größendiversität 

deutet jedoch auf eine geringere Größenüberschneidung zwischen den Arten hin, was 

wiederum zu einer geringeren funktionellen Redundanz und einer höheren Anfälligkeit der 

Gemeinschaft gegenüber Umweltstressoren führt. 

Die Ergebnisse dieser Arbeit zeigen, dass Umweltveränderungen wie Oligotrophierung und 

die Einführung invasiver Arten verschiedene Fisch- und Invertebratenarten in der 

Litoralgemeinschaft des Bodensees beeinflussten. Die Fischgemeinschaft im Gesamten zeigte 

sich hingegen als widerstandsfähig gegenüber der Oligotrophierung. In der Gemeinschaft der 

Invertebraten stieg die litorale Produktivität über die Zeit an, während die Bedeutung 

zusätzlicher Nahrungsressourcen, die von invasiven Arten bereitgestellt wurden, abnahm. 

  



5 

 

Chapter I: General Introduction 
 

 

Lakes are inland bodies of standing freshwater connected by water flow and aerial inputs to 

their surrounding landscapes. A lake ecosystem is divided into three major sections, littoral, 

pelagic, and profundal (Wetzel, 2001). Numerous abiotic and biotic factors that influence 

lake ecosystems can be altered naturally and anthropogenically. Consequent changes in 

environmental conditions can have pronounced effects on different organism communities 

(e.g. littoral or pelagic, invertebrate or vertebrate) in a lake (Gerdeaux, Anneville & Hefti, 

2006; Brucet et al., 2010; Emmrich et al., 2011; Pätzig, Vadeboncoeur & Brauns, 2018). 

Many lakes in Europe have experienced anthropogenically induced eutrophication, which led 

to degrade many aspects of the lake ecosystem, including reduced water quality and 

extinction of species (Wetzel, 1990). As a consequence, responsible authorities applied 

different measures to return the lake to its original low nutrient state by reducing the total 

phosphorous concentration (i.e. oligotrophication) (Anderson, Jeppesen & Søndergaard, 

2005; Jeppesen et al., 2005). It is important to explore how the different lake communities 

respond to the return to original nutrient levels and other changing parameters (e.g. 

introduction of non-native species). 

Among other possible reactions, communities can show resilience which is either defined as 

the capacity to resist environmental changes (Holling, 1996) or as the capacity to recover and 

return to normal functioning after a perturbation (Scheffer et al., 2018). For example, faunal 

assemblages mostly consisting of benthic macroinvertebrates and large crustacean 

zooplankton declined dramatically with the introduction of fish species in lake systems, but 

recovered to pre-disturbance levels after fish disappearance (Knapp, Matthews & Sarnelle, 

2001). Long-term data on nutrient concentrations as well as species abundance and traits can 

help investigate the effects of changing abiotic and biotic conditions as well as the response 

of different communities. 

While the effects of oligotrophication on dynamics and organisms of the pelagic zone are 

regularly investigated (e.g. Jeppesen et al., 2000; Gerdeaux et al., 2006), long-term studies of 

littoral communities are rare (but see Clady, 1976; Gopalan et al., 1998). Yet, the littoral zone 

of a lake, the nearshore area where sunlight penetrates to the sediment to allow macrophytes 

to grow, is one of the most diverse and productive areas in aquatic ecosystems as it provides 

important resources and favourable thermal conditions for a variety of species throughout the 

year (Hinch & Collins, 1993; Pierce, Rasmussen & Leggett, 1994; Fischer & Eckmann, 
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1997b). Due to the shallow depth of the littoral zone, it is exposed to rapid temperature 

fluctuations (Werner & Rothhaupt, 2008) as well as water-level fluctuations (e.g. in Lake 

Constance about 2 m annually (Baumgärtner & Rothhaupt, 2005)), both giving this habitat a 

heterogeneous character (Keddy, 1982; Palomäki, 1994; James et al., 1998). Because the 

littoral system has the highest rates of primary and secondary production (Rasmussen, 1988), 

it is the preferred habitat for many fish and invertebrate species (Keast, 1985; Pätzig et al., 

2018). Especially juvenile fish use this habitat to accelerate their growth rates in the warm, 

highly productive shallow areas (Allen, 1982; Cerri & Fraser, 1983; Baras, 1995; Fischer & 

Eckmann, 1997a). 

 

 

 

Figure 1: Sketch of the littoral zone in a lake, which serves as a habitat for invertebrate and fish species (native 

and alien) and is influenced by water-level fluctuations, temperature as well as nutrient input from the sediments 

and the shore. Symbols for the different species were taken from the following sources: 

easypeasyandfun.com/wp-content/uploads/2017/05/Draw-Fins.png; img2.freepng.es/20180414/kcq/kisspng-

seaweed-algae-clip-art-ocean-5ad18e95ed1550.1784146815236829659711.jpg; climate-policy-watcher.org/ 

lake-ecosystems/images/3381_10_25-tinodes-waeneri-garden-pond.jpg; c8.alamy.com/comp/GK6AB5/52661-

mysis-sternolepis-GK6AB5.jpg; researchgate.net/publication/47815819/figure/fig3/AS:640237432754193@ 

1529655907831/reproductive-morphology-and-behavior-of-Lym-naea-stagnalis-A-General-morphology-of.png; 

brill.com/view/journals/cr/91/11/15685403_091_11_s004_ i0007.jpg; ars.els-cdn.com/content/image/3-s2.0-

B9780123748553000170-gr2.jpg 

 

Littoral invertebrate species are key components of food webs because they have the 

potential to control biomass of periphytic algae (Hawes & Schwarz, 1996; James, Hawes & 

Weatherhead, 2000), to recycle detrital material (Kornijów, Gulati & Ozimek, 1995), and to 

file:///D:/Maike/Downloads/University/PhD/Thesis/brill.com/view/journals/cr/91/11/15685403_091_11_s004_i0007.jpg
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provide a critical food chain link from primary producers to fish (Graynoth, Bennett & 

Pollard, 1986). Furthermore, invertebrates are among the best biological indicators for 

assessing effects of environmental degradation (Pîrvu & Petrovici, 2013; Karaouzas et al., 

2015). For example, studies found that invertebrate species richness is influenced by the 

increasing intensity of shoreline development leading to altered community compositions at 

highly developed shorelines (Brauns et al., 2007; Rosenberger et al., 2008). 

The fish community is another important component of freshwater lakes, because it plays a 

crucial role in the trophic dynamics. Due to their mobility and flexible feeding behaviour 

(e.g. herbivorous, planktivorous, carnivorous), fish link littoral, profundal and pelagic zones 

(Zanden & Vadeboncoeur, 2002). Fish may affect nutrient translocation and predator-prey 

interactions in all habitats, as many species depend on both benthic and littoral prey 

communities (Schindler & Scheuerell, 2002). For example, some fish species feed on 

macroinvertebrate grazers, such as snails, and thus indirectly enhance periphyton growth 

(Jones & Sayer, 2003) and even further stimulate periphyton and phytoplankton by fuelling 

them with excreted nutrients (Vanni, 2002). 

Despite its diversity and importance, less emphasis has been put on how the littoral zone and 

its associated communities can resist major environmental perturbations, such as 

oligotrophication and the introduction of non-native species. In this dissertation, I assess the 

resilience of a peri-alpine, deep European lake system by investigating long-term shifts in the 

littoral fish community as well as changes in energy flow and habitat links in the invertebrate 

community to enhance our understanding of temporal changes in community dynamics and 

ecosystem functioning. 

 

Lake Constance: a case study 

Lake Constance is a prominent example (Sommer, 1986; Eckmann & Rösch, 1998; Straile & 

Geller, 1998) of how major anthropogenic drivers are influencing the lake ecosystem. The 

peri-alpine (395 m above sea level) lake is situated at the northern edge (9°18’ E, 47°39’ N) 

of the European Alps bordering Germany, Switzerland, and Austria and consists of two 

basins, Upper and Lower Lake Constance (ULC and LLC), which are connected by the river 

Rhine. ULC is the major basin with an approximate mean depth of 100 m and covering an 

area of 473 km², while LLC is more shallow (mean depth of approximately 13 m) and smaller 

(area of 63 km²) (IGKB, 2004). Lake Constance is a well-studied lake on which uninterrupted 

long-term data series of limnological variables are available. Therefore, we are able to track 
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changes in the total phosphorus concentration in the lake’s mixed layer (TPmix) since 1950. 

Since first data recordings, Lake Constance was oligotrophic (low nutrient concentration with 

TP levels below 10 µg l
-1

 TPmix), but due to external nutrient input a strong eutrophication 

phase started and TPmix concentrations increased by more than one order of magnitude with a 

maximum TPmix of 87 µg l
-1

 in the late 1970s (Güde, Rossknecht & Wagner, 1998). As a 

consequence of sewage diversion and wastewater treatment, phosphorus concentrations 

declined rapidly thereafter (Güde et al., 1998) and reached concentrations below 10 µg l
-1

 

until the early 2000s (Straile, 2015). This process of oligotrophication did influence the 

community structures and biomass of phytoplankton (Jochimsen, Kümmerlin & Straile, 

2013) which, moving up the food chain, will affect the communities of higher organisms. In 

recent years, TPmix values between 6 and 9 µg l
-1

 were observed, which indicate that the lake 

fully returned to its oligotrophic condition similar to concentrations measured in the first half 

of the 20
th

 century (Straile, 2015). 

Numerous non-native species have invaded the different habitats of Lake Constance 

(Eckmann & Rösch, 1998; Hanselmann, 2011). Non-native species are defined as species 

living outside their native distributional range due to either deliberate or accidental human 

interference (Jeschke et al., 2014). In lake ecosystems, they are often introduced via inflow of 

connected rivers or fouling organisms at hulls or ballast water of boats (Kinzelbach, 1972, 

1995; Wittmann, 1995). In order to survive, grow, reproduce, and complete their life cycle in 

the new habitat, non-native species often tolerate higher salt content, temperature ranges, and 

organic pollution than native species (Leuven et al., 2009). Non-native species can modify 

existing habitats either positively or negatively by providing new food resources and habitat 

structures or by reducing existing ones (Vander Zanden, Casselman & Rasmussen, 1999; 

Ricciardi & MacIsaac, 2000; Maguire & Grey, 2006). In case an introduced species causes 

economic or environmental harm to the ecosystem, it is called invasive species (Beck et al., 

2008). While the invasion of new species from the heavily used transport route of the lower 

Rhine system to Lake Constance is hindered by the Rhine Falls, non-native species typically 

enter Lake Constance via ballast water of ships or on the hulls of ships (Gergs et al., 2008; 

reviewed by Hanselmann, 2011). 

In Lake Constance, the littoral zone covers about 10% of the entire lake with a water depth of 

about 5 m during high water conditions in summer. Along the 186 km shoreline, the littoral 

zone of ULC varies greatly in structure (Scheifhacken, Fiek & Rothhaupt, 2007): the shore 

width shifts from 20 to 2000 m (Stoll et al., 2008), while the different substrate types include 

muddy sediments, shelf-like areas with pebbles and artificial zones with large boulders 
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(Fischer & Eckmann, 1997b). Furthermore, various types of slopes from low to pronounced 

drops and different exposures to wind are found (Fischer & Eckmann, 1997b; Reyjol et al., 

2005) resulting in a pronounced spatial heterogeneity of habitats. 

 

The littoral invertebrate community in Lake Constance 

Since 1958, 14 non-native species were detected in the littoral invertebrate community in 

Lake Constance, of which nine have been first found only since 2000 (reviewed by 

Hanselmann, 2011). While some stayed in insignificant numbers, others became highly 

abundant and thus influenced the littoral invertebrate communities in different ways. The 

Ponto-Caspian zebra mussel (Dreissena polymorpha, Dreissenidae) was first found in the 

lake in the mid-1960s (Siessegger, 1969) and rapidly became the most abundant mussel in the 

littoral system of the lake. By increasing the surface area and restructuring the substrate in the 

form of mussel shells, D. polymorpha alters the benthic habitat (Gergs & Rothhaupt, 2008a). 

Furthermore, the filter feeder provides pelagic-derived biodeposed material as an additional 

food source for other invertebrate species making the pelagic primary production available to 

the littoral community (e.g., Ricciardi, Whoriskey & Rasmussen, 1997). Especially the two 

non-native amphipod species Gammarus roeselii (Gammaridae) and Dikerogammarus 

villosus (Gammaridae) are profiting from this new biodeposition food web either by directly 

feeding on the material (G. roeselii) or preying on the individuals, which are attracted by the 

additional food source (D. villosus) (Gergs & Rothhaupt, 2008a). Both amphipod species 

originated from the Ponto-Caspian region and invaded Lake Constance at different points in 

time. While G. roeselii was already found in the late 1960s or early 1970s (Rothhaupt, 

Hanselmann & Yohannes, 2014), D. villosus invaded the Lake in 2003 and soon displaced 

large numbers of G. roeselii at many sites (Mürle, Becker & Rey, 2004). One of the most 

recent invaders is the mysid shrimp Limnomysis benedeni (Mysidae), which started to invade 

the lake quite rapidly in 2006 (Fritz et al., 2006; IGKB, 2007) and established a stable 

population soon afterwards (Gergs et al., 2008). 

To investigate the effects of invasive species and oligotrophication on the littoral invertebrate 

community, I use stable isotope analysis, a well-recognised approach to disentangle 

biogeochemical relationships in ecosystems while contributing both source-sink and process 

information (Peterson & Fry, 1987). The elements carbon, nitrogen, sulfur, hydrogen, and 

oxygen all have more than one isotope and isotopic composition of natural materials change 

in predictable ways as elements cycle through the biosphere (Peterson & Fry, 1987). 
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Particularly the analysis of carbon and nitrogen isotopes is a useful tool to quantify different 

energy sources (Vander Zanden et al., 1999; Fry, 2006) and to evaluate trophic relationships 

in limnetic food webs (Peterson & Fry, 1987; Fry, 1991; Yoshioka, Wada & Hayashi, 1994). 

Carbon is a good indicator for food sources, because ratios of carbon isotopes (δ
13

C) differ 

among primary producers with different photosynthetic pathways, but change little with 

trophic transfer. Thus, δ
13

C can be used to determine the ultimate sources of dietary carbon 

(Layman et al., 2007). For example, δ
13

C ratios help to distinguish between littoral and 

pelagic production, while the nearshore area is enriched in 
13

C (leading to a less negative 

δ
13

C), the base of the pelagic food web more negative with a higher share of 
12

C (France, 

1995). Contrary, ratios of nitrogen isotopes (δ
15

N) increase of approximately 3-5‰ for each 

trophic transfer along a food chain (Peterson & Fry, 1987; Cabana & Rasmussen, 1994) 

providing a measure of the trophic position of the investigated consumer (Minagawa & 

Wada, 1984; Cabana & Rasmussen, 1994). With stable isotope analysis, we can detect 

changes in the preferred energy sources (i.e. pelagic vs littoral) and shifts in the trophic 

position of consumers caused by environmental changes like oligotrophication and invasive 

species. 

In chapter II, δ
13

C and δ
15

N values of eight littoral invertebrate taxa (seven species and one 

family) are used to explore whether energy sources and trophic positions are shifting or show 

resilient dynamics with decreasing TP concentration. I hypothesise that stable isotope values 

of both elements of invertebrates are influenced by oligotrophication leading to shifts towards 

littoral energy sources due to a higher productivity in that area of the lake. In this chapter, I 

also explore the long-term effects of the littoral biodeposition based food web provided by 

the non-native mussel D. polymorpha. I assume that high amounts of this biodeposed 

material serve as an additional food source and therefore leading to lower δ
13

C values in the 

investigated taxa. 

 

The littoral fish community in Lake Constance 

The fish community of Lake Constance consists of 29 species and all of them inhabit the 

littoral zone at least in some stages of their lives: in different seasons (Fischer & Eckmann, 

1997a; Jeppesen et al., 2012) or different hours of the day (Schulz & Berg, 1987), as well as 

permanently (Schleuter & Eckmann, 2008). Former Lake Constance studies already explored 

changes in the population density of various fish species due to changing environmental 

conditions and the introduction of non-native species (Eckmann & Rösch, 1998). Eurasian 
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perch (Perca fluviatilis, Percidae, hereafter referred to as perch) and whitefish (Coregonus 

spp., Salmonidae) are among the most abundant fish species and commercially the most 

important fish species in the lake (Eckmann & Rösch, 1998). However, due to eutrophication 

in the 1960s and 1970s, one of four whitefish species (Coregonus gutturosus, local name 

‘Kilch’) became extinct (Klein, 1993). Contrarily, perch increased in abundance during this 

eutrophic phase (Eckmann & Rösch, 1998; Eckmann, Gerster & Kraemer, 2006). Moreover, 

invasive species benefited from the increase of phosphorus concentrations. For example, 

shortly after their establishment in the lake, three-spined stickleback (Gasterosteus aculeatus, 

Gasterosteidae, hereafter referred to as stickleback) quickly boosted in numbers due to 

favourable, mesotrophic conditions in the 1950s (Rösch, Baer & Brinker, 2018). Like 

stickleback, non-native ruffe (Gymnocephalus cernua, Percidae) was able to establish in high 

numbers under the mesotrophic conditions in the late 1980s (Fischer & Eckmann, 1997b; 

Eckmann & Rösch, 1998). 

Studies in other lakes also showed that decreases in productivity (including the reduction of 

available resources) affect the abundance, biomass, and size diversity of various fish species 

(Jeppesen et al., 2000; Jeppesen, Jensen & Søndergaard, 2002; Jeppesen et al., 2005; 

Gerdeaux et al., 2006; Brucet et al., 2018). Thus, it is important to investigate the effects of 

re-oligotrophic conditions on the littoral fish community in Lake Constance. In chapter III, I 

analyse the response of total and individual species abundance and biomass to decreasing 

nutrient concentrations and examined whether the community shows resilience towards or is 

impacted by oligotrophication. I hypothesise that total catch per unit effort (CPUE) of the 

littoral fish community declined due to decreasing productivity, i.e. total CPUE will not show 

resilience to declining nutrients. Likewise, I assume that the CPUE of most frequent species 

also decreases, i.e. species show synchronous dynamics in response to oligotrophication. 

However, not only abundance and biomass, but also community based traits can be 

influenced by oligotrophication. Traits are useful tools to describe the function of populations 

and species dynamics (Pianka, 1970). Size is one of the most frequently used traits in 

analysing fish populations (e.g., Emmrich et al., 2011, 2014; Brucet et al., 2017, 2018). In 

particular, size diversity is a straight-forward way to estimate variation in the individual body 

size structure of a community (e.g., Brucet et al., 2006, 2010) and can be used to reveal inter- 

as well as intraspecific variability in communities (Violle et al., 2012). Lower productivity 

caused by oligotrophication can decrease food availability for fish (Jeppesen et al., 2002) that 

can further affect growth and thus size diversity of the fish community. In chapter IV, I 

investigate long-term changes or resilient dynamics in the size diversity of the littoral fish 
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community due to reduced TP concentrations. I test the hypothesis that size diversity of the 

investigated fish community decreased due to oligotrophication. Moreover, I combine size 

with species diversity and expect that these two diversity measures are positively correlated 

with increasing size diversity values at high numbers of species. 

This dissertation aims to enhance our understanding of the resilience of littoral communities 

towards environmental changes. In particular, I investigate the response of abundance and 

biomass, as well as size and species diversity of the littoral fish community, and energy flow 

and habitat links in the littoral invertebrate community. 
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Chapter II: First Manuscript 
 

 

Oligotrophication and invasive species impact littoral invertebrates 

in a large, peri-alpine lake: Long-term isotopic evidence 

 

Maike Sabel, Elizabeth Yohannes, Dietmar Straile, Karl-Otto Rothhaupt 

 

 

Abstract 

Changing nutrient concentrations and the introduction of non-native species affect the 

community structure in aquatic ecosystems. Particularly, in freshwater systems (e.g. lakes), 

the recipient invertebrate communities can be altered, and ‘novel’ trophic communities could 

develop. Lake Constance (Europe) experienced pronounced nutrient variation caused by 

eutrophication (early 20
th

 century) followed by oligotrophication (post-1980) and has been 

invaded by multiple invertebrate species. We used archived samples to investigate the long-

term impact of oligotrophication and invasive species on the isotope signatures of the littoral 

invertebrate community. Specifically, we investigate temporal changes in carbon (δ
13

C) and 

nitrogen (δ
15

N) values of eight dominant littoral invertebrate taxa obtained from spring and 

autumn samples over 15 years period. δ
13

C values were significantly less negative in autumn 

and increased in spring during the study period. In contrast, δ
15

N values decreased during the 

study period in both seasons. The influence of Dreissena polymorpha (invader) biodeposition 

on δ
13

C was time-dependent resulting in a lowering of δ
13

C only during the start of the 

investigation period, whereas δ
15

N values increased with higher Dreissena polymorpha 

abundance. This study illustrates the combined impacts of oligotrophication and biotic 

invasions on the benthic community resulting in a higher dependence on littoral productivity. 

 

Keywords: Dreissena polymorpha, Dikerogammarus villosus, Gammarus roeselii, 

biodeposition, community niche width, littoral resources, Lake Constance, benthic-pelagic 

coupling 
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Introduction 

During the last decades, human effort has allowed several lakes to experience oligotrophic 

status after some periods of eutrophication (e.g., Jeppesen et al., 2005). This 

oligotrophication process permitted many lakes to retain lower external phosphorous input, 

reduced chlorophyll‐a concentrations and to attain higher water quality. For instance, over the 

last decade, Lake Constance has undergone reduction of total phosphorous concentrations of 

more than one order of magnitude since the late 1970s. Moreover, a trend towards an 

expansion of non-native species both in the pelagic and littoral zone has been observed 

repeatedly (reviewed by Hanselmann, 2011; Rösch et al., 2018). 

This raises a crucial question: what are the effects of lake nutrient reduction and the 

introduction of invasive species on littoral communities? Elsewhere, changing environmental 

conditions (e.g. the process of oligotrophication or invasion by non-native species) are shown 

to have pronounced effects on lake communities (Kinzelbach, 1995; Jeppesen et al., 2002; 

Gerdeaux et al., 2006; Strayer et al., 2006). Potential causes for these effects may include 

internal nutrient loadings (e.g. biodeposition) and anthropogenic activities which affect 

physical lake parameters. These factors, singly or coupled, could alter species competition as 

well as facilitate novel species introduction and expansion of undesirable invasive species 

such as zebra mussels (Karatayev, Burlakova & Padilla, 1997; Racciardi, 2003). However, 

less emphasis has been put on the impact towards littoral communities, although the 

importance of pelagic and littoral trophic interactions in controlling ecosystem function is 

well recognized (Sherr, Sherr & Rassoulzadegan, 1988; Epstein & Gallagher, 1992; Epstein, 

Burkovsky & Shiaris, 1992; Vaqué et al., 1992) with littoral invertebrates playing a major 

role in the energy cycle of the lake system (Covich, Palmer & Crowl, 1999). Thus, 

investigating the impact of oligotrophication and invasive species on the littoral community 

structure is an important step to enhance our understanding of temporal changes and 

ecosystem functioning in these systems. 

Lake Constance is an excellent model system for achieving such a goal since the large 

disturbance amplitude caused by eutrophication during the 20th century followed by the 

successful oligotrophication, can be traced back using long-term archived data and stored 

invertebrate samples. The trophic status of the lake changed twice with total phosphorous 

(TP) concentrations increasing from <10 µg l
-1

 in the 1950s to almost 90 µg l
-1

 in the late 

1970s and then returning to oligotrophic conditions of <10 µg l
-1

 by the beginning of the 21
st
 

century. The littoral zone experienced the effects of decreasing productivity somewhat later 
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in time because of the input of phosphorous and other nutrients from the littoral sediment in 

summer and autumn (Güde et al., 2000). However, with diminishing food sources in the 

pelagic zone, the dependence of different species on littoral resources is expected to 

reinforce. Such shifts might be expressed through seasonality in littoral versus pelagic 

nutrient sources utilization, and/or stepwise 
15

N- enrichment or decrease of littoral food web 

in reflection of trophic positions. 

Since the late 1950s, several non-native invertebrate species have invaded the littoral zone of 

Lake Constance (reviewed by Hanselmann, 2011): the zebra mussel Dreissena polymorpha 

was first discovered in the lake in the mid-1960s (Siessegger, 1969) and established high 

numbers until the early 2000s. Former studies found that zebra mussel shells provide 

increased structural complexity which positively affect the abundance of other littoral 

invertebrates in Lake Constance (Mörtl & Rothhaupt, 2003). Furthermore, the pelagic-

derived biodeposed material of D. polymorpha is used as an additional food source by other 

species, especially by the two invasive amphipod species (Gergs & Rothhaupt, 2008a): 

Gammarus roeselii was introduced to the lake in the late 1960s or early 1970s (Rothhaupt et 

al., 2014) and its high numbers were reduced after the invasion of Dikerogammarus villosus 

in 2003 (Mürle et al., 2004). The first omnivorous mysid shrimp in Lake Constance, 

Limnomysis benedeni, started spreading rapidly in 2006 (Fritz et al., 2006). 

A dual isotope approach was applied. Firstly, we used stable isotopes to analyse potential 

energy sources of consumers with the help of carbon-isotope (δ
13

C) ratios (Vander Zanden & 

Rasmussen, 2001). While the nearshore lake area is enriched (more positive) in δ
13

C, the base 

of the pelagic food web displays depleted (more negative) δ
13

C values (France, 1995). 

Second, nitrogen-isotope ratios (δ
15

N) are used to evaluate trophic relationships in 

communities and trophic positions of organisms, because δ
15

N exhibit a step-wise enrichment 

(3.0 – 4.0‰) from prey to predator (Vander Zanden & Rasmussen, 2001). 

Here, we established a 15 years-time series of stable isotope signatures to investigate the 

effects of oligotrophication on energy sources and trophic positions of littoral invertebrates. 

We hypothesise that with increasing oligotrophication, littoral carbon sources become 

increasingly important relative to pelagic primary producers. As littoral carbon sources are 

characterised by less negative δ
13

C signatures, this should lead to increasing δ
13

C signatures 

in the macroinvertebrate community with decreasing TP levels. Moreover, we investigate the 

importance of biodeposed material provided by D. polymorpha as an additional food source 

and hypothesise that δ
13

C signatures decreased in the detritus feeders as biodeposition derives 

from 
13

C-depleted pelagic phytoplankton. Finally, we hypothesise that the introduction of 
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non-native species increases the trophic niche size as these species are expected to utilise new 

food sources. 

 

Material & Methods 

Sample collection 

Sampling took place at Litoralgarten, a sampling site close to the Limnological Institute, 

University of Konstanz, located at the south-western shore of the Überlingen Basin of Upper 

Lake Constance (47°390 N, 9°180 E). The shore of the sampling site is characterised by wide 

boulders and silty sand with loosely packed stony overlay (Baumgärtner, Mörtl & Rothhaupt, 

2008). Sampling took place in spring (March or April) and autumn (September, October, or 

November). 

Suction samples were used to collect benthic invertebrates in three different depths (MLW; 

MLW-1 and 40 cm below the water surface) of the littoral zone. In the laboratory, sampled 

stones were rinsed and brushed to remove all individuals, while fine sediment was sieved to 

pick out individuals. Each sample was preserved in 70 % ethanol (for further, more detailed 

information check (Baumgärtner et al., 2008)). 

The following eight benthic invertebrate taxa (seven species and one family) were selected 

because they are among the most dominant taxa in the littoral invertebrate community of 

Lake Constance and perform different feeding modes (i.e. filter feeding, grazing, predation): 

the native taxa Bithynia tentaculata, Chironomidae, Ecnomus tenellus, and Tinodes waeneri 

and the invasive species D. villosus, D. polymorpha, G. roeselii, and L. benedeni (Table 1). 
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Table 1: Information on family, feeding mode, and status as well as year of introduction (if available) of the 

eight investigated benthic invertebrate taxa. 

 

Species Family Feeding mode Status Year of Introduction 

B. tentaculata Bithyniidae grazing / filter feeding native  

 Chironomidae grazing (algae, detritus) native  

D. villosus Gammaridae predation / grazing non-native 2003 

D. polymorpha Dreissenidae filter feeding non-native mid-1960 

E. tenellus Ecnomidae predation native  

G. roeselii Gammaridae grazing non-native late-1960 / early-1970 

L. benedeni Mysidae grazing / filter feeding non-native 2006 

T. waeneri Psychomyiidae grazing (algae, detritus) native  

 

Sample analysis: Abundance & stable isotopes 

All invertebrate individuals per taxa were counted in each sample. For performing stable 

isotope analysis, we took individuals from ten sampling years: 2000, 2002, 2003, 2005, 2007, 

2008, 2010, 2012, 2013, and 2015. We pooled several individuals for one sample. Whenever 

possible we prepared four replicates per species, season and year. We do not know if and to 

what extend the storage in ethanol may have affected the stable isotope measurements of our 

samples. Doubtlessly, ethanol can have leached out lipids from the stored organisms (Kelly, 

Dempson & Power, 2006; Syväranta et al., 2008). Levels of 
13

C in lipids are depleted relative 

to whole organism or tissue 
13

C values and therefore, variations in lipid content may skew 

isotope values (Post et al., 2007; Rothhaupt et al., 2014). For this reason, lipid extraction is 

usually recommended prior to isotope analysis. To standardize the condition of all our 

samples, we performed lipid extraction by soaking in a 2:1 chloroform-methanol solution for 

24 h, then rinsing in distilled water, before further preparation for conducting stable isotope 

analysis. Dried and pulverized samples were weighed (ca. 0.7 mg) in tin cups to the nearest 

0.001 mg, using a micro analytical balance. Samples were combusted in a vario PYRO cube 

elemental analyser (Elementar Analysensysteme, Germany) at 1120°C. Resulting CO2 and N2 

were separated by gas chromatography and passed into an IsoPrime isotope ratio mass 

spectrometer (IRMS; Isoprime Ltd., Manchester, UK) for determining 
13

C/
12

C or 
15

N/
14

N 
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ratios. All stable isotope values (δ
13

C or δ
15

N) are reported in the δ notation (per mill) where 

δ = (1,000 x [Rsample/Rstandard] -1) ‰; relative to the Pee Dee Belemnite (PDB) for carbon and 

atmospheric N2 for nitrogen in parts per thousand deviations (‰). 

 

Statistical analysis 

We used linear regression models to investigate dynamics of δ
13

C and δ
15

N mean values (i.e. 

dependent variables) with various combinations and interactions of the independent variables 

species, season (i.e. spring and autumn), year (i.e. 2000 to 2015) or annual TP concentration 

(i.e. 14.0 to 6.0 µg l
-1

), and log-transformed D. polymorpha mean abundance (m²) per season 

and year (i.e. 1,802 to 42,309 individuals/m²) (Figure 1 & SM Table 1). We used the Akaike 

Information Criterion (AIC) to compare the different models, and only the five best models 

(i.e. the models with the lowest AIC) for each element are shown. We applied analysis of 

variance (ANOVA) to investigate significant changes in δ
13

C and δ
15

N values in regard to the 

different independent variables. Moreover, we separated native taxa and those which invaded 

the lake before 2000 (i.e. D. polymorpha and G. roeselii) from invasive species which were 

introduced after 2000 (i.e. D. villosus and L. benedeni) to analyse how the niche width 

occupied by the eight investigated taxa changed with time and the introduction of new 

species. For this, we calculated total area of convex hull (TA) encompassing data points (i.e. 

δ
13

C and δ
15

N values) with the laymanMetrics function of the R package SIBER (Jackson et 

al., 2011) to calculate the niche width of the two different groups (i.e. taxa before 2000 

compared to all taxa including to D. villosus and L. benedeni) in the different years. 

All calculations were conducted using R (R Core Team, 2019) using the package car (Fox & 

Weisberg, 2011). 

 



19 

 

 

Figure 1: Left y-axis: Annual mean total phosphorous (TP) concentrations (µg l
-1

) in the mixing layer of Lake 

Constance from 2000 to 2015. Right y-axis: Annual log-transformed mean abundance per m² of Dreissena 

polymorpha from 2000 to 2015 separated for season (i.e. spring = filled circle, autumn = empty rectangle). 

Enlarged symbols indicate the years with available isotope values (i.e. δ
13

C and δ
15

N). 

 

Results 

During the study period TP concentrations decreased from 14.0 µg l
-1

 in 2000 to 6.0 µg l
-1

 in 

2010 and afterwards increased again up to 8.5 µg l
-1

 in 2015 (Figure 1 & SM Table 1). Mean 

abundance of D. polymorpha shifted between 42,309 individuals/m² (autumn samples in 

2007) and 1,802 individuals/m² (spring samples in 2003). Throughout the whole sampling 

period abundance in autumn was always higher than abundance in spring (Figure 1 & SM 

Table 1). 

 

Carbon isotopes (δ
13

C) 

Models with year as an independent variable received more support than models with TP as 

an independent variable. The best model for carbon suggested significant temporal shifts and 

influence of D. polymorpha abundance (Table 2). The model included interactions between 

species and season (p < 0.001), season and year (p = 0.017), as well as between log-

transformed D. polymorpha abundance (hereafter referred as log(D.p.Abu)) and year (p = 

0.033) (Table 2). Also the main effects of species (p < 0.001) and season (p < 0.001) were 

significant (Table 2). 
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Table 2: Linear regression models with various combinations and interactions between independent variables 

(season, year, and log-transformed mean Dreissena polymorpha abundance per sampling month and year 

(log10(D.p.Abu))) were calculated for the mean δ
13

C values of investigated taxa. The best five models are listed, 

starting with the model with the highest weight and therefore the best fit for the data according to the Akaike 

Information Criterion (AIC). dAIC indicates the differences between the AIC of the different models and the 

best model. Analysis of variance (ANOVA) values are only shown for the model with the best fit. Significant 

values are in bold. 

 

Carbon Models with Year df dAIC weight 

m18b = (Species + Season)² + (log(D.p.Abu) + Year)² + (Season + Year)² 21 0 0.623 

m18a = (Species + Season + Year)² + (log(D.p.Abu) + Year)² 28 2.4 0.183 

m6 = Season * Species 17 2.5 0.174 

m2 = Year * Species + Season * Species 25 7.7 0.013 

m4 = Season * Species + log(D.p.Abu) 25 9.6 0.005 

    

ANOVA (m18b) df F p-value 

Species 7 56.224 <0.001 

Season 1 32.387 <0.001 

log(D.p.Abu) 1 3.9 0.051 

Year 1 0.117 0.733 

Species:Season 7 4.311 <0.001 

log(D.p.Abu):Year 1 4.704 0.033 

Season:Year 1 5.933 0.017 

 

Dreissena polymorpha (-30.12 ± 0.25‰ in spring, -29.53 ± 0.17‰ in autumn) and L. 

benedeni (-29.48 ± 0.15‰ in spring, -28.88 ± 0.43‰ in autumn) had significantly lower 

mean δ
13

C values than the other investigated taxa (Figure 2). Mean δ
13

C values of 

Chironomidae, D. villosus, and T. waeneri significantly differed between seasons with higher 

values in autumn for all three taxa (Figure 2). In spring, mean δ
13

C values increased over 

time, whereas no trend was detected in autumn (Figure 3). With increasing D. polymorpha 

abundance, mean δ
13

C values declined in the early sampling years, but showed no trend with 

increasing D. polymorpha abundance reported in late sampling years (Figure 3). 

The highest ranked model with TP concentration had the same predictors showing the same 

significant relationships and interactions between variables (SM Table 4 & SM Figure 1). 
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Figure 2: Mean δ
13

C and δ
15

N values (± SE) of eight investigated invertebrate taxa (Bithynia tentaculata, 

Chironomidae, Dikerogammarus villosus, Dreissena polymorpha, Ecnomus tenellus, Gammarus roeselii, 

Limnomysis benedeni, and Tinodes waeneri). Colours indicate species and shapes represent sampling seasons 

(i.e. circle = spring, rectangle = autumn). 

 

 

Figure 3: Upper panels: 

Relationship between mean 

δ
13

C values (± SE) and years 

separated for spring and 

autumn samples. Lower 

panels: Relationship between 

δ
13

C values (± SE) and log-

transformed Dreissena 

polymorpha abundance of 

samples from 2000 and 2015. 
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Nitrogen isotopes (δ
15

N) 

Similar to carbon, nitrogen models with year as an independent variable received more 

support than models with TP as an independent variable. The best model for nitrogen 

suggested species differences and temporal shifts in the isotopic signature, but also included 

log(D.p.Abu) as a predictor. However, this model suggested only species (p < 0.001) and 

year (p = 0.02) as significant predictors (Table 3). 

 

Table 3: Linear regression models with various combinations and interactions between independent variables 

(season, year, and log-transformed mean Dreissena polymorpha abundance per sampling month and year 

(log10(D.p.Abu))) were calculated for the mean δ
15

N values of investigated taxa. The best five models are 

listed, starting with the model with the highest weight and therefore the best fit for the data according to the 

Akaike Information Criterion (AIC). dAIC indicates the differences between the AIC of the different models 

and the best model. Analysis of variance (ANOVA) values are only shown for the model with the best fit. 

Significant values are in bold. 

 

Nitrogen Models with Year df dAIC weight 

m15 = Year + Species + log(D.p.Abu) 11 0 0.408 

m13 = Year + Species + Season + log(D.p.Abu) 12 0.6 0.296 

m14 = Year + Species + Season 11 1.8 0.17 

m11a = Year * Season * log(D.p.Abu) + Species 16 4.3 0.048 

m17 = Species + Season + log(D.p.Abu) 11 5.2 0.031 

    

ANOVA (m15) df F p-value 

Year 1 5.6 0.02 

Species 7 13.642 <0.001 

log(D.p.Abu) 1 1.618 0.206 

 

Ecnomus tenellus (10.27 ± 0.98‰ in spring, 9.84 ± 0.69‰ in autumn) and L. benedeni (9.48 

± 0.26‰ in spring, 9.4 ± 0.42‰ in autumn) had significantly higher δ
15

N mean values than 

the other investigated taxa (Figure 2). Furthermore, we found that mean δ
15

N values 

significantly decreased over time (Figure 4). 
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Figure 4: Relationship between mean δ
15

N values (± SE) and sampling years (p = 0.02). 

 

The highest ranked model with TP concentration showed significant relationships between 

mean δ
15

N values and TP (p = 0.002), species (p < 0.001), and log(D.p.Abu) (p = 0.012) (SM 

Table 5). Mean δ
15

N values significantly increased with higher TP concentration, as well as 

with higher D. polymorpha abundance (SM Figure 2). 

 

Isotopic niche width 

Isotopic niche width of native taxa and those of introduced species before 2000 showed 

pronounced temporal variability with higher values in 2002, 2012, and 2013 (Figure 5). The 

introduction of D. villosus led to a slight increase in niche width, while with the introduction 

of L. benedeni after 2006 niche width reached the highest value in 2013 (Figure 5). 
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Figure 5: Changes in niche width 

(here expressed in the total area of 

convex hull (TA)) over time 

separated for two groups: taxa 

before 2000 (solid line) and all taxa 

including the invasive species 

Dikerogammarus villosus and 

Limnomysis benedeni (dashed 

line). 

 

 

 

 

 

 

 

 

More detailed information on δ
13

C and δ
15

N mean values of the investigated taxa is given in 

SM Table 2 & 3. 

 

Discussion 

The potential expansion of non-native species coupled to reduced phosphorous 

concentrations (i.e. process of oligotrophication) in a large and deep lake is a matter of 

concern (Straile & Geller, 1998; Gergs, Rinke & Rothhaupt, 2009; Gallardo et al., 2016). A 

biochemical approach such as stable isotope analysis offers a good opportunity to estimate 

trophic and dietary composition of species and communities (e.g., Bearhop et al., 2004). The 

results presented here support the idea that the dynamic process of oligotrophication might 

play a more complex temporal and seasonal role on littoral invertebrates than once envisaged 

and even more with the introduction of non-native species. 

Overall, two major patterns appeared: Firstly, the stable isotope values of the invertebrate 

species altered following oligotrophication. Spring δ
13

C values shifted to more positive 

values while autumn δ
13

C values showed no significant trend over time. δ
15

N values 

significantly decreased during the sampling period. Secondly, high abundance of D. 

polymorpha resulted in significantly decreased δ
13

C values in the beginning of the sampling 
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period. Moreover, the TP model revealed increased δ
15

N values with higher D. polymorpha 

abundance. 

In order to ensure that any significant shifts in δ
13

C and δ
15

N signatures did not only result 

from the two non-native species that were introduced in the lake after 2000, namely D. 

villosus and L. benedeni, we excluded them for the data and counter-checked for the best 

models. Interestingly, the best model fit did not change, indicating that these two introduced 

species are not necessarily the main and only drivers of the observed dynamics and temporal 

variations in δ
13

C and δ
15

N values. 

 

Temporal shifts in isotopic signatures: Effects of season and total phosphorous concentration 

Our data revealed significant differences in δ
13

C values indicating either shifts in energy 

sources of the investigated taxa or in the baseline of utilized energy sources between seasons. 

These differences were mostly driven by Chironomidae, D. villosus, and T. waeneri which 

had significantly higher δ
13

C values in autumn. The first two mentioned taxa are known to 

have wider ranges in food sources and thus might be able to switch depending on the 

availability in the different seasons (Gergs & Rothhaupt, 2008a b). In this case, higher δ
13

C 

values indicate that they shifted towards littoral energy sources in autumn. However, seasonal 

differences in δ
13

C values of primary consumers with more negative values in winter (
13

C-

depleted) and less negative values in summer (
13

C-enriched) can also be caused by common 

drivers, such as temperature-dependent physical and chemical processes, which promote 

changes in littoral baseline (Zohary et al., 1994; Woodland et al., 2012; Visconti et al., 2014). 

Although we did not compare summer and winter conditions, our spring samples (i.e. March 

and April) should be more related to the conditions in late winter/early spring, whereas the 

samples taken in September and October (samples in November were only taken in 2007) 

should resemble warmer summer and early autumn conditions. Surprisingly, we could not 

find any significant seasonal differences for δ
15

N values, whereas other studies report that 

δ
15

N values display the inverse pattern of summer depletion and winter enrichment (Bunn & 

Boon, 1993; Woodland et al., 2012). This may be related to the nutritional state of the 

consumers. Low food conditions in winter can lead to starvation and starvation has been 

shown to cause high δ
15

N values, because 
14

N is preferentially excreted under starvation 

conditions (Adams & Sterner, 2000). Maybe, in our study, environmental conditions in spring 

and autumn did not differ so much and the nutritional situation of consumers was comparable 

in the two seasons. 
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Among other factors, the isotopic signature of carbon in lakes is also dependent on the 

productivity of the system. In lakes, dissolved inorganic carbon (DIC) concentration is 

always a limiting factor and at high rates of primary production, algal demand for DIC is high 

leading to depletion in epilimnetic DIC. In productive lakes, primary production by algae and 

carbon storage in biota and sediments are high, so that aqueous CO2 is depleted and 

atmospheric carbon (Catm) diffuses into surface waters (Schindler et al., 1997). Given the fact 

that Catm exhibits high 
13

C:
12

C ratios relative to aqueous CO2 and algae assimilate Catm to 

support their growth, productive lakes are enriched in 
13

C (Schindler et al., 1997). Contrary, 

less productive lakes are carbon sources and carbon efflux is increased leading to lower rates 

of 
13

C (Schindler et al., 1997). Low 
13

C values due to the oligotrophication process in Lake 

Constance were already observed in scales of the pelagic whitefish (Gerdeaux & Perga, 

2006). However, the long-term trend of δ
13

C values in our autumn samples showed only a 

slight (non-significant) decrease over time indicating that oligotrophication had not the same 

effects on the littoral as on the pelagic productivity. 

Interestingly, δ
13

C values significantly increased in spring over time. This dynamic is mainly 

driven by increasing δ
13

C values of T. waeneri. Tinodes waeneri is known as a gardening 

species, which fertilizes its retreat so that potential food sources such as algae and other 

microorganisms can grow on it (Hasselrot, 1993). Alternatively, this species can feed on 

littoral epilithon (Ings, Hildrew & Grey, 2010). Ings et al. (2010) reported that in more 

productive lakes the main food source of T. waeneri is the biofilm growing on its retreat, 

which results in lower δ
13

C values. Therefore, increasing δ
13

C values of T. waeneri in Lake 

Constance might indicate that with lower nutrient concentrations, the species is shifting 

towards littoral epilithon as its main food source resulting in higher δ
13

C values. This finding 

might indicate that higher reliance on littoral carbon sources (which are less depleted in δ
13

C 

than pelagic sources) are responsible for increased δ
13

C values in spring (France, 1995). In an 

oligotrophic lake with decreased pelagic primary production, the importance of littoral 

productivity increases (James et al., 1998; Vadeboncoeur, Vander Zanden & Lodge, 2002). 

Already McEachran et al. (2019) found that invertebrate primary and secondary consumer as 

well as several fish species are more reliant on littoral energy in a Minnesota (USA) lake with 

low phytoplankton abundance (i.e. low pelagic productivity). Some of our investigated 

species (i.e. E. tenellus and L. benedeni) are known to have a wide range of food resources 

and are able to switch to more littoral carbon sources when pelagic food resources are low 

(Corallini & Bicchierai, 2011; Fink & Harrod, 2013). 
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Likewise, the δ
15

N values of invertebrates that provide information about the sources of 

nitrogen fuelling local food webs, decreased as the intensity of oligotrophication increased. 

These dynamics could have been caused by different factors. In general, shifts in δ
15

N values 

can be influenced by the isotope composition of the source of inorganic nitrogen taken up by 

primary producers, changes in algal composition, and N-cycling reactions within the 

microbial loop (Gerdeaux & Perga, 2006). Therefore, it remains difficult to determine the 

driving factors of the changes we can see in our results. However, Gu (2009) found a positive 

relationship between δ
15

N of particulate organic matter (POM) and primary productivity in 

lakes differing in phosphorous concentrations. Based on this finding, we should indeed 

expect a decline of δ
15

N values during our study period, i.e. with oligotrophication. 

 

Effects of invasive species: Extended trophic niches and biodeposition as an alternative 

nutrient source 

Non-native species extend accessible energy sources in the littoral zone by feeding on 

phytoplankton (D. polymorpha and L. benedeni) and zooplankton (L. benedeni), i.e. pelagic 

food sources (Gergs et al., 2009; Fink et al., 2012). Thus, these non-native species widened 

the trophic niche (i.e. more negative δ
13

C values) in the littoral area of Lake Constance. 

Sagouis et al. (2015) already investigated and confirmed changes in the isotopic structure of 

freshwater fish communities due to non-native species. In contrast to our data, they found that 

the isotopic niche size decreases in communities with non-native species presence in lentic 

systems. Contrary, Córdova-Tapia et al. (2014) found that native fish species overlap in their 

trophic niche among themselves, while added non-native species occupy another trophic 

niche leading to no further overlap and an enlargement of the niche. These findings are partly 

mirrored by our data: D. polymorpha and L. benedeni filled in their own trophic niche, but G. 

roeselii and D. villosus overlapped with native species like E. tenellus and Chironomidae. 

When looking at food web patterns by the use of stable isotopes, information about the 

isotopic values at the base of the food web is needed. As this study is based on preserved 

samples of macroinvertebrates, we do not have information for baseline values for pelagic 

and littoral primary producers in our study years. However, we think that primary consumers 

that are close to the base of the food web can be used as baseline indicators. For example, 

zebra mussel stable isotope values have been used as references for studies on trophic status 

and as indicators of baseline isotope values (Haynes et al., 2005; Maguire & Grey, 2006; 
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Vuorio, Meili & Sarvala, 2006). In our case, zebra mussel stable isotope values may indicate 

baseline values for pelagic primary producers. 

Explicit analysis on the relationship between invertebrate δ
13

C values and mussel abundance 

at specifically highest and lowest TP concentrations (14.0 and 6.0 µg l
-1

, respectively) 

showed that more depleted δ
13

C values were pronounced at higher TP concentration with a 

magnitude shift of ca. 2.11 ‰ equivalent to double δ
13

C trophic shifts. To the contrary, in 

2015 (with lower TP concentration) the overall difference in δ
13

C values between the lower 

(3.54) and higher (4.03) zebra mussel abundance was only 0.92 ‰, with only one trophic 

shift. Already in the early 1990s, phytoplankton biomass decreased in Lake Constance due to 

oligotrophication (Jochimsen et al., 2013). Total phosphorous concentrations still decreased 

during our sampling period, possibly further decreasing the pelagic productivity. Therefore, 

we suggest that decreases in phytoplankton biomass may have resulted in lower feeding rates 

of D. polymorpha and consequently lower production of biodeposed material towards the end 

of the sampling period. Thus, oligotrophication may have resulted in a reduced utilization of 

pelagic carbon sources by the investigated taxa resulting in higher δ
13

C values. By 

implication, zebra mussel sestonic material contributes to the biomass and production of the 

littoral benthos and might have derived the isotopic shifts towards lighter carbon during 

earlier invasion and higher pelagic productivity, respectively, suggesting that zebra mussel 

biodeposits are an important energy coupling benthic and pelagic habitats (Gergs et al., 

2009). Furthermore, our results showed that δ
15

N values are increasing with higher D. 

polymorpha abundance. Already Gergs et al. (2011) found that δ
15

N values of amphipods 

increased with high feeding rates on D. polymorpha biodeposition in the littoral of Lake 

Constance. We also found this trend including TP as a predictor in our model: overall, δ
15

N 

values increasing with higher D. polymorpha abundance. These higher δ
15

N values stemmed 

from pelagic primary production (Gergs et al., 2011). 

In summary, this long-term biochemical based analysis revealed the complex and diverse 

effects of nutrient depletion and invasion in the freshwater environment. Regardless of many 

confounding or unknown factors that might have been involved in the present study (e.g. 

climate change, increase in human touristic activity); a key finding is that invasive species 

impact can be strong. However, the direction of the impact is highly variable at species and 

seasonal level and perhaps more direct at the functional level through ‘ecosystem engineers’. 

Elsewhere, invasive ecosystem engineering (IEE) is described as one of the most influential 

types of biological invasion (Guy-Haim et al., 2018). Such invasive engineers are anticipated 

to have extensive ecological influence resulting in measurable shifts in the physical and 
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chemical structure of ecosystems, thereby negatively altering the systems for a broad range of 

native species. Conversely, other studies have shown that although IEE negatively affected 

metabolic functions and primary production, it could also positively affect nutrient flux, 

sedimentation and decomposition (Karatayev, Burlakova & Padilla, 2002). Our results are in 

agreement with the generality of these two expectations. We found that IEE (here 

biodeposition from invasive D. polymorpha) had a significant effect as nutrient ‘supplier’ for 

the investigated taxa at the beginning of the sampling period. Here, one could argue that at a 

relatively smaller scale, D. polymorpha can act as an ecosystem engineer, as they modify the 

physical and chemical environment, but also through metabolic functions, movement and 

structure. However, our ability to detect the ‘engineering’ effects is likely to be more 

pronounced when coupled to effects such as long-term oligotrophication. Despite ample 

emphasis on invasive species, much of the research has focused on quantifying biotic changes 

(e.g. species elimination through invasion) with only little attention paid to direct effects at 

the level of ecosystem processes and functions. Apparently, there is a need for many more 

studies that look at species, community and functional effects in combination to make the 

links between these multiple environmental effects more apparent and the processes involved 

clear to understand. This aspect deserves further study and analysis and requires the attention 

of researchers, environmental managers and policy makers. Future studies ought to examine 

how the effects of IEE might be expressed in the services lake ecosystems provide to humans. 

 

Conclusion 

We aimed to study the effects of long-term oligotrophication and invasive species impact on 

littoral invertebrates in a large and deep peri-alpine lake. To do this, we used data on stable 

isotope composition of carbon and nitrogen in consumers to construct representative food 

web links. Data collected in this study were analysed in correlation with existing records of 

D. polymorpha abundance and TP concentrations to place results influenced by ongoing 

oligotrophication into a “historic”, long-term and seasonal context. 

In shallow lakes, the strong reliance between pelagic and littoral carbon sources is rather well 

documented (Bertolo et al., 2005; Pulido-Villena, Reche & Morales-Baquero, 2005; e.g., Ask 

et al., 2009). Limited number of studies investigated large and deep lakes (e.g., Grey, Jones 

& Sleep, 2001; Hampton et al., 2011). Therefore, our specific goals were to investigate (a) 

energy flow and (b) habitat coupling in the littoral invertebrate community during 

oligotrophication process. 
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Our data showed temporal shifts in the isotropic signature of δ
13

C or δ
15

N, suggesting that 

oligotrophication and resulting low nutrient concentrations affect the isotopic signature of 

littoral invertebrates in Lake Constance. Within those shifts, δ
13

C was shifting towards higher 

values in spring indicating a higher reliance on littoral carbon sources, whereas in autumn no 

significant trend was detected. Furthermore, biodeposed material provided by D. polymorpha 

plays an important role as an alternative food source only in the beginning of the sampling 

period. This study shows that environmental changes such as oligotrophication and the 

introduction of non-native species affect isotope signatures of benthic invertebrates 

suggesting increased importance of littoral energy sources. 
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Supplementary Material 

This supplementary material contains a table with annual total phosphorous concentrations 

(µg l
-1

) in the mixing layer of Lake Constance, as well as annual mean D. polymorpha 

abundance (per m²) in the littoral zone separated for spring and autumn and a table with mean 

values of δ
13

C (SM Table 2) and δ
15

N (SM Table 3) per taxa separated for season and year. 

We included the ANOVA tables and figures of the linear regression models with the annual 

total phosphorous concentration as a predictor (instead of year) to investigate relationships 

for mean values of δ
13

C (SM Table 4 & SM Figure 1) and δ
15

N (SM Table 5 & SM Figure 2). 

Moreover, we also show ANOVA tables for the linear regression models without the data of 

the two species that were introduced after 2000 (i.e. D. villosus and L. benedeni) for δ
13

C 

(SM Table 6) and δ
15

N (SM Table 7). 
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SM Table 1: Annual mean total phosphorous (TP) concentrations (µg l
-1

) in the mixing layer of Lake Constance 

and annual mean abundance per m² of Dreissena polymorpha (log-transformed; log10(D.p. Abundance) 

separated for season (Sp = spring; Au = autumn). 

 

Year TP Concentration log10(D.p. Abundance):Sp log10(D.p. Abundance):Au 

2000 14.0 3.84 4.18 

2002 12.0 3.3 4.08 

2003 12.0 3.26 3.39 

2005 10.0 3.52 4.37 

2007 9.0 3.59 4.63 

2008 8.0 4.12 4.25 

2010 6.0 4.25 4.28 

2012 7.0 3.66 4.14 

2013 7.2 4.07 4.23 

2015 8.5 3.54 4.03 
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SM Table 2: Mean δ
13

C ± SE values of the eight investigated invertebrate taxa separated for season (spring and autumn) and sampling year (2000 – 2015). 

 

Taxa 

Year 

2000 2002 2003 2005 2007 2008 2010 2012 2013 2015 

Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au 

B. tentaculata -26.45 

± 0.58 

-25.6 

± 0.49 

-25.48 

± 0.72 

-26.93 

± 0.32 

-26.07 

± 0.13 

 -26.59 

± 0.35 

-26.62 

± 0.36 

 -27.01 -27.83 

± 1.04 

-27.12 

± 0.28 

-26.51 

± 0.43 

-27.23 

± 0.4 

 -26.04 

± 0.29 

    

Chironomidae -26.99 

± 0.19 

-24.77 

± 0.12 

-25.45 

± 0.33 

-24.67 

± 0.09 

-25.54 

± 0.23 

 -28.11 

± 0.11 

-23.88 

± 0.83 

-25.84 

± 0.15 

-23.01 

± 0.44 

-27.77 

± 0.1 

-25.24 

± 0.71 

-24.73 

± 0.32 

-25.7 

± 0.38 

-25.36 

± 0.24 

-21.97 

± 0.85 

-30.33 -24.84 

± 0.3 

-26.26 

± 0.39 

-24.25 

D. villosus       -27.9 

± 0.21 

-24.97 -25.75 

± 0.43 

-25.27 

± 0.2 

-28.2 

± 0.18 

-23.57 

± 0.11 

-25.38 

± 0.4 

-22.38 

± 0.22 

-28.32 

± 0.28 

-24.32 

± 0.24 

-22.31 -24.88 

± 0.06 

-26.52 

± 0.41 

-23.37 

± 0.23 

D. polymorpha -30.7 

± 0.23 

-28.8 

± 0.06 

-30.47 

± 1.09 

-29.96 

± 0.38 

-28.64 

± 0.34 

 -30.09 

± 0.35 

-27.94 

± 0.49 

-29.49 

± 0.9 

-29.96 

± 0.14 

-31.27 

± 0.24 

-28.98 

± 0.84 

-29.21 

± 0.09 

-30.42 

± 0.12 

-31.98 

± 0.3 

-29.36 

± 0.29 

-28.21 

± 2.73 

-30.56 

± 0.16 

-30.3 

± 0.36 

-29.82 

± 0.25 

E. tenellus -26.54 

± 0.25 

-24.49 -24.51 

± 0.25 

-25.69 -25.64 

± 0.24 

     -26.65 -25.4  -26.75 

± 0.62 

-25.57 

± 0.62 

-25.64 

± 0.25 

 -25.29 -25.96 -26.61 

G. roeselii -26.66 

± 0.08 

-25.1 

± 0.24 

-25.05 

± 0.29 

-24.99 

± 0.17 

-27.03 

± 0.18 

 -27.62 

± 0.17 

  -26.29 

± 0.2 

-27.57 

± 0.07 

-24.82 

± 0.17 

-26.26 

± 0.18 

 -27.05 

± 0.01 

   -26.46 

± 0.2 

 

L. benedeni           -29.18 -27.66 

± 0.2 

-28.74 

± 0.32 

-29.66 -29.61 

± 0.14 

-29.01 -30.12 

± 0.33 

-29.04 -29.6 

± 0.25 

-30.23 

T. waeneri -26.73 

± 0.45 

-22.63 

± 0.29 

-24.29 

± 0.14 

-19.96 

± 0.43 

-24.86 

± 0.28 

 -25.1 

± 0.75 

-21.41 

± 0.21 

-25.26 

± 0.15 

-24.23 

± 0.28 

-26.93 

± 0.21 

-22.51 

± 1.42 

-23.4 -21.1 -22.8 -20.72 

± 0.2 

 -21.41 

± 2.14 

-23.16 -21.56 
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SM Table 3: Mean δ
15

N ± SE values of the eight investigated invertebrate taxa separated for season (spring and autumn) and sampling year (2000 – 2015). 

 

Taxa 

Year 

2000 2002 2003 2005 2007 2008 2010 2012 2013 2015 

Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au Sp Au 

B. tentaculata 8.21 ± 

0.3 

7.57 ± 

0.09 

7.73 ± 

0.43 

7.13 ± 

0.53 

7.71 ± 

0.06 

 7.28 ± 

0.27 

7.57 ± 

0.11 

 8.15 6.09 ± 

1.88 

7.55 ± 

1.36 

7.34 ± 

0.22 

7.27 ± 

0.08 

 7.39 ± 

0.36 

    

Chironomidae 9.03 ± 

0.04 

8.39 ± 

0.23 

7.44 ± 

0.28 

9.65 ± 

0.02 

8.99 ± 

0.08 

 7.64 ± 

0.1 

8.97 ± 

0.61 

7.19 ± 

0.71 

8.63 ± 

0.04 

7.92 ± 

1.11 

7.91 ± 

1.03 

8.16 ± 

0.2 

7.96 ± 

0.44 

7.53 ± 

0.18 

8.65 ± 

0.26 

6.75 7.49 ± 

0.12 

8.24 ± 

0.19 

8.38 

D. villosus       7 ± 

0.55 

11.14 8.53 ± 

0.16 

8.59 ± 

0.22 

7.83 ± 

0.09 

6.93 ± 

0.28 

7.62 ± 

0.17 

6.34 ± 

0.28 

7.28 ± 

0.3 

6.21 ± 

0.28 

8.06 7.69 ± 

0.31 

8.02 ± 

0.27 

6.63 ± 

0.07 

D. polymorpha 7.49 ± 

0.16 

6.54 ± 

0.06 

6.54 ± 

0.93 

8.57 ± 

2.13 

7.59 ± 

0.09 

 6.96 ± 

0.08 

6.54 ± 

0.11 

5.7 ± 

0.16 

7.18 ± 

0.08 

5.05 ± 

0.38 

6.02 ± 

0.32 

6.62 ± 

0.04 

6.72 ± 

0.11 

6.73 ± 

0.23 

6.81 ± 

0.03 

6.96 ± 

0.79 

6.3 ± 

0.18 

7.31 ± 

0.17 

6.01 ± 

0.12 

E. tenellus 11.35 

± 0.6 

13.09 4.27 ± 

0.59 

14.75 11.31 

± 1.01 

     12.05 6.18  9.87 ± 

0.03 

12.98 

± 0.95 

9.05 ± 

0.07 

 9.12 9.75 9.09 

G. roeselii 7.49 ± 

0.1 

7.21 ± 

0.09 

7.73 ± 

0.36 

8.58 ± 

0.13 

8.66 ± 

0.25 

 7.33 ± 

0.05 

  8.16 ± 

0.28 

8.39 ± 

0.24 

6.43 ± 

0.35 

8.59 ± 

0.44 

 8.34 ± 

0.49 

   7.95 ± 

0.12 

 

L. benedeni           11.38 8.5 ± 

0.76 

10.02 

± 0.11 

9.29 9.59 ± 

0.13 

9.37 7.92 ± 

1.13 

10.92 9.45 ± 

0.13 

9.84 

T. waeneri 7.61 ± 

0.15 

6.99 ± 

0.19 

8.1 ± 

0.28 

7.8 ± 

0.08 

7.82 ± 

0.15 

 7.34 ± 

0.13 

7.78 ± 

0.15 

7.03 ± 

0.47 

7.19 ± 

0.13 

8.44 ± 

0.27 

7.39 ± 

0.65 

8.1 6.79 7.17 5.73 ± 

0.03 

 9.3 ± 

3.08 

7.06 6.99 
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SM Table 4: Linear regression models with various combinations and interactions between independent 

variables (season, total phosphorous concentration (TP), and log-transformed mean Dreissena polymorpha 

abundance per sampling month and year (log10(D.p.Abu))) were calculated for mean δ
13

C values of 

investigated taxa. The best five models are listed, starting with the model with the highest weight and therefore 

the best fit for the data according to the Akaike Information Criterion (AIC). dAIC indicates the differences 

between the AIC of the different models and the best model. Analysis of variance (ANOVA) values are only 

shown for the model with the best fit. Significant values are in bold. 

 

Carbon Models with TP df dAIC weight 

m18b = (Species + Season)² + (log(D.p.Abu) + TP)² + (Season + TP)² 21 0 0.689 

m18a = (Species + Season + TP)² + (log(D.p.Abu) + TP)² 28 2.9 0.159 

m18 = (Species + Season + log(D.p.Abu) + TP)² 36 4.2 0.083 

m6 = Season * Species 17 5.2 0.051 

m20 = (Species + Season + log(D.p.Abu) + TP)³ 58 8.5 0.01 

    

ANOVA (m18b) df F p-value 

Species 7 57.34 <0.001 

Season 1 32.225 <0.001 

log(D.p.Abu) 1 5.383 0.022 

TP 1 0.461 0.499 

Species:Season 7 4.321 <0.001 

log(D.p.Abu):TP 1 5.367 0.023 

Season:TP 1 7.723 0.007 
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SM Table 5: Linear regression models with various combinations and interactions between independent 

variables (season, total phosphorous concentration (TP), and log-transformed mean Dreissena polymorpha 

abundance per sampling month and year (log10(D.p.Abu))) were calculated for mean δ
15

N values of 

investigated taxa. The best five models are listed, starting with the model with the highest weight and therefore 

the best fit for the data according to the Akaike Information Criterion (AIC). dAIC indicates the differences 

between the AIC of the different models and the best model. Analysis of variance (ANOVA) values are only 

shown for the model with the best fit. Significant values are in bold. 

 

Nitrogen Models with TP df dAIC weight 

m13 = TP + Species + Season + log(D.p.Abu) 12 0 0.501 

m15 = TP + Species + log(D.p.Abu) 11 1.2 0.271 

m9a = TP * Species * Season + log(D.p.Abu) 34 4.1 0.066 

m14 = TP + Species + Season 11 5 0.042 

m20a = (Species + Season + TP)³ + (log(D.p.Abu) + TP)² 35 5 0.04 

    

ANOVA (m13) df F p-value 

TP 1 10.218 0.002 

Species 7 14.353 <0.001 

Season 1 2.971 0.088 

log(D.p.Abu) 1 6.492 0.012 
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SM Table 6: Linear regression models with various combinations and interactions between independent 

variables (season, year, and log-transformed mean Dreissena polymorpha abundance per sampling month and 

year (log10(D.p.Abu))) were calculated for mean δ
13

C values of investigated taxa excluding the two species 

which were introduced after 2000 (i.e. Dikerogammarus villosus and Limnomysis benedeni). The best five 

models are listed, starting with the model with the highest weight and therefore the best fit for the data 

according to the Akaike Information Criterion (AIC). dAIC indicates the differences between the AIC of the 

different models and the best model. Analysis of variance (ANOVA) values are only shown for the model with 

the best fit. Significant values are in bold. 

 

Carbon Models with Year df dAIC weight 

m18b = (Species + Season)² + (log(D.p.Abu) + Year)² + (Season + Year)² 17 0 0.612 

m18a = (Species + Season + Year)² + (log(D.p.Abu) + Year)² 22 1.7 0.262 

m6 = Season * Species 13 3.5 0.104 

m2 = Year * Species + Season * Species 19 8.1 0.011 

m4 = Season * Species + log(D.p.Abu) * Species 19 9.4 0.01 

    

ANOVA (m18b) df F p-value 

Species 5 71.342 <0.001 

Season 1 29.463 <0.001 

log(D.p.Abu) 1 3.856 0.053 

Year 1 0.095 0.759 

Species:Season 5 5.818 <0.001 

log(D.p.Abu):Year 1 5.836 0.018 

Season:Year 1 6.783 0.011 
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SM Table 7: Linear regression models with various combinations and interactions between independent 

variables (season, year, and log-transformed mean Dreissena polymorpha abundance per sampling month and 

year (log10(D.p.Abu))) were calculated for mean δ
15

N values of investigated taxa excluding the two species 

which were introduced after 2000 (i.e. Dikerogammarus villosus and Limnomysis benedeni). The best five 

models are listed, starting with the model with the highest weight and therefore the best fit for the data 

according to the Akaike Information Criterion (AIC). dAIC indicates the differences between the AIC of the 

different models and the best model. Analysis of variance (ANOVA) values are only shown for the model with 

the best fit. Significant values are in bold. 

 

Nitrogen Models with Year df dAIC weight 

m15 = Year + Species + log(D.p.Abu) 9 0 0.372 

m14 = Year + Species + Season 9 1.2 0.206 

m13 = Year + Species + Season + log(D.p.Abu) 10 1.2 0.2 

m17 = Species + Season + log(D.p.Abu) 9 3.6 0.061 

m12a = Species * Season * log(D.p.Abu) + Year 26 3.9 0.052 

    

ANOVA (m15) df F p-value 

Year 1 3.679 0.058 

Species 5 13.912 <0.001 

log(D.p.Abu) 1 1.115 0.294 
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SM Figure 1: Upper panels: Relationship between mean δ
13

C values (± SE) and annual total phosphorous (TP) 

concentration separated for spring and autumn samples. Lower panels: Relationship between δ
13

C values (± SE) 

and log-transformed Dreissena polymorpha abundance at TP concentrations of 14.0 and 6.0 µg l
-1

. 

 

 

 

SM Figure 2: Left panel: Relationship between mean δ
15

N values (± SE) and annual total phosphorous (TP) 

concentrations (p = 0.002). Right panel: Relationship between δ
15

N values (± SE) and log-transformed 

Dreissena polymorpha abundance (p = 0.012).  
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Chapter III: Second Manuscript 
 

 

Long-term changes in littoral fish community structure and resilience of total catch 

to re-oligotrophication in a large, peri-alpine European lake 

 

Maike Sabel, Reiner Eckmann, Erik Jeppesen, Roland Rösch, & Dietmar Straile 

 

 

Abstract 

The littoral zone of lakes is used as spawning, shelter, or feeding habitat for many fish 

species and hence is of key importance for overall lake functioning. Despite this, hardly any 

studies exist examining the long-term dynamics and response of the littoral fish community, 

composed mostly of juvenile fish, to environmental change. Here, we study the response of 

total catch per unit effort (CPUE) and individual species CPUE of such a community to 17 

years of oligotrophication and examine whether the species responses can be characterised as 

synchronous or asynchronous. We analyse a data set of beach seine catches carried out during 

morning and twilight, late spring and late summer at three sites in large and deep Lake 

Constance from 1997 to 2013. Generalized additive mixed models were used to explore 

changes in catch per unit effort (CPUE) of the overall community and of the most frequently 

occurring species, and Kendall’s W test was applied to examine whether the dynamics of fish 

species were synchronous or asynchronous. Species-specific and total CPUE strongly 

differed between morning and twilight and between spring and summer indicating an 

important role of behavioural and life cycle adaptations of species for CPUE. In addition, also 

the CPUE of some species seeking shelter behind larger stones was lower at sites without 

these. Total CPUE did not decline suggesting the overall abundance of littoral fish was 

resilient to declining nutrients. In contrast, fish community composition changed strongly 

during the study period due to increases in some species (dace, loach, perch) and decreases in 

others (bream, burbot, chub, ruffe), indicating response diversity of fish to oligotrophication. 

The type of community dynamics was scale-dependent, whereby significantly synchronous 

dynamics according to Kendall’s W were observed when taking seasonal variability into 

account. In contrast, significantly asynchronous species dynamics were observed when only 

the low-frequency variability of species dynamics was considered separately for spring and 
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summer time series. Resilience of littoral fish total CPUE to oligotrophication might have 

important consequences for ecosystem dynamics and ecosystem services beyond the littoral 

zone. As small fish often impose strong predation pressure on zooplankton, their resilience 

might sustain a high top-down control on zooplankton resulting in a further reduction of 

zooplankton biomass. This could contribute to delayed food web responses and reduced 

growth of fish with oligotrophication. 

 

Keywords: Lake Constance, juvenile fish, response diversity, compensatory dynamics, 

synchrony 

 

Introduction 

In many lakes in Europe and Northern America, the ban of phosphorus in detergents and 

massive investment in lake restoration create cultural re-oligotrophication (Jeppesen et al., 

2005). While the effects of re-oligotrophication on pelagic dynamics and organisms are 

regularly investigated (Jeppesen et al., 2000; Gerdeaux et al., 2006), long-term studies of 

littoral organisms are rare (but see Clady, 1976; Gopalan et al., 1998). However, the littoral 

zone is a highly productive and heterogeneous habitat that provides many resources for fish. 

For example, the shallow littoral is used as a refuge from predation (Hall & Werner, 1977; 

Fischer & Eckmann, 1997b), as a habitat for spawning (Balon, 1975; Probst et al., 2009) and 

as a nursery habitat for juvenile fish (Allen, 1982; Lewin et al., 2014). Consequently, the fish 

community in the littoral is highly diverse (Fischer & Eckmann, 1997b; Brosse, Grossman & 

Lek, 2007), but also highly dynamic (Fischer & Eckmann, 1997a) as these resources are used 

by some species only temporally, for example for a specific time of the year and/or a specific 

time during ontogenetic growth (Werner & Gilliam, 1984) as a result of ontogenetic habitat 

shifts (Hofmann & Fischer, 2001). Furthermore, species-specific daytime activity patterns 

will cause communities to differ also between day and night samples (Pierce et al., 2004). 

Despite its diversity and importance, we are not aware of any long-term study (but see Brosse 

et al., 2007 for within-season studies) focussing on the abundance and biomass dynamics of 

the juvenile and small fish community in the shallow littoral zone. Hence, our study fills an 

important gap as knowledge of the dynamics of this community is essential for the 

understanding of fish recruitment and overall community dynamics (Keast & Harker, 1977; 

Werner et al., 1977; Northcote, 1988). 
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Besides re-oligotrophication fish communities are affected by many other environmental 

stressors such as acidification, over-fishing, eutrophication, and global warming (Albaret & 

Laë, 2003; Jeppesen et al., 2010; Le Quesne & Pinnegar, 2012; Jacobson et al., 2017). The 

capacity of communities to withstand these environmental changes, i.e. their resilience, has 

been suggested to be related to the response diversity of species (Elmqvist et al., 2003; Mori, 

Furukawa & Sasaki, 2013): high response diversity might result in asynchronous, 

compensatory dynamics, which in turn may increase community resilience. Accordingly, 

resilient community abundances or biomasses are expected to be associated with changes in 

the dominance structure of the community, i.e. asynchronous or compensatory dynamics 

(e.g., Gifford, Collie & Steele, 2009), whereas changes in overall community abundances or 

biomasses are associated with synchronous changes of species abundances (Pedersen et al., 

2017). Likewise, changes in the degree of synchrony of species within a reef fish community 

are associated with changes in the stability of total fish abundances (Viviani et al., 2019). 

Here, we use a unique dataset to analyse spatio-temporal variability in the abundance and 

biomass CPUE of the juvenile fish community in the littoral zone of Lake Constance. Using a 

17-year long data set covering a period in which total phosphorus concentrations declined 

from mesotrophic to oligotrophic conditions, we test the hypothesis that total CPUE declined 

due to decreasing productivity, i.e. total CPUE will not show resilience to declining nutrients. 

Likewise, we expect that the CPUE of most frequent species also decreases, i.e. species show 

synchronous dynamics in response to oligotrophication. 

 

Material & Methods 

Study site and sampling 

Lake Constance is a large and deep peri-alpine lake situated at the northern edge of the 

European Alps, bordering Germany, Switzerland, and Austria (47°N, 09°E). Its littoral zone 

covers about 10% of the entire lake with a water depth of about 5 m during high water 

conditions in summer. The trophic status of the lake has changed twice in the past century, 

with total phosphorus concentrations increasing from < 10 µg l
-1

 in the 1950s to almost 90 µg 

l
-1

 in the late 1970s, followed by a return to oligotrophic conditions of < 10 µg l
-1

 by the 

beginning of the 21
st
 century with concomitant changes in phytoplankton (Jochimsen et al., 

2013), zooplankton (Straile, 2015) as well as fisheries catches (Baer et al., 2017). During the 
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study period (1997 – 2013) total phosphorus concentrations declined from 18 µg l
-1

 to 6 – 7 

µg l
-1

. 

Fish were sampled at three sites (Birnau, Fels and Langenargen) located 7 – 29 km apart (SM 

Figure 1). The sites differed in several habitat characteristics such as the extension of the 

littoral zone (from ~ 50 m in Fels, towards ~ 250 m (Birnau) and 500 m in Langenargen), 

substrate characteristics (from sandy sediment with some gravel and pebbles in Langenargen, 

to gravel and pebbles in Birnau, and large stones and boulders in Fels), and wind exposure 

(increasing from Fels, towards Birnau and Langenargen). For a more detailed description of 

sampling sites, see Reyjol et al. (2005) in which the three sites Birnau, Fels, and Langenargen 

were named North I, South I, and North II, respectively. 

Standardised sampling was carried out with beach seines (length 16 m, height 2 m, mesh size 

4 mm (bar mesh)) hauled from 1 m water depth to the shoreline. Each sampling event 

consisted of one seine hauled at three non-overlapping but neighbouring sites. For all 

analyses, the three successive hauls were averaged to one sampling event. All caught 

individuals were immediately killed with 2-phenoxyethanol solution or clove oil and stored 

on ice. In the laboratory, all fish were identified to species level (when in doubt, the 

pharyngeal teeth of cyprinids were dissected out to verify the identification), counted and 

weighed. 

Sampling was done monthly from 1997 to 2013 at all three sites – both in the morning and at 

twilight. For the present study, only spring (May and June) and summer (August and 

September) samples are considered as sampling in the other months was less regular (SM 

Table 1). During these four months, a total of 938 beach seines were hauled. 

 

Statistical analysis 

CPUE was analysed in term of numbers (CPUEN) and biomasses (CPUEB). However, as the 

results were similar, we report only results for CPUEB if they differ from CPUEN results and 

provide more details about CPUEB results in the supplementary material. Prior to statistical 

analyses, all data were log10-transformed (Ives, 2015) with zero replacements, corresponding 

to 50% of minimum detection limits, i.e. 0.5 for CPUEN and 0.04 for CPUEB. In addition, we 

calculated the geometric mean across replicates, which was used as our unit of observations 

(n = 320) in the statistical analyses. 
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For statistical analysis involving individual species, 11 species with a relative frequency 

exceeding 10% were included (Figure 1). These 11 species comprised, on average, 98.4% ± 

5.6% of the total CPUEN of each sample. 

 

Figure 1: Relative occurrence of all 29 species 

caught in the morning and twilight samples taken 

at three different sites (Birnau, Fels, and 

Langenargen) in spring (May and June) and 

summer (August and September) months from 

1997 to 2013. The spatio-temporal variability of 

species with relative frequencies exceeding 10% 

(red, dashed line) was analysed in this manuscript. 

Other species include: European bitterling 

(Rhodeus amarus, Cyprinidae), Crucian carp 

(Carassius carassius, Cyprinidae), common nase 

(Chondrostoma nasus, Cyprinidae), catfish 

(Silurus glanis, Siluridae), grayling (Thymallus thymallus, Salmonidae), gudgeon (Gobio gobio, Cyprinidae), 

pike (Esox Lucius, Esocidae), and Prussian carp (Carassius gibelio, Cyprinidae). 

 

Principal component analysis (PCA) was used to visualise the co-variability between species 

and to identify the spatio-temporal scales (i.e. time of day, season, site, and long-term) 

separating species occurrences. For PCA, log-transformed data of species were centred and 

standardised. Although a broken-stick model identified four significant principle components, 

only the first two are shown as only these could be clearly related to spatio-temporal scales. 

We used generalized additive mixed models (GAMMs) to study the temporal dynamics of 

CPUE as GAMMs allow analysis of nonlinear relationships and include auto-correlated 

errors. GAMMs were established for total CPUE (in the following total CPUE models), for 

the fish community, consisting of the 11 most frequent species (community models), and for 

each of the 11 species separately (species CPUE models). All GAMMs included a smooth 

function of date, an autocorrelated error structure, allowing for non-evenly spaced data 

(corCAR1), and various combinations of the covariates season, time of day, and site. In 

addition, the smooth function of date (in the following: s(date)) was allowed to vary between 

the covariates in the total CPUE and community models, i.e. we included smooth factor 

interactions in the models. To avoid overly complex models, the dimension of the basis of the 

smooth factor was set to k = 6. Unfortunately, during sampling environmental variables were 

measured irregularly (i.e. water temperature) or not at all (e.g. nutrient concentrations). 
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Hence, we only analysed the role of covariates and long-term dynamics, but did not include 

environmental variables in our models. We used the Akaike Information Criterion (AIC) to 

compare the different models, and only the five best models (i.e. the models with the lowest 

AIC) are shown. For each set of GAMMs, analysis of variance (ANOVA) of the best models 

was performed to analyse the effects of covariates, s(date), and smooth factor interactions. 

Community synchrony was analysed using Kendall’s coefficient of concordance (short: 

Kendall’s W; Legendre, 2005), a non-parametric statistic measuring the concordance between 

ranked variables, i.e. CPUEs for individual species. Kendall’s W is calculated as 

𝑊 = 12
𝛴𝑅𝑖

2−
(𝛴𝑅𝑖)2

𝑇

𝑁2(𝑇3−𝑇)−𝑁𝛴𝜏
          eqn 1 

where Ri is the ranked time series of species i, N is the number of species, T is the number of 

time steps, and Στ is a correction for ties such that: Σ
j
i =1(t

3
i – ti). Here, ti is the number of tied 

ranks in each group i of j groups of ties (Zar, 1999). 

Kendall’s W is bound between 0 and 1, and we test its significance using a randomization 

procedure that displaces each time series randomly thereby preserving the temporal 

autocorrelation structure within each time series and generating correct type I errors despite 

autocorrelation (Gouhier & Guichard, 2014). We consider community dynamics as 

synchronous if Kendall’s W is larger than the 97.5% percentile and as asynchronous if it is 

smaller than the 2.5% percentile of Kendall’s W calculated from randomised time series. 

Identification of asynchronous dynamics additionally requires negative mean Spearman 

correlation coefficients between the time series of species (Gouhier & Guichard, 2014). 

Before synchrony analyses, CPUE time series were averaged across time of day and site. In 

order to investigate the time-scale dependence of Kendall’s W, we first computed this metric 

separately for spring and summer values, but also for time series combining spring and 

summer data. Secondly, besides for the actual data we also computed Kendall’s W for the 

fitted and residual values of the most supported GAMM. We assume that the smooth term of 

the GAMM (s(date)) extracts the long-term variability, i.e. low frequency variability of the 

data, whereas the residuals of the GAMM include high frequency variability, for example, 

due to short-term weather variability before each sampling. In the following, we use the terms 

entire frequency (EF) variability, low frequency (LF) and high frequency (HF) variability to 

refer to the results of Kendall’s W calculated based on data, GAMM fits and GAMM 

residuals, respectively. All calculations were conducted using R (R Core Team, 2018) using 

the packages mgcv (Wood, 2017) and synchrony (Gouhier & Guichard, 2014). 
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Results 

Spring and summer catches yielded in total 154,730 fish, which were mainly small and/or 

juvenile (95% of fish < 9.63 cm). Median CPUEN was 207 fish and 90% of all samples 

yielded a CPUEN between 13 and 1729 fish. In total 29 different species were caught with 

dace (Leuciscus leuciscus, Cyprinidae) as the most persistent species (caught in 85.49% of all 

samples, Figure 1). Eurasian perch (Perca fluviatilis, Percidae, hereafter referred to as perch), 

bleak (Alburnus alburnus, Cyprinidae), and chub (Squalius cephalus, Cyprinidae) were 

caught in more than 50% of all samples, and six species (stone loach (Barbatulus barbatulus, 

Nemacheilidae, hereafter referred to as loach), ruffe (Gymnocephalus cernua, Percidae), 

three-spined stickleback (Gasterosteus aculeatus, Gasterosteidae, hereafter referred to as 

stickleback), roach (Rutilus rutilus, Cyprinidae), bream (Abramis brama, Cyprinidae), burbot 

(Lota lota, Lotidae), and whitefish (Coregonus spp., Salmonidae)) were caught in more than 

25% of all samples, all other species being caught in less than 10% of all samples (Figure 1). 

 

Total CPUE analysis 

At all sites, total CPUEN was higher in summer than spring (Figure 2), and twilight catches 

were higher than morning catches in spring, but not so in summer. The catches at site Fels 

were lower than the catches at the other two sites (Figure 2). Accordingly, the model with the 

lowest AIC (Table 1) included the covariates site, time of day, season, the interaction 

between time of day and season, and s(date). However, CPUEN did not show a temporal trend 

(Figure 2) and s(date) did not contribute significantly to the model (Table 1). The best model 

for total CPUEB included the same covariates and interactions, but biomass increased 

significantly during the study period (p = 0.001; SM Table 5 & SM Figure 4). 
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Figure 2: Left panel: Total catch per unit effort (log10(CPUEN) ± standard error) separated by time of day (white 

triangle = morning; black circle = twilight), season (Sp = spring; Su = summer), and site (Bi = Birnau, Fe = Fels, 

La = Langenargen). Right panel: Smooth function (mean ± 1 SE) of the total CPUEN development according to 

the best fit model (m34 in Table 1). No significant long-term patterns are evident (p = 0.599). 

 

Table 1: Generalized additive mixed models (GAMMs) with various combinations and interactions between 

covariates (time of day, season, and site) and the smooth function of time (with or without interaction) were 

calculated for the abundance data of the total CPUEN (total CPUEN models). The best five models are listed, 

starting with the model with the highest weight and therefore the best fit for the data according to the Akaike 

Information Criterion (AIC). dAIC indicates the differences between the AIC of the different models and the 

best model. Analysis of variance (ANOVA) values are only shown for the model with the best fit. 

 

Total CPUEN Models df dAIC weight 

m34 = site + time of day*season + s(date) 10 0.0 0.696 

m33 = site + time of day*season + s(date, by = season) 12 4.0 0.096 

m24 = site*time of day + time of day*season + s(date, by = time of day) 14 5.0 0.058 

m20 = site*time of day + time of day*season + s(date, by = season) 14 5.0 0.058 

m28 = site*time of day + time of day*season + s(date, by = site) 16 7.5 0.016 

    

ANOVA (m34)    

Parameter df F p-value 

Site 2 8.96 <0.001 

Time of day 1 8.601 <0.001 

Season 1 69.469 <0.001 

Time of day:Season 1 11.531 0.001 

s(Date) 1 0.751 0.599 
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Community CPUE analysis 

PCA ordination of the 11 most frequent species also revealed the importance of season and 

time of day for catch variability (Figure 3). The first axis (27.2% explained variability) 

separated species mainly caught in spring (i.e. whitefish and sticklebacks) from species 

mainly caught in summer (i.e. bleak, bream, chub, dace, perch, and roach). On the second 

axis (16.1% explained variability), species predominantly caught in the twilight samples (i.e. 

burbot, loach, and ruffe) were separated from the other species. 

 

Figure 3: Principal component analysis (PCA) of 

CPUEN of the 11 most frequent species. PC1 axis 

(27.19% explained variability) separates species 

mainly caught in spring (i.e. whitefish and 

sticklebacks) versus summer (e.g. bleak), while 

species are grouped by morning (e.g. dace) and 

twilight (i.e. burbot, loach, and ruffe) activity on 

the PC2-axis (16.05% explained variability). 

 

 

 

 

 

 

The best two community models suggest that species differ significantly in their spatio-

temporal distribution patterns (Table 2). The highest ranked model included all higher order 

interactions of covariates with the exception of the four-fold interaction between site, season, 

time of day, and species, whereas the 2
nd

 ranked model additionally excludes the three-way 

interactions between site, time of day, and season. However, both models – as all the top-

ranked models – include the smooth factor interaction between species and s(date), indicating 

that species clearly differ in their long-term dynamics. 
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Table 2: GAMMs with various combinations and interactions between covariates (time of day, season, site, and 

species) and the smooth function of time (with or without interaction) were calculated for the abundance data of 

the community consisting of the 11 most frequent species (community models). The best five models are listed, 

starting with the model with the highest weight and therefore the best fit for the data according to the Akaike 

Information Criterion (AIC). dAIC indicates the difference in AIC between the different models and the best 

model. ANOVA values are only shown for the model with the best fit. 

 

Community Models df dAIC weight 

m19 = site*time of day*season + species*time of day*site + species*time 

of day*season + species*season*site + s(date, by = species) 

136 0.0 0.505 

m20 = species*time of day*site + species*time of day*season + 

species*season*site + s(date, by = species) 

134 0.1 0.485 

m18 = site*time of day*season*species + s(date, by = species) 156 7.9 0.009 

m21 = site*time of day*season + species*time of day*season + 

species*season*site + s(date, by = species) 

116 29.5 <0.001 

m23 = site*time of day*season + species*time of day*site + species*time 

of day*site + s(date, by = species) 

116 68.5 <0.001 

    

ANOVA (m19)    

Parameter df F p-value 

Site 2 1.392 0.249 

Time of day 1 3.316 0.069 

Season 1 138.67 <0.001 

Species 10 17.561 <0.001 

Site: Time of day 2 8.992 <0.001 

Site:Season 2 12.461 <0.001 

Time of day:Season 1 14.485 <0.001 

Time of day:Species 10 8.55 <0.001 

Site:Species 20 2.739 <0.001 

Season:Species 10 24.485 <0.001 

Site: Time of day:Season 2 1.976 0.139 

Site: Time of day:Species 20 3.399 <0.001 

Time of day:Season:Species 10 14.435 <0.001 

Site:Season:Species 20 5.337 <0.001 

    

s(Date):Bleak 3.789 20.391 <0.001 

s(Date):Bream 1 9.79 0.002 
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s(Date):Burbot 1 13.078 <0.001 

s(Date):Chub 1 3.139 0.077 

s(Date):Dace 2.310 10.434 <0.001 

s(Date):Whitefish 1 0.513 0.474 

s(Date):Loach 1 1.891 0.169 

s(Date):Perch 1 25.603 <0.001 

s(Date):Roach 2.173 4.525 0.014 

s(Date):Ruffe 1 97.595 <0.001 

s(Date):Stickleback 4.387 9.672 <0.001 

 

The best model revealed significant relationships for the covariates season and species as 

well as for the interaction between all covariates, except for the three-way interactions 

between site, time of day, and season (Table 2). With the exception of chub (p = 0.077), 

whitefish (p = 0.474), and loach (p = 0.169), all species showed significant long-term 

variability (Table 2 & Figure 4). Catches of bream (p = 0.002), burbot (p < 0.001), and ruffe 

(p < 0.001) significantly decreased, whereas that of perch (p < 0.001) significantly increased 

during the study period. Other species showed non-monotonic dynamics with, for instance, 

maximum catches of bleak (p < 0.001), dace (p < 0.001), and roach (p = 0.014) between 2005 

and 2010, and sticklebacks (p < 0.001) with minimum catches around 2006 (Table 2 & 

Figure 4). For most of the species temporal patterns resulted from the dynamics in one 

season, i.e. the one in which they were most abundant (SM Table 4 & SM Figure 3a & 3b). 

The temporal dynamics of species in the community models for CPUEB resembled those for 

CPUEN (SM Table 6 & SM Figure 6), except for dace, which significantly increased in 

biomass over time (p < 0.001; SM Table 6 & SM Figure 6), and perch, which experienced an 

initial decrease in biomass but increased after 2001 (SM Table 6 & SM Figure 6). 
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Figure 4: Smooth functions (mean ± 1 SE) of the CPUEN development of the 11 most frequent species 

according to the best fit GAMM (m19 in Table 2). Absence of a temporal pattern is rejected for bleak at p < 

0.001, bream: p = 0.002, burbot: p < 0.001, dace: p < 0.001, whitefish: p = 0.474, loach: p = 0.169, perch: p < 

0.001, roach: p = 0.014, ruffe: p < 0.001, and stickleback: p < 0.001. 

 

Species CPUE models (Figure 5 & SM Table 2) revealed that six species (bleak, bream, 

chub, perch, roach (p < 0.001), and dace (p = 0.019)) had higher numbers in the summer 

catches, while whitefish (p < 0.001) was only abundant in spring. Whitefish (p = 0.001) also 

showed significantly lower numbers at Langenargen compared with the other sites, whereas 

ruffe (p = 0.018) was most abundant at this site. Between sites, seasonal differences in CPUE 

were found for bleak, chub, and roach (significant season and site interaction: p = 0.002, p < 

0.001, p = 0.017, respectively). Whitefish (p = 0.019) was significantly more abundant in the 

morning, while perch, ruffe, and stickleback (p < 0.001, p = 0.002, p < 0.001, respectively) 

demonstrated significantly higher numbers at twilight. The seasonal increase in CPUE 

differed between morning and twilight samples for bleak, burbot, dace, loach, and perch 
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(significant interaction between time of day and season: p < 0.001, p < 0.001, p = 0.002, p = 

0.001, p < 0.001, respectively). Differences between twilight and morning samples were 

more pronounced at Birnau compared with the two other sites for loach and stickleback 

(significant time of day and site interaction, p = 0.002 and p = 0.02, respectively). The 

interaction of all three variables was significant for burbot and ruffe (p < 0.001 and p = 

0.034). Burbot was most abundant in the twilight summer catches with the highest numbers at 

Birnau, followed by Fels and Langenargen. Ruffe, too, was most abundant in the twilight 

catches, showing higher numbers in summer at Birnau and Fels, while it was more abundant 

in spring at Langenargen. 

 

 

Figure 5: Spatio-temporal variability of fish species CPUEN (mean ± 1 standard error of log10-transformed data). 

CPUEN at the three sites Birnau (Bi), Fels (Fe), and Langenargen (La) during spring (Sp) and summer (Su) and 

in the morning (open triangle) versus twilight (filled circle) samples. 
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Synchrony analysis 

Kendall’s W indicates significant synchrony for the entire, low and high frequency variability 

of time series including spring and summer data, as well as for the high frequency variability 

of the spring-time series (Figure 6). In contrast, Kendall’s W was smaller than expected by 

chance for low frequency spring and summer data, which in combination with a negative 

mean Spearman correlation coefficient suggests asynchrony. 

 

Figure 6: Community synchrony (Kendall’s W) 

of the 11 most frequent fish species calculated 

for observed CPUEN (entire frequency, EF), low 

frequency (LF) and high frequency (HF) CPUEN 

for time series consisting of both spring and 

summer (Sp + Su) samples, as well as of spring 

(Sp) and summer (Su) samples separately. 

Vertical lines comprise 95% of the distribution 

of W calculated from randomised time series. 

Numbers below vertical lines indicate the mean 

Spearman rank correlation coefficient. 

 

Discussion 

Our study revealed large diel and seasonal differences, as well as long-term changes of the 

fish community, but notably no decline in total CPUE in the littoral zone of Lake Constance. 

Hence, we found no support for our first hypothesis, but evidence for resilience of the total 

CPUE of the littoral fish community in response to oligotrophication. 

 

Total CPUE resilience is unlikely the result of low power to detect changes 

The lack of response of total CPUE might, in principle, also have methodological reasons: 

Firstly, total phosphorus concentrations in Lake Constance started to decline in the early 

1980s, while responses of the pelagic food web were observed with some delay, for instance, 

phytoplankton biomass dropped in the late 1980s/early 1990s (Jochimsen et al., 2013), 

zooplankton biomass around the mid-1990s (Straile, 2015), and whitefish yield at the end of 

the 1990s (Baer et al., 2017). Thus, pelagic responses to nutrient decline were observed 

already before the start of our beach seine monitoring, and we cannot fully exclude the 

possibility that we missed a first initial response of total CPUE to oligotrophication. 



53 

 

However, major changes in fish catches were also observed during our study period, for 

example for whitefish and perch (Baer et al., 2017), and we consider it unlikely that the 

failure to detect any oligotrophication response of total CPUE can be attributed to its 

occurrence before our study period. Secondly, problems with detecting environmental change 

effects on CPUE data have been termed “notorious” due to high inter-annual variability of 

fish recruitment and abundance (Rose, 2000) and the rather high variability (low precision) of 

CPUE estimates due to the small area of the beach seine relative to the scarce and patchy 

distribution of fish and their movement patterns (Leslie & Timmins, 1992; Bayley & 

Herendeen, 2004). High sampling variability might therefore potentially mask long-term 

trends of CPUE. However, in contrast to total CPUE, we detected clear trends at the species 

level, making it also unlikely that the failure to support our first hypothesis was due to large 

sampling variability. 

 

Ecological causes for total CPUE dynamics and resilience 

Several ecological processes possibly contributed to the resilience of total CPUE to 

oligotrophication: Littoral productivity might not - or less strongly - have declined relative to 

pelagic productivity due to the release of phosphorus from littoral sediments (Güde et al., 

2000), allochthonous input of organic C from the shore region (Güde & Straile, 2016) and/or 

improved light conditions for benthic producers due to the decline of phytoplankton 

(Vadeboncoeur et al., 2002). In addition, food availability for fish in the littoral might have 

increased during the study period because of the invasion of the mysid Limnomysis benedeni, 

which inhabits the littoral but feeds on plankton thereby channelling pelagic food resources to 

the littoral (Rothhaupt et al., 2014). Furthermore, the decline of piscivorous perch with 

oligotrophication as evidenced from fishermen catches (Eckmann et al., 2006) might have 

released juvenile fish from predation pressure. 

In addition to oligotrophication, we cannot exclude that also climate warming might have 

contributed to the observed changes in community composition. Water temperatures in Lake 

Constance increased during the study period and thus may have impacted cold-water species 

negatively (Jeppesen et al., 2012). For the two cold-water species (i.e. whitefish and burbot, 

Hofmann & Fischer, 2004; Jeppesen et al., 2012) in our dataset, we could either not detect 

any long-term change (whitefish) or observed a decrease (burbot). However, as 

oligotrophication and warming occurred concomitantly, it is difficult to disentangle the 

effects of both factors based on the data of juvenile fish CPUE. 
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While we are unsure about the relative importance of these changes for CPUE, there is 

evidence that fish species showed response diversity (sensu Elmqvist et al., 2003) to 

environmental change, i.e. the CPUE of three species (dace, loach, and perch) increased, 

while the CPUE of four other species (bream, burbot, chub, and ruffe) decreased significantly 

during the study period. 

 

Differences in CPUE between species 

Spatio-temporal variability of species CPUE was strongly determined by the behaviour and 

life history of species. Behavioural adaptations determined diel differences in catches and 

partly the differences between sites. Predominantly nocturnal species such as burbot, loach, 

and ruffe (Welton, Mill & Pygott, 1991; Ryder & Pesendorfer, 1992; Schleuter & Eckmann, 

2008) were mostly caught in the twilight samples. During the day, juvenile burbot and loach 

hide between stones and gravel (Fischer & Eckmann, 1997b), suggesting that these species 

should be mostly caught at sites which providing such shelter. This is also supported by our 

data as these species were most often caught at the two stony sites Birnau and Fels and less 

frequently at Langenargen, which is characterised by fine sediment. The latter habitat type is 

preferred by bream, perch and roach (Fischer & Eckmann, 1997b; Reyjol et al., 2005) and at 

least for roach our data showed higher numbers at this site. CPUE was also strongly 

determined by the life histories of species, i.e. their spawning phenologies and ontogenetic 

habitat shifts. Higher catches in late summer than late spring are probably due to the fact that 

juvenile fish of several species spawn between late spring and early summer (i.e. bleak, 

loach, perch, roach, ruffe, bream, and chub; Berg, 1993). In contrast, the absence of whitefish 

in the late summer samples results from a habitat shift of juvenile whitefish from the littoral 

to the pelagic zone in summer (Eckmann & Rösch, 1998). 

 

Community synchrony and compensatory dynamics 

The type of community dynamics observed was scale-dependent. Time series combining 

spring and summer data include seasonal, short-term, and multiannual variability, whereas 

only short-term and/or multiannual variability of time series is considered when spring and 

summer CPUE is analysed separately. Generally, synchronous dynamics were observed when 

the seasonal variability was taken into account. This suggests synchrony between species 

because for most species, CPUE was higher in summer than in spring. In contrast, when 
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considering spring and summer time series separately, low frequency, i.e. multiannual, 

variability was significantly asynchronous, whereas high frequency variability tended to be 

synchronous. Such time-scale dependent variability in community dynamics has been 

observed also in plankton systems (e.g., Keitt & Fischer, 2006; Vasseur & Gaedke, 2007). 

For example, in an acidified basin of Little Rock Lake (Wisconsin, USA) synchronous 

dynamics were observed between two Daphnia species at the seasonal scale, whereas 

compensatory dynamics were observed at multiannual time scales presumably due to 

different sensitivities of the two species to acidification (Keitt & Fischer, 2006). Likewise, in 

our study, significant asynchronous dynamics were only observed for the juvenile fish 

community when spring and summer were considered separately, but only at the low 

frequency time scale. Presumably, the rather high variability of CPUE estimates (see above) 

resulted in a low power to detect asynchronous dynamics when considering the entire 

variability or when considering only high-frequency variability. Interestingly, significant 

synchronous dynamics were also observed for high frequency data in spring suggesting that 

small-scale variability influenced the CPUE of various species in a similar way. However, in 

response to oligotrophication, i.e. at the low-frequency multiannual scale, we did not find 

evidence for synchronous dynamics, which contrasts our second hypothesis. Rather, 

Kendall’s W for low frequency multiannual variability indicates asynchronous, i.e. 

compensatory, dynamics of species. For example, the decline of ruffe might have contributed 

to the observed increase in perch catches. Both species compete, at least partially, for food 

resources, and competition due to large ruffe populations is thought to affect perch 

populations negatively (Eckmann et al., 2006). Hence, a decline of ruffe might have released 

perch from competition, which may have at least contributed to the compensatory increase in 

perch CPUE. However, the increase of juvenile perch might also be due to reduced top-down 

control due to a decline of piscivorous and cannibalistic larger perch with oligotrophication. 

Eckmann et al. (2006) report that larger perch in Lake Constance do feed almost exclusively 

on juvenile perch. Hence, if the perch catch of fishermen is a good proxy for the abundance 

of cannibalistic perch, mostly juvenile perch, but not juvenile ruffe, might have benefitted 

from the decline of older perch. 

Our results concur with those of other studies showing that fish communities can exhibit 

compensatory dynamics in response to environmental change (Gifford et al., 2009) and show 

increasingly asynchronous dynamics after disturbance (Viviani et al., 2019). However, with 

increasing disturbance, the capacity for compensatory dynamics will decline, which might 

result in synchronous population reductions and hence decreased total abundances. For 
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example, over-fishing resulted in a synchronous collapse of the groundfish community in the 

Northwest Atlantic (Pedersen et al., 2017), and there was no potential for compensation in a 

fish community in a lake undergoing acidification (Vinebrooke et al., 2003). In Lake 

Constance, phytoplankton exhibited compensatory dynamics during a period when total 

phosphorus concentrations varied between 35 and 90 µg l
-1

, but synchronous dynamics when 

a longer time period was considered where total phosphorous concentrations ranged between 

7 and 90 µg l
-1

 (Jochimsen et al., 2013). Hence, we cannot exclude the possibility that an 

earlier start of our study, and thus a larger environmental gradient, would have resulted in 

different conclusions with respect to the type of community dynamics observed. 

We are not aware of the existence of other investigations with explicit focus on the type of 

community dynamics in lakes undergoing oligotrophication, but the decline in total CPUE 

observed in several lakes (Jeppesen et al., 2002; Gerdeaux et al., 2006) suggest that 

compensation – if any – was not strong enough to sustain resilience of CPUE. However, 

when comparing the results of our study with those of other studies analysing effects of 

trophic status or oligotrophication on fish communities, it is important to note that this study 

specifically considers the small fish (mainly juveniles) community in the littoral zone of a 

large lake changing from mesotrophic to oligotrophic conditions. Hence, comparisons with 

studies analysing whole-lake fish communities (Persson et al., 1991; Ludsin et al., 2001; 

Jeppesen et al., 2005) or responses of fish communities to changes from eutrophic to 

mesotrophic conditions (Jeppesen et al., 2000) or with studies analysing the non-standardised 

catches of fishermen (Gerdeaux et al., 2006; Massol et al., 2007) should be done with caution 

as these are targeted towards the entire fish community, including the larger fish. Partially, 

species-specific responses do match with predictions derived from studies comparing lakes 

with different trophic status or during oligotrophication, which suggest absolute and/or 

relative declines of, for instance, bream, roach, and ruffe CPUE (Mehner et al., 2005; 

Jeppesen et al., 2012), and absolute or relative increases in perch (Jeppesen et al., 2005) with 

oligotrophication. 

 

Consequences for ecosystem dynamics 

The temporal dynamics of fishermen catches in Lake Constance did not correspond with the 

dynamics of littoral CPUE. The fishermen catches of the two locally most valued fish 

species, perch and whitefish, strongly declined during the study period, and the average 

catches during the last five years of our study period (2009 – 2013) were 48% and 60% of the 
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catches during the first five years of our study period for perch and whitefish, respectively 

(Baer et al., 2017). In contrast, we found either no change (whitefish) or even an increase 

(perch) in juvenile CPUE of these species in the littoral. This discrepancy suggests that 

recruitment of these two fishes was not hampered by oligotrophication, but that processes 

affecting these species after their juvenile stage, i.e. slow growth and increased mortality, 

might be responsible for the decline in fishermen catches. Conclusions drawn about the type 

of community dynamics in lake systems might, therefore, differ whether the juvenile 

community or the large fishes typically targeted by fishermen are considered. While the latter 

might be important regarding ecosystem services for humans, the type of dynamics of the 

juvenile fish community might be of considerable importance for ecosystem dynamics as the 

smallest size group of fish (1+ in spring and 0+ in summer/autumn) often dominate predation 

pressure on lower trophic levels, and strong recruitment might reduce the growth of juvenile 

and older fish (Hamrin & Persson, 1986; Townsend, 1989). Hence, despite declines in 

fishermen catches, compensatory dynamics of juvenile fish, i.e. compensatory dynamics of 

recruitment, might at least for a certain period sustain a high predation pressure on littoral 

zooplankton and meiobenthos, thereby influencing ecosystem dynamics and enhancing 

competition between fish species for food. Likewise, resilience of the juvenile fish 

community and prolonged predation pressure on e.g. zooplankton might be also an important 

factor contributing to delayed food web responses to oligotrophication and hysteresis in 

respect to nutrient dynamics. Clearly, more studies on the juvenile fish community in lakes 

undergoing oligotrophication are needed to test whether resilience of juvenile fish is a general 

phenomenon and to fully understand its implications for food web structure. 

 

Conclusion 

Our study revealed large spatio-temporal variability of the juvenile fish community in the 

littoral zone of a large lake. CPUE was strongly influenced by behavioural and life cycle 

adaptations of the species. In addition, we observed large changes in community composition 

in which significant declines of some species (bream, burbot, chub, and ruffe) were 

compensated by increases of others (dace, loach, and perch) during a shift from mesotrophic 

to oligotrophic conditions. This might suggest that the overall predation pressure of juvenile 

fish on littoral zooplankton and macrozoobenthos did not change strongly during the study 

period. The type of community dynamics observed was scale-dependent with synchronous 

dynamics resulting from the seasonal increase in the CPUE of most species and 
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compensatory dynamics resulting from low-frequency multi-annual variability. The observed 

changes in the littoral zone of juveniles of commercially important species (perch, whitefish) 

did not match with the dynamics of those species in fishermen catches. This suggests that 

processes resulting in a decline in fishermen catches operate mostly after the juvenile stage. 

Total CPUE was remarkably stable, suggesting resilience of total juvenile fish abundance in 

the littoral zone to the shift from mesotrophic to oligotrophic conditions, possibly due to 

species-specific increases in feeding conditions and compensatory dynamics. 
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Supplementary Material 

This supplementary material provides a map of the sampling sites in Lake Constance (SM 

Figure 1) and an overview of the monthly coverage of samples (SM Table 1) as well as 

species-specific generalized additive mixed models (GAMMs) for CPUEN data (SM Table 2). 

SM Tables 3 and 4 as well as SM Figures 2, 3a & 3b show analyses of CPUEN separately for 

the two seasons. 

SM Tables 5 to 8 and SM Figures 4 to 10 present all analyses, which in the paper and in the 

supplement have been done for CPUEN additionally for CPUEB data. 
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Sampling sites and sampling frequency 

 

 

SM Figure 1: Map of Lake Constance with the three sampling sites (Birnau, Fels, and Langenargen). 

 

SM Table 1: Overview of samples in spring and summer months from 1997 to 2013. 

 

Year May June August September 

1997  X X X 

1998 X X  X 

1999 X X X X 

2000 X X X X 

2001 X  X X 

2002 X X   

2003 X X X X 

2004 X X X X 

2005 X X X X 

2006 X X X X 

2007 X X X X 

2008 X  X X 

2009 X X X X 

2010 X X  X 

2011 X X X X 

2012 X  X X 

2013 X  X X 
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Species-specific generalized additive mixed models (GAMMs) for CPUEN data 

SM Table 2: GAMMs with the three covariates time of day, site, and season and their interactions calculated for 

all species (bleak, bream, burbot, chub, dace, loach, perch, roach, ruffe, stickleback, and whitefish) separately. 

P-values in bold indicate significant relationships between covariates and CPUEN of species. 

 

Parameter F/p-value 

bleak 

F/p-value 

bream 

F/p-value 

burbot 

F/p-value 

chub 

F/p-value 

dace 

F/p-value 

loach 

Time of day 0.002 0.003 1.901 0.441 1.568 33.055 

 0.962 0.959 0.169 0.507 0.212 <0.001 

Site 0.369 0.003 0.012 1.861 1.532 0.356 

 0.691 0.997 0.988 0.157 0.218 0.701 

Season 81.043 21.37 0.571 51.52 5.541 3.648 

 <0.001 <0.001 0.45 <0.001 0.019 0.057 

Time of day:Site 0.795 0.052 0.376 0.33 0.798 6.41 

 0.452 0.95 0.687 0.72 0.451 0.002 

Time of day:Season 12.695 2.449 94.093 0.122 9.331 11.964 

 <0.001 0.119 <0.001 0.727 0.002 0.001 

Site:Season 6.332 0.976 0.148 12.049 1.79 2.022 

 0.002 0.378 0.863 <0.001 0.169 0.134 

Time of day:Site:Season 2.998 0.496 9.755 0.245 1.384 2.286 

 0.051 0.61 <0.001 0.783 0.252 0.103 

s(Date) 14.03 18.03 14.78 3.271 8.299 5.566 

 <0.001 <0.001 <0.001 0.072 0.004 0.001 

 
     

 

 F/p-value 

perch 

F/p-value 

roach 

F/p-value 

ruffe 

F/p-value 

stickleback 

F/p-value 

whitefish 

 

Time of day 17.219 0.009 10.122 16.917 5.602  

 <0.001 0.926 0.002 <0.001 0.019  

Site 2.023 0.995 4.071 0.07 7.062  

 0.134 0.371 0.018 0.932 0.001  

Season 27.497 14.499 0.172 0.878 41.81  

 <0.001 <0.001 0.679 0.35 <0.001  

Time of day:Site 2.625 0.155 0.941 3.98 1.183  

 0.074 0.857 0.391 0.02 0.308  

Time of day:Season 11.281 1.63 0.402 3.871 2.876  
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 <0.001 0.203 0.526 0.05 0.091  

Site:Season 0.48 4.145 0.421 0.964 3.347  

 0.619 0.017 0.657 0.383 0.037  

Time of day:Site:Season 0.184 0.133 3.424 1.420 0.574  

 0.832 0.876 0.034 0.243 0.564  

s(Date) 11.57 8.076 90.92 19.57 0.801  

 0.001 <0.001 <0.001 <0.001 0.371  

 

CPUEN analysed separately for the spring and summer season 

 

 

SM Figure 2: Left panel: log10(total catch per unit effort (CPUEN) ± standard error) separated by time of day 

(white triangle = morning; black circle = twilight), season (Sp = spring; Su = summer), site (Bi = Birnau, Fe = 

Fels, La = Langenargen). Mid- and right panel: Smooth function (mean ± 1 SE) of the total CPUEN development 

according to the best fit model (m14 and m34 in SM Table 3): smooth terms of date were neither significant in 

spring (p = 0.86) nor in summer (p = 0.553). 
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SM Table 3: GAMMs with various combinations and interactions between covariates (time of day and site) and 

the smooth function of time (with or without interaction) calculated separately for the abundance data of the 

total CPUEN (total CPUEN models) separated for spring and summer samples. The best three models for each 

season are listed, starting with the model with the highest weight and therefore the best fit for the data according 

to the Akaike Information Criterion (AIC). dAIC indicates the differences in AIC between the different models 

and the best model. Analysis of variance (ANOVA) values are only shown for the model with the best fit. 

 

Total CPUEN Models (Spring) df dAIC weight 

m14 = site + time of day + s(date) 8 0.0 0.548 

m13 = site*season + s(date) 10 2.0 0.203 

m6 = site + time of day + s(date, by = time of day) 10 3.8 0.08 

    

ANOVA (m14)    

Parameter df F p-value 

Site 2 3.971 0.021 

Time of day 1 10.567 0.001 

s(Date) 1 0.031 0.86 

 

Total CPUEN Models (Summer) df dAIC weight 

m15 = site + s(date) 7 0.0 0.416 

m14 = site + time of day + s(date) 8 0.7 0.3 

m13 = site*time of day + s(date) 10 2.5 0.117 

    

ANOVA (m34)    

Parameter df F p-value 

Site 2 6.012 0.003 

s(Date) 1 0.751 0.553 
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SM Figure 3a: Smooth functions (mean ± 1 SE) of the CPUEN development of the 11 most frequent species in 

spring samples according to the best fit GAMM (m19) in SM Table 4: bleak p < 0.001, bream p = 0.595, burbot 

p = 0.462, chub p = 0.687, dace p = 0.396, whitefish p = 0.218, loach = 0.174, perch = 0.587, roach p = 0.319, 

ruffe p < 0.001, stickleback p < 0.001. 
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SM Figure 3b: Smooth functions (mean ± 1 SE) of the CPUEN development of the 11 most frequent species in 

summer samples according to the best fit GAMM (m18) in SM Table 4: l: bleak p < 0.001, bream p < 0.001, 

burbot p < 0.001, chub p = 0.012, dace p < 0.001, whitefish p = 1:0, loach = 0.491, perch < 0.001, roach p = 

0.013, ruffe p < 0.001, stickleback p < 0.08. 
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SM Table 4: GAMMs with various combinations and interactions between covariates (time of day, site, and 

species) and the smooth function of time (with or without interaction) calculated for the abundance data of the 

community consisting of the 11 most frequent species (community models) separated for spring and summer 

samples. The best two models are listed, starting with the model with the highest weight and therefore the best 

fit for the data according to the Akaike Information Criterion (AIC). dAIC indicates the differences in AIC 

between the different models and the best model. ANOVA values are only shown for the model with the best fit. 

 

Community Models (Spring) df dAIC weight 

m19 = site*time of day + species*time of day + species*site +  

s(date, by = species) 

70 0.0 1 

m21 = time of day*site + species*site + s(date, by = species) 60 84.2 <0.001 

    

    

ANOVA (m19)    

Parameter df F p-value 

Site 2 6.437 0.002 

Time of day 1 4.404 0.036 

Species 10 24.582 <0.001 

Site: Time of day 2 0.728 0.483 

Time of day:Species 10 10.46 <0.001 

Site:Species 20 4.994 <0.001 

    

s(Date):Bleak 3.942 6.916 <0.001 

s(Date):Bream 1 0.283 0.595 

s(Date):Burbot 1 0.54 0.462 

s(Date):Chub 1 0.163 0.687 

s(Date):Dace 1.617 0.717 0.396 

s(Date):Whitefish 1 1.519 0.218 

s(Date):Loach 1 1.851 0.174 

s(Date):Perch 1 0.295 0.587 

s(Date):Roach 1 0.996 0.319 

s(Date):Ruffe 1 45.613 <0.001 

s(Date):Stickleback 4.309 11.177 <0.001 
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Community Models (Summer) df dAIC weight 

m18 = site*time of day*species + s(date, by = species) 90 0.0 1.0 

m19 = time of day*site + species*time of day + species*site +  

s(date, by = species) 

70 23.3 <0.001 

m20 = species*time of day + species*site + s(date, by = species) 68 28.0 <0.001 

    

ANOVA (m18)    

Parameter df F p-value 

Site 2 22.607 <0.001 

Time of day 1 37.665 <0.001 

Species 10 39.342 <0.001 

Site: Time of day 2 13.261 <0.001 

Time of day:Species 20 4.708 <0.001 

Site:Species 10 17.864 <0.001 

Site: Time of day:Species 20 3.102 <0.001 

    

s(Date):Bleak 3.258 17.211 <0.001 

s(Date):Bream 1 12.46 <0.001 

s(Date):Burbot 1 15.942 <0.001 

s(Date):Chub 1 6.314 0.012 

s(Date):Dace 3.817 10.223 <0.001 

s(Date):Whitefish 1 0.0 1.0 

s(Date):Loach 1 0.475 0.491 

s(Date):Perch 4.331 14.009 <0.001 

s(Date):Roach 2.217 4.376 0.013 

s(Date):Ruffe 1 53.662 <0.001 

s(Date):Stickleback 2.178 3.002 0.08 
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Analyses of CPUEB 

Total CPUEB 

 

SM Figure 4: Left panel: log10(total CPUEB ± standard error) separated by time of day (white triangle = 

morning; black circle = twilight), season (Sp = spring; Su = summer), site (Bi = Birnau, Fe = Fels, La = 

Langenargen). Right panel: Smooth function (mean ± 1 SE) of the total CPUEB development according to the 

best fit model (m34 in SM Table 5): p = 0.001. 

 

SM Table 5: GAMMs with various combinations and interactions between covariates (time of day, season, and 

site) and the smooth function of time (with or without interaction) were calculated for the biomass data of the 

total CPUEB (total CPUEB models). The best five models are listed, starting with the model with the highest 

weight and therefore the best fit for the data according to the Akaike Information Criterion (AIC). dAIC 

indicates the differences in AIC between the different models and the best model. Analysis of variance 

(ANOVA) values are only shown for the model with the best fit. 

 

Total CPUEB Models df dAIC weights 

m34 = site + time of day*season + s(date) 10 0.0 0.599 

m33 = site + time of day*season + s(date, by = season) 12 3.0 0.136 

m21 = time of day*season + site*season + s(date, by = season) 14 3.6 0.098 

m25 = time of day*season + site*season + s(date, by = time of day) 14 4.7 0.057 

m29 = time of day*season + site*season + s(date, by = site) 16 6.7 0.021 

    

ANOVA (m34)    

Parameter df F p-value 

Site 2 6.052 0.002 

Time of day 1 43.588 <0.001 

Season 1 58.75 <0.001 

Time of day:Season 1 18.58 <0.001 
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s(Date) 1 11.13 0.001 

 

Community CPUEB 

 

 

SM Figure 5: Principal component analysis (PCA) of CPUEB of the 11 most frequent species. The x-axis 

(27.57%) separates species with higher biomass in spring (i.e. whitefish and sticklebacks) versus summer (e.g. 

bleak), while species are grouped by morning (e.g. dace) and twilight (i.e. burbot, loach, and ruffe) activity on 

the y-axis (15.43%). 
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SM Figure 6: Smooth functions (mean ± 1 SE) of the CPUEB development of the best fit GAMM (m20) in SM 

Table 6: bleak p < 0.001, bream p = 0.003, burbot p = 0.001, chub p = 0.282, dace p < 0.001, whitefish p = 

0.703, loach = 0.131, perch < 0.001, roach p = 0.001, ruffe p < 0.001, and stickleback p < 0.001. 
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SM Table 6: GAMMs with various combinations and interactions between covariates (time of day, season, site, 

and species) and the smooth function of time (with or without interaction) were calculated for the biomass data 

of the different species (community models). The best five models are listed, starting with the model with the 

highest weight and therefore the best fit for the data according to the Akaike Information Criterion (AIC). dAIC 

indicates the differences in AIC between the different models and the best model. ANOVA values are only 

shown for the model with the best fit. 

 

Community Models df dAIC weights 

m20 = species*time of day*site + species*time of day*season + 

species*season*site + s(date, by = species) 

134 0.0 0.97 

m18 = site*time of day*season*species + s(date, by = species) 156 7.0 0.03 

m21 = site*time of day*season + species*time of day*season + 

species*season*site + s(date, by = species) 

116 33.1 <0.001 

m22 = site*time of day*season + species*time of day*site + 

species*season*site + s(date, by = species) 

126 156.4 <0.001 

m24 = site*season*species + s(date, by = species) 90 551.4 <0.001 

    

ANOVA (m20)    

Parameter df F p-value 

Site 2 2.483 0.084 

Time of day 1 1.072 0.3 

Season 1 91.03 <0.001 

Species 10 13.646 <0.001 

Site: Time of day 2 10.797 0.001 

Site:Season 2 3.342 0.036 

Time of day:Season 1 9.01 0.003 

Time of day:Species 10 12.684 <0.001 

Site:Species 20 2.954 <0.001 

Season:Species 10 19.319 <0.001 

Site: Time of day:Species 20 3.598 <0.001 

Time of day:Season:Species 10 17.554 <0.001 

Site:Season:Species 20 4.069 <0.001 

    

s(Date):Bleak 3.781 21.521 <0.001 

s(Date):Bream 1 8.58 0.003 

s(Date):Burbot 1 10.89 0.001 

s(Date):Chub 1 1.16 0.282 
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s(Date):Dace 1 17.901 <0.001 

s(Date):Whitefish 1 0.145 0.703 

s(Date):Loach 1.663 1.481 0.131 

s(Date):Perch 4.127 8.39 <0.001 

s(Date):Roach 2.402 7.375 0.001 

s(Date):Ruffe 1 115.318 <0.001 

s(Date):Stickleback 4.543 13.92 <0.001 

 

Total CPUEB: Separated seasons 

 

 

SM Figure 7: Left panel: log10(total CPUEB ± standard error) separated by time of day (white triangle = 

morning; black circle = twilight), season (Sp = spring; Su = summer), site (Bi = Birnau, Fe = Fels, La = 

Langenargen). Mid- and right panel: Smooth function (mean ± 1 SE) of the total CPUEN development according 

to the best fit model (m14 and m15 in SM Table 7): p = 0.28 (spring) and p = < 0.001 (summer). 
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SM Table 7: GAMMs with various combinations and interactions between covariates (time of day, season, and 

site) and the smooth function of time (with or without interaction) calculated separately for the biomass data of 

the total CPUEB (total CPUEB models) separated for spring and summer samples. The best three models are 

listed, starting with the model with the highest weight and therefore the best fit for the data according to the 

Akaike Information Criterion (AIC). dAIC indicates the differences in AIC between the different models and 

the best model. Analysis of variance (ANOVA) values are only shown for the model with the best fit. 

 

Total CPUEB Models (Spring) df dAIC weights 

m14 = site + time of day + s(date) 8 0.0 0.685 

m13 = site*time of day + s(date) 10 3.3 0.131 

m6 = time of day + site + s(date, by = time of day) 10 4.0 0.093 

    

ANOVA (m14)    

Parameter df F p-value 

Site 2 5.005 0.008 

Time of day 1 32.639 <0.001 

s(Date) 1 1.173 0.28 

 

Total CPUEB Models (Summer) df dAIC weights 

m15 = site + s(date) 7 0.0 0.489 

m14 = site + time of day + s(date) 8 1.6 0.225 

m7 = site + s(date, by = time of day) 9 4.0 0.066 

    

ANOVA (m15)    

Parameter df F p-value 

Site 2 6.052 0.035 

s(Date) 1 11.13 <0.001 
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Community CPUEB: Separated seasons 

 

SM Figure 8a: Smooth functions of the spring CPUEB development of the best fit model (m18) in SM Table 8: 

bleak p < 0.001, bream p = 0.236, burbot p = 0.186, chub p = 0.014, dace p = 0.086, whitefish p = 0.549, loach 

= 0.04, perch = 0.05, roach p = 0.129, ruffe p < 0.001, and stickleback p < 0.001. 
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SM Figure 8b: Smooth functions (mean ± 1 SE) of the summer CPUEB development of the best fit model (m18) 

in SM Table 8: bleak p < 0.001, bream p = 0.004, burbot p = 0.001, chub p = 0.367, dace p < 0.001, whitefish p 

= 1.0, loach = 0.291, perch < 0.001, roach p = 0.001, ruffe p < 0.001, and stickleback p = 0.015. 
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SM Table 8: GAMMs with various combinations and interactions between covariates (time of day, season, site, 

and species) and the smooth function of time (with or without interaction) calculated separately for the biomass 

data of the different species (community models) separated for spring and summer samples. The best three 

models are listed, starting with the model with the highest weight and therefore the best fit for the data 

according to the Akaike Information Criterion (AIC). dAIC indicates the differences in AIC between the 

different models and the best model. ANOVA values are only shown for the model with the best fit. 

 

Community Models (Spring) df dAIC weights 

m18 = species*time of day*site + s(date, by = species) 90 0.0 0.919 

m19 = site*time of day + species*time of day + species*site + s(date, 

by = species) 

70 5.4 0.061 

m20 = species*time of day + species*site + s(date, by = species) 68 7.7 0.019 

    

ANOVA (m18)    

Parameter df F p-value 

Site 2 1.62 0.198 

Time of day 1 0.09 0.764 

Species 10 9.225 <0.001 

Site: Time of day 2 2.266 0.104 

Site:Species 20 2.123 0.003 

Time of day:Species 10 9.53 <0.001 

Site: Time of day:Species 20 2.307 0.001 

    

s(Date):Bleak 3.961 8.59 <0.001 

s(Date):Bream 1 1.406 0.236 

s(Date):Burbot 1 1.748 0.186 

s(Date):Chub 3.515 3.819 0.014 

s(Date):Dace 3.838 2.73 0.086 

s(Date):Whitefish 1 0.36 0.549 

s(Date):Loach 1.984 3.579 0.04 

s(Date):Perch 1.769 2.487 0.05 

s(Date):Roach 1 2.309 0.129 

s(Date):Ruffe 1 60.193 <0.001 

s(Date):Stickleback 4.403 15.597 <0.001 
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Community Models (Summer) df dAIC weights 

m18 = species*time of day*site + s(date, by = species) 90 0.0 1.0 

m19 = site*time of day + species*time of day + species*site + s(date, 

by = species) 

70 21.3 <0.001 

m20 = species*time of day + species*site + s(date, by = species) 68 31.0 <0.001 

    

ANOVA (m18)    

Parameter df F p-value 

Site 2 12.615 <0.001 

Time of day 1 20.731 <0.001 

Species 10 39.041 <0.001 

Site: Time of day 2 11.221 <0.001 

Site:Species 20 4.0 <0.001 

Time of day:Species 10 18.225 <0.001 

Site: Time of day:Species 20 3.006 <0.001 

    

s(Date):Bleak 3.114 17.44 <0.001 

s(Date):Bream 2.629 4.333 0.004 

s(Date):Burbot 1 10.872 0.001 

s(Date):Chub 1 0.816 0.367 

s(Date):Dace 1 42.958 <0.001 

s(Date):Whitefish 1 0.0 1.0 

s(Date):Loach 1 1.114 0.291 

s(Date):Perch 4.343 17.656 <0.001 

s(Date):Roach 2.48 6.74 0.001 

s(Date):Ruffe 1 60.553 <0.001 

s(Date):Stickleback 3.141 3.764 0.015 
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SM Figure 9: Spatio-temporal variability of fish species CPUEB (mean ± 1 standard error of log10-transformed 

data). CPUEB at the three sites Birnau (Bi), Fels (Fe), and Langenargen (La) during spring (Sp) and summer 

(Su) and in the morning (open triangle) versus twilight (filled circle) samples. 
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SM Figure 10: Community synchrony (Kendall’s W) of the 11 most frequent fish species calculated for 

observed CPUEB (entire frequency, EF), low frequency (LF) and high frequency (HF) CPUEB for time series 

consisting of both spring and summer (Sp + Su) samples, as well as of spring (Sp) and summer (Su) samples. 

Vertical lines comprise 95% of the distribution of W calculated from randomised time series. Numbers below 

vertical lines indicate the mean Spearman rank correlation coefficient. 
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Oligotrophication drives the relationship between size diversity and Shannon diversity 

in a 17-years study of a littoral fish community 

 

Maike Sabel, Reiner Eckmann, Erik Jeppesen, Roland Rösch, & Dietmar Straile 

 

 

Abstract 

The littoral zone of lakes is inhabited by many fish species as it is used as spawning ground, 

shelter, and feeding habitat. Especially juvenile fish dwell in the shallow littoral, but few 

studies examined the long-term responses of species and size diversity to environmental 

change. We investigate the dynamics of size and species diversity of the littoral fish 

community within one lake experiencing changes in nutrient concentrations. Here, we 

analysed a 17-year data set of beach seine catches carried out during morning and twilight, in 

late spring and late summer at three sites in large and deep Lake Constance during a period of 

oligotrophication. Community size diversity was stable, but individual species showed 

changes in their size diversity: some species (i.e. chub, dace, and perch) increased, whereas 

others (i.e. burbot and ruffe) decreased in size diversity. Size diversity and species diversity 

were positively correlated and their relationship indicated that size overlap between species 

decreased throughout the sampling period. On a longer period, lower size overlap between 

the species can cause reduced functional diversity, which can lead to a lower functional 

redundancy within the community and thus, higher vulnerability towards environmental 

threats such as climate warming. 

 

Keywords: juvenile fish, size overlap, generalized additive mixed models, Lake Constance 

 

Introduction 

Diversity is a key concept for understanding different kinds of ecosystems, which are under 

growing pressure from anthropogenic perturbations. Numerous types of diversity measures, 

which can include taxonomic, functional (i.e. traits), and genetic parameters, have been 
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developed to investigate how ecosystem diversity is changing in response to different 

environmental stressors (De’Ath, 2012). In recent years, an increasing number of studies 

combined different components of diversity measures to explore changes in communities 

more efficiently (e.g., Safi et al., 2011; Violle et al., 2014; Brucet et al., 2018). 

Among various organism traits, body size is one of the most influential affecting physiology 

and determining competitive and predator-prey interactions (e.g., Peters, 1983; Woodward et 

al., 2005). Body size is also important for defining ecological niches, especially so in aquatic 

ecosystems where animals with similar size often occupy similar niches (Jennings et al., 

2001; Woodward & Hildrew, 2002). Size diversity is a simple and intuitive way to assess 

variation in the individual body size structure of a community (Brucet et al., 2006, 2010, 

2018; Quintana et al., 2008; Ye et al., 2013; García-Comas et al., 2016). It is based on the 

Shannon diversity index (Pielou, 1969), but integrates the amplitude of the size range and 

evenness instead of the number of species and their relative abundance in a community 

(Brucet et al., 2017). Since size diversity uses individual body size, it captures inter- as well 

as intraspecific variability in communities, which are important for many ecological and 

evolutionary processes such as predator-prey relationships and competition (Violle et al., 

2012). 

Here, we investigate the relationship between species and size diversity of a lentic fish 

community. Fish are highly important for aquatic communities because they contribute to 

functions and services of lake ecosystems. For example, they are crucial for energy transfer 

and nutrient cycling, as well as food supply (Holmlund & Hammer, 1999). Not only the 

species abundance, but also intraspecific size variation within fish species strongly affects the 

structure and dynamics of fish communities even at low species diversity (Jansson et al., 

2007; Lemmens et al., 2017). 

The relationship between species diversity and size diversity is determined by the extent to 

which different species in a community exhibit similar body sizes. If species show high 

variation in size, the introduction of a new species to a community can cause increased body 

size diversity that will result in a linear positive relationship between species and size 

diversity (Micheli & Halpern, 2005; Guillemot et al., 2011). Contrary, the relationship 

between species and size diversity is weak in communities composed of a single or few 

species, which have a wide size range and thus high size diversity. Hence, the strength and 

shape of the relationship show the overlap in size among species in a community. A low size 

overlap might indicate that size-related traits are lost from a system as species diversity 



81 

 

declines, which has been found in some studies investigating species diversity and functional 

diversity via regression analysis (Micheli & Halpern, 2005; Guillemot et al., 2011). 

The size structure of fish populations can be shaped by biotic interactions, including 

predation and competition, but also by abiotic factors such as nutrient concentration and 

temperature (Persson et al., 1991). So far, studies have already shown that eutrophic lakes 

have a low size diversity of fish, because they are dominated by small-sized cyprinid species 

(e.g. Jeppesen et al., 2000; Emmrich et al., 2011). The inverse case was found for 

oligotrophic lakes, where fish communities included salmonid species that are exhibiting 

large-sized individuals (Emmrich et al., 2011). However, these studies concentrated on the 

overall or the pelagic fish community and no attention has been drawn to changes of species 

and size diversity in littoral fish communities of lakes. The littoral zone of lakes is a highly 

productive and heterogeneous habitat that provides diverse resources and serves as a nursery 

(Allen, 1982; Lewin et al., 2014) as well as a refuge from predation (Hall & Werner, 1977; 

Fischer & Eckmann, 1997b). Especially juvenile fish which are highly important for fish 

recruitment and overall community dynamics (Keast & Harker, 1977; Werner et al., 1977; 

Northcote, 1988), dwell in the shallow littoral zone. As juvenile and small fish dominate in 

littoral fish communities (Sabel et al., 2020), and by definition the size range of individuals is 

therefore restricted, size diversity might be less influenced by species diversity in this habitat 

as compared to habitats, communities or samples in which adult organisms dominate. 

Given the fact that oligotrophication reduces primary production and phytoplankton biomass 

(Haese et al., 1998), it leads to reduced food availability for higher trophic levels including 

zooplankton and fish. In fact, Jeppesen et al. (2002) found that fish biomass overall decreased 

due to decreased nutrient concentrations in Danish lakes. Hence, it is suggested that fish 

growth and thus size as well as size diversity is negatively influenced by oligotrophication. 

Here, we use a unique dataset to analyse temporal variability in the size and species diversity 

of the littoral fish community of Lake Constance. First, we test the hypothesis that decreased 

nutrient concentrations will result in lower size diversity of the littoral fish community, both 

for the overall community (interspecific size diversity), but also for individual species (intra-

specific size diversity) due to lower growth rate and survival rates. Second, we test the 

hypothesis that size diversity is not influenced by species diversity in a community 

dominated by small fish. 
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Material & Methods 

Study site and sampling method 

Lake Constance is a large and deep peri-alpine lake located at the northern edge of the 

European Alps, bordered by Germany, Switzerland and Austria (47°N, 09°E). Its littoral zone 

occupies about 10 % of the entire lake with a water depth of about 5 m during high water 

conditions in summer. Over the last century the lake experienced major changes in its trophic 

status. Total phosphorus concentrations increased from <10 µg l
-1

 in the 1950s to almost 90 

µg l
-1

 in the late 1970s, followed by a return to oligotrophic conditions of <10 µg l
-1

 by the 

beginning of the 21
st
 century. These nutrient shifts were accompanied by changes in 

phytoplankton (Jochimsen et al., 2013), zooplankton (Straile, 2015), as well as fisheries 

catches (Baer et al., 2017). In this study, we focus on the re-oligotrophic period, more 

specifically from 1997 to 2013, in which total phosphorus concentrations decreased from 18 

µg l
-1

 to 6-7 µg l
-1

. 

Fish sampling was conducted at three sites (Birnau, Fels and Langenargen) located 7 – 29 km 

apart from each other (SM Figure 1). The sites varied in their habitat characteristics such as 

the extension of the littoral zone (from ~ 50 m in Fels, towards ~ 250 m in Birnau and 500 m 

in Langenargen), substrate structure (from sandy sediment with some gravel and pebbles in 

Langenargen, to gravel and pebbles in Birnau, and large stones and boulders in Fels), and 

wind exposure (increasing from Fels, towards Birnau and Langenargen). For a more detailed 

description of sampling sites see Reyjol et al. (2005), in which the three sites Birnau, Fels, 

and Langenargen were named North I, South I, and North II, respectively. 

Standardized sampling was carried out with beach seines (length 16 m, height 2 m, mesh size 

4 mm (bar mesh)) hauled from 1 m water depth to the shoreline. Each sampling event 

consisted of one seine hauled at three non-overlapping but neighbouring sites. All caught 

individuals were immediately killed with 2-phenoxyethanol solution or clove oil, and stored 

on ice. In the laboratory, all fish were identified to species level (when in doubt, the 

pharyngeal teeth of cyprinids were dissected out to verify the identification), counted, and 

measured. 

Sampling was done monthly from 1997 to 2013 at all three sites – both in the morning and at 

twilight. We only consider samples from May, June, August, and September as sampling in 

other months was less regular (SM Table 1). During these four months a total of 897 beach 

seines were hauled, in which 154,730 individuals from 29 different species were caught. 
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Statistical analysis 

We excluded individuals with a total length > 21.0 cm (0.5% of the data) to ensure that 

occasional occurrence of large fish did not influence further analysis on juvenile fish size 

dynamics. Furthermore, we combined triplicates, i.e. three successive hauls at one site, and 

excluded all samplings with less than 50 caught individuals, so the number of samples was 

reduced to 260. We calculated effective Shannon diversity (Heff) according to Hill (1973) 

using catch per unit effort (CPUE; number of fish per sample composed of sampling date, 

sampling site, and time of day). Size diversity (µ) was calculated using individual fish lengths 

per sampling event using the integral formula as described by Quintana et al. (2008, 2016): 

µ(𝑥) =  − ∫ 𝑝𝑥(𝑥)𝑙𝑜𝑔2𝑝𝑥(𝑥)𝑑𝑥
+∞

0
        eqn 1 

where px(x) is the probability density function of size x. Size diversity is a non-parametric 

approach to describe the community structure based on an adaptation of the Shannon-Wiener 

index to accommodate continuous body size variables (e.g. length or mass). It does not 

require statistical fitting and is represented by a single value, where small values indicate a 

narrow size range while higher values indicate a wider range of sizes (Brucet et al., 2006). In 

general, high size diversity values are the results of equally distributed fish lengths combined 

with many different fish lengths (Quintana et al., 2008; Brucet et al., 2017). 

We used generalized additive mixed models (GAMMs) to study the temporal dynamics of 

Shannon diversity and size diversity, allowing us to analyse potentially nonlinear 

relationships and including auto-correlated errors. We established GAMMs for size diversity 

measurements of the total catch as well as of the fish community separated by the eleven 

most frequent (each found in 25% to 85% of the samples) species: bleak (Alburnus alburnus), 

bream (Abramis brama), burbot (Lota lota), chub (Squalius cephalus), dace (Leuciscus 

leuciscus), Eurasian perch (Perca fluviatilis, hereafter referred to as perch), whitefish 

(Coregonus sp.), roach (Rutilus rutilus), ruffe (Gymnocephalus cernua), stone loach 

(Barbatulus barbatulus, hereafter referred to as loach), and three-spined stickleback 

(Gasterosteus aculeatus, hereafter referred to as stickleback). The remaining other species 

were combined as “others” (i.e. European bitterling (Rhodeus amarus, Cyprinidae), Crucian 

carp (Carassius carassius, Cyprinidae), common nase (Chondrostoma nasus, Cyprinidae), 

catfish (Silurus glanis, Siluridae), grayling (Thymallus thymallus, Salmonidae), gudgeon 

(Gobio gobio, Cyprinidae), pike (Esox Lucius, Esocidae), and Prussian carp (Carassius 

gibelio, Cyprinidae)). All GAMMs included an autocorrelated error structure allowing for 

non-evenly spaced data (corCAR1), various combinations of the smooth functions of date 
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and Shannon diversity (in the following: s(date), s(Shannon.div), respectively) as well as of 

the covariates month, site, and time of day. In addition, we allowed s(date) and 

s(Shannon.div) to vary between the covariates in the total and community models, i.e. we 

included smooth factor interactions in those models. We further used the models to 

investigate the effects of the included covariates on size diversity and Shannon diversity by 

separately excluding the covariates from the model and visualising the resulting residuals of 

the covariate-specific GAMMs. Unfortunately, nutrient concentrations were not measured 

during sampling. Hence, we only analysed the role of covariates and long-term dynamics, but 

did not include nutrient concentrations in our models. We used the Akaike Information 

Criterion (AIC) to compare the different models and only the five best models (i.e. the 

models with the lowest AIC) are shown. For each set of GAMMs, we performed analysis of 

variance (ANOVA) of the best models to analyse the effects of covariates, s(date), 

s(Shannon.div), and smooth factor interactions. 

In addition, we examined the relationship between Shannon diversity and size diversity 

separately for each sampling year and analysed whether the slope of this relationship changed 

during the sampling period. 

We conducted all calculations in R (R Core Team, 2019) using the packages mgcv (Wood, 

2017) and vegan (Oksanen et al., 2019). Size diversity was calculated using a script by 

Egozcue and Martínez-Abella (2018). 

 

Results 

The overall size range was highest in May and June (Figure 1). With decreased size range in 

summer months (i.e. August and September), size overlap between species increased (Figure 

1). In May, large, medium and small sized individuals were present for dace, bleak, chub, and 

perch, whereas the other species (i.e. bream, burbot, loach, others, roach, ruffe, stickleback, 

and whitefish) showed narrower size ranges (Figure 1). For example, stickleback and 

whitefish were represented by small individuals, whereas big individuals were found for 

bream and burbot in May (Figure 1). Over the next months (i.e. June, August, and 

September) the abundance of medium sized (5 to 10 cm) individuals increased for all species, 

while the smallest and largest size classes decreased (Figure 1). 
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Figure 1: Size distribution (1 to 21 cm) of the eleven most abundant species and other species combined 

(represented as “others”) is separated for the four sampling months (i.e. May, June, August, and September). 

Numbers in red show the size diversity value of the corresponding panel (combination of species and month). 

 

Mean size diversity of littoral fish samples was 1.43 ± 0.61 with a range between -1.07 and 

2.96. The number of species per sample varied between two to ten different species. In almost 

40% of the samples either six or seven species were found. Mean Shannon diversity of littoral 

fish samples was 2.83 ± 1.25 with a range between 1.01 and 6.5. Various combinations of 

Shannon diversity and size diversity were observed in samples, i.e., low size diversity was 

associated with low Shannon diversity (Figure 2a, Heff = 1.02, µ = 0.16), and with high 

Shannon diversity (Figure 2b, Heff = 4.49, µ = 0.39). Likewise, high size diversity was 

associated with low Shannon diversity (Figure 2c, Heff = 1.01, µ = 2.96), and high Shannon 

diversity (Figure 2d, Heff = 4.56, µ = 2.36). 
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Figure 2: Four examples of samples with different tendencies in size and Shannon diversity: A = low size and 

Shannon diversity; B = low size and high Shannon diversity; C = high size and low Shannon diversity; D = high 

size and Shannon diversity. 

 

Temporal dynamics of Shannon diversity and size diversity 

The temporal dynamics of Shannon diversity were best described by the GAMM including 

the covariates of month and time of day (Table 1). The two covariates showed significant 

differences (p < 0.001) with higher Shannon diversity values in the twilight than morning 

samples and highest values in August compared to the other three sampling months. In 

contrast, s(date) was not significant (p = 0.139) indicating that Shannon diversity was stable 

throughout the sampling period (Table 1 & Figure 3). 
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Table 1: Generalized additive mixed models (GAMMs) with various combinations and interactions between 

covariates (time of day, month, and site) and the smooth function of time were calculated for the Shannon 

diversity data from 1997 to 2013. The best five models are listed, starting with the model with the highest 

weight and therefore the best fit for the data according to the Akaike Information Criterion (AIC). dAIC 

indicates the distance between the AIC values for the different models. Analysis of variance (ANOVA) values 

are only shown for the model with the best fit. 

 

Shannon Diversity Models df dAIC weight 

m7 = time of day + month + s(date) 9 0.0 0.645 

m1 = site * time of day * month + s(date) 28 1.6 0.287 

m4 = time of day * month + s(date) 12 4.5 0.068 

m2 = site * time of day + s(date) 10 35.0 <0.001 

m9 = time of day + s(date) 6 36.9 <0.001 

    

ANOVA (m7)    

Parameter df F p-value 

Time of day 1 48.94 <0.001 

Month 3 15.26 <0.001 

s(Date) 1 2.198 0.139 

 

Figure 3: Upper panel: Smooth 

function of the Shannon 

diversity development 

according to the best fit model 

(m7 in Table 1). No significant 

long-term patterns are evident 

(p = 0.139). Lower panels: 

Residuals of covariate-specific 

generalized additive mixed 

models are plotted against the 

specific covariate (left: month, 

right: time of day). Significant 

differences are found between 

spring (5 = May, 6 = June) and 

summer months (8 = August, 9 

= September, p < 0.001), as 

well as between day and night 

(p < 0.001). 
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Size diversity of the littoral fish community in Lake Constance did not show significant 

dynamics over time (p = 0.173; Table 2), but significantly increased in a saturating way with 

Shannon diversity (p < 0.001; Table 2) (Figure 4). The associated highest ranked community 

model included significant relationships for the two covariates of month and site (Table 2). 

 

Table 2: Generalized additive mixed models (GAMMs) with various combinations and interactions between 

covariates (time of day, month, and site) and the smooth function of time and Shannon diversity (with or 

without interaction) were calculated for the size diversity data from 1997 to 2013. The best five models are 

listed, starting with the model with the highest weight and therefore the best fit for the data according to the 

Akaike Information Criterion (AIC). dAIC indicates the distance between the AIC values for the different 

models. Analysis of variance (ANOVA) values are only shown for the model with the best fit. 

 

Community Size Diversity Models df dAIC weight 

m3.4 = site + month + s(date) + s(Shannon.div) 12 0.0 0.721 

m3.2 = site + time of day + season + s(date) + s(Shannon.div) 13 2.0 0.268 

m3.7 = month + s(date) + s(Shannon.div) 10 9.1 0.008 

m3.5 = time of day + month + s(date) + s(Shannon.div) 11 11.1 0.003 

m3 = site*time of day*month + s(date) + s(Shannon.div) 30 17.9 <0.001 

    

ANOVA (m3.4)    

Parameter df F p-value 

Site 2 6.681 0.001 

Month 3 12.507 <0.001 

s(Date) 1.514 1.197 0.173 

s(Shannon.div) 3.035 21.45 <0.001 
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Figure 4: Upper panels: Smooth function of the size diversity development according to the best fit model (m3.4 

in Table 2). Significant long-term patterns are in smooth term of Shannon diversity (right; p < 0.001). Lower 

panels: Residuals of covariate-specific generalized additive mixed models are plotted against the specific 

covariate (left: month, right: site). Significant differences are found between May and September (p < 0.001), as 

well as between Birnau and Fels (p = 0.002). 

 

Residuals of the covariate-specific GAMMs, i.e. month and site, indicated that samples in 

May had significantly higher size diversities than those in September (p < 0.001) and that 

size diversity of individuals caught at Birnau was significantly higher than those caught at 

Fels (p = 0.002). The best species model suggested that species differed significantly in their 

size diversity patterns over time (Table 3). The highest ranked model included the covariates 

time of day, and the interaction between month and site. All the top-ranked models included 

the smooth factor interaction between species and s(date), indicating that species clearly 

differed in their long-term dynamics. The best model revealed significant relationships for the 

covariate time of day (p = 0.005), but not for month, site or the interaction between month 

and site (Table 3). Only burbot (p = 0.039), chub (p = 0.005), dace (p < 0.001), perch (p < 
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0.001), and ruffe (p = 0.019) showed significant long-term variability (Table 3 & Figure 5). 

Size diversity of burbot and ruffe decreased, whereas that of chub, dace, and perch increased 

during the study period (Figure 5). 

 

Table 3: GAMMs with various combinations and interactions between covariates (time of day, month, and site) 

and the smooth function of time (with interaction) were calculated for the size diversity data of the community 

consisting of the 11 most frequent species. The best five models are listed, starting with the model with the 

highest weight and therefore the best fit for the data according to the Akaike Information Criterion (AIC). dAIC 

indicates the distance between the AIC values for the different models. ANOVA values are only shown for the 

model with the best fit. 

 

Species Size Diversity Models df dAIC weight 

m11 = site*month + time of day + s(date, by = species) 39 0.0 0.572 

m10 = time of day*month + site + s(date, by = species) 36 2.7 0.147 

m5 = time of day*month + s(date, by = species) 34 4.3 0.065 

m8 = time of day + s(date, by = species) 28 4.5 0.06 

m4 = site*time of day + s(date, by = species) 32 4.5 0.059 

    

ANOVA (m11)    

Parameter df F p-value 

Month  3 1.311 0.269 

Site 2 0.085 0.919 

Time of day 1 8.053 0.005 

Month:Site 6 1.752 0.106 

    

s(Date):Bleak 1 0.477 0.49 

s(Date):Bream 1 0.8 0.371 

s(Date):Burbot 1 4.265 0.039 

s(Date):Chub 1 7.859 0.005 

s(Date):Dace 1 13.252 <0.001 

s(Date):Loach 1 1.096 0.295 

s(Date):Others 1.59 1.679 0.318 

s(Date):Perch 1 12.013 <0.001 

s(Date):Roach 1.875 2.074 0.167 

s(Date):Ruffe 1.987 3.714 0.019 

s(Date):Stickleback 1 0.028 0.868 

s(Date):Whitefish 1.623 1.021 0.209 
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Figure 5: Smooth functions of the size diversity development of the 11 most frequent species according to the 

best fit GAMM (m11 in Table 3). Presence of a temporal pattern is confirmed for burbot: p = 0.039, chub: p = 

0.005, dace: p < 0.001, perch: p < 0.001, and ruffe: p = 0.019. 

 

Annual changes in the relationship between Shannon diversity and size diversity 

To further investigate the relationship between Shannon diversity and size diversity and how 

it is changing throughout the sampling period, we calculated the slope values of the 

relationship between Shannon diversity and size diversity of the different samples per year 

(SM Figure 2). The annual slope values highly varied, but overall increased over the 

sampling years (p = 0.016; Figure 6). The highest annual slope values were found in the 

second half of the sampling period (i.e. 2010 to 2013), whereas the lowest were found in 

1997 and 2004 (Figure 6 & SM Figure 2). 
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Figure 6: Slope values of the annual Shannon and size diversity correlation are shown. Slope values are 

significantly increasing throughout the sampling period (p = 0.016). 

 

Discussion 

During the study period, neither long-term trends in Shannon diversity nor size diversity of 

the juvenile fish community could be detected. In contrast, intra-specific size diversity of 

several species changed during the study period. However, these changes were only as 

predicted for some species (declines of size diversity for burbot and ruffe), but contrary to our 

hypothesis for chub, dace, and perch. Also contrary to our prediction, we found a significant 

relationship between size diversity and Shannon diversity. Furthermore, this relationship 

seemed to strengthen during the study period. 

It is important to remember that the fish community in the littoral zone of Lake Constance 

mainly consist of juvenile individuals, because adults migrate to deeper waters and beach 

seine sampling is more efficient for smaller individuals (Leslie & Timmins, 1992). However, 

including bigger individuals (> 21.0 cm) only led to a minor increase in size diversity (mean 

size diversity increase of 0.01; size diversity range did not change) indicating that those few 

individuals barely affected size diversity in our analysis. Although our size diversity mean 

value (and range) is similar to size diversity measurements of other studies, comparisons have 

to be done carefully because other studies included both littoral and pelagic communities 

(Brucet et al., 2017, 2018) or only fish bigger than 8.00 cm (Emmrich et al., 2011) and used 
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different sampling techniques (i.e. gill nets). This suggests that our study – despite being 

dominated by juvenile fish – did not consider a smaller size range, in term of size diversity, 

as compared to other studies. 

 

Different dynamics in total and species size diversity 

Both size diversity and Shannon diversity of the littoral fish community were stable (p = 

0.173, p = 0.139, respectively) throughout the sampling period indicating that environmental 

changes such as oligotrophication had no pronounced effects on size structure and species 

diversity of the juvenile fish community. Although we already found changes in the relative 

abundance of species in the littoral fish community due to oligotrophication (Sabel et al., 

2020), these shifts did not influence size diversity of the community. The productivity of the 

littoral zone, which is also further supported by additional phosphorous from littoral 

sediments (Güde et al., 2000) and allochthonous input of organic C from the shore region 

(Güde & Straile, 2016), might have compensated overall decreasing nutrient concentrations 

in the lake system. Furthermore we can exclude the possibility that long-term dynamics of 

size diversity were mainly influenced by long-term dynamics of Shannon diversity, because 

the two diversity indices have their maximum values in different sampling month (Shannon 

diversity in May and size diversity in June). 

Arranz et al. (2016) reported that size diversity of different European fish species was 

negatively correlated with their abundance, because at higher densities more small-sized 

individuals with a lower number of size classes were caught. Interestingly, size diversity 

dynamics of some species in our data showed similarities with their abundance dynamics 

(Sabel et al., 2020). Dace and perch both increased in abundance and size diversity 

throughout the sampling indicating that favourable conditions (e.g. improved environmental 

condition, reduced competition for food resources) let not only to an increase in abundance 

but also in size diversity. Contrary, burbot and ruffe decreased in size diversity and 

abundance over time. Ruffe prospers under eutrophic conditions and feeds almost exclusively 

on benthic invertebrates (Eckmann & Rösch, 1998). Moreover, ruffe competes with perch for 

benthic food sources especially in growing season that could lead to reduced growth and 

lower size diversity (Rösch & Schmid, 1996). In order to estimate the influence of species 

abundance on their size diversity in our data, we included the number of individuals per 

sample and species in the best fit model and found no changes in the long-term dynamics of 
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species-specific size diversity. Therefore, size diversity dynamics of different species are not 

influenced by changes in their abundance over time. 

Size diversity was also influenced by sampling month and site. The temporal variability of 

size diversity was strongly determined by the behaviour and life history of species. In spring 

and early summer (i.e. May samples) the littoral fish community in Lake Constance consists 

of large individuals of species such as dace, perch, ruffe, and roach, which use the littoral 

zone as their spawning ground during that time of year (Berg, 1993; Probst et al., 2009). In 

addition, juvenile individuals of whitefish, which profit from higher temperature and high 

food resources to facilitate their growth before migrating to the pelagic zone in summer, are 

found in the littoral in spring (Eckmann, 1989; Eckmann & Rösch, 1998). The combination 

of adult and juvenile individuals occupying the littoral zone at the same time of year led to 

higher size diversity values than in autumn samples (i.e. September), where the littoral fish 

community mainly consists of juveniles that have grown to similar sizes resulting in lower 

size diversity. Moreover, the three sampling sites vary in their size diversity: samples taken at 

Birnau revealed significantly higher size diversity values than samples from Fels. As the 

sampling sites differ in their habitat characteristics, we assume that Birnau’s structure 

characterized by gravel and pebbles provided better conditions for juvenile individuals. In 

fact, more small individuals mainly of bleak, bream, chub, and dace are responsible for the 

significantly higher size diversity at this site compared to Fels. 

As far as we know our study is the first to investigate temporal changes in size diversity of 

the fish community in a specific habitat of one lake. Other studies concentrated on the 

comparisons between lakes differing in their abiotic conditions such as nutrient 

concentration, temperature, and depth (Emmrich et al., 2011; Arranz et al., 2016; Brucet et 

al., 2018). Nevertheless, Arranz et al. (2016) confirmed that high lake productivity 

(expressed as total phosphorous concentration) increased mean body size of most species and 

is therefore a good predictor for the effects of environmental changes on fish communities. 

 

Temporal changes in the sample-specific relationship between size diversity and Shannon 

diversity 

Already Brucet et al. (2018) found that Shannon and size diversity of fish communities in 

different lakes are positively correlated leading to higher size diversity with higher numbers 

of species. We found a similar correlation with a steep slope at low Shannon and size 

diversity values indicating that the diversity of body sizes increases rapidly with species 
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diversity. However, we also found that above a Shannon diversity of approximately 3 species, 

size diversity values did not increase further implying an increasing overlap in size while 

species accumulate. We also included species richness instead of Shannon diversity in 

smooth function of GAMMs, but models with Shannon diversity clearly outperformed 

models with species richness. This suggests that not the rare species, but only the abundant 

species of a community contribute to its size diversity. 

The slope value of the Shannon-size diversity regression has been suggested to be a good 

indicator for the degree of size overlap in a community. This can be further used to estimate 

functional redundancy and thus vulnerability to extinction because the removal of one species 

could lead to a loss of a size-related trait (Brucet et al., 2018). Looking at the annual slope 

values for the relationship of the two diversity measurements calculated from out data, we 

found that the relationship is changing with higher slope values in the last four years of the 

sampling period. From 2010 to 2013, the percentage of samples with either low size 

combined with low Shannon diversity or high size combined with high Shannon diversity 

was rather high resulting in higher slope values of the relationship between the two diversity 

measurements. Hence, these samples show higher size diversity (due to two size peaks) and 

therefore might contribute the higher slope values for Shannon und size diversity relationship 

towards the end of the sampling period. Contrary, samples with either low size combined 

with high Shannon diversity or high size combined with low Shannon diversity were found 

more frequently before 2010. The combination of high Shannon diversity and low size 

diversity indicates that different species are overlapping in their size. A high size overlap in a 

fish community ensures that size-related traits contributing to functional diversity are not lost 

even if species are removed from the system (Micheli & Halpern, 2005; Guillemot et al., 

2011). Hence, fish communities with high size overlap might be less vulnerable towards 

environmental changes and disturbances (Brucet et al., 2018). In Lake Constance, the 

reduced size overlap shown with the lower occurrence of samples with high Shannon 

diversity combined with low size diversity possibly indicated that the littoral fish community 

experienced lower functional redundancy and a higher vulnerability towards the end of the 

sampling period and thus, throughout the process of oligotrophication. 

 

Effects of climate warming on fish size diversity 

In addition to oligotrophication, climate warming could also play an important role in 

structuring the size diversity of the littoral fish community, especially since water 



96 

 

temperatures in Lake Constance increased during the sampling period. We could already 

observe decreased size diversity dynamics for the cold-water species burbot. Unfavourable 

warmer water temperatures might force juvenile burbot of bigger sizes to leave the 

productive littoral zone and migrate to the cold profundal zone (Hofmann & Fischer, 2004). 

Eckmann and Rösch (1998) found that growth of juvenile whitefish in the littoral zone of 

mesotrophic Lake Constance is mainly controlled by temperature and not by food abundance. 

However, we could not see any significant dynamics in size diversity of whitefish probably 

because decreased nutrient concentrations led to lower food abundance that in turn started to 

influence growth. Nevertheless, rising water temperature (up to a certain degree) due to 

climate warming could influence growth and thus size diversity of different species in the 

near future. 

 

Consequences for ecosystem dynamics 

In general, a predator’s attack rate typically increases with increasing size difference between 

predator and prey, although too small prey will be less preferred by the predator (e.g. Rudolf, 

2008). Since juvenile fish increase the feeding pressure on small prey species, e.g. 

zooplankton, changes in the fish size diversity are expected to influence the size range and 

also community structure of these prey organisms. Indeed, Badosa et al. (2007) and Brucet et 

al. (2010) found that the dynamics in size diversity of zooplankton are mainly related to 

biotic interactions including fish predation. Especially seasonal changes in the distribution of 

predator body sizes alter the strength of prey suppression through changes in the size 

distribution of predators (Rudolf, 2012). Our data showed seasonal differences in size 

diversity with higher values in May than September. Although the strength of feeding 

pressure on zooplankton is mainly driven by variations in fish abundance, changes in size 

diversity of fish might also contribute. In spring, the higher size range of the predator might 

have led to a higher pressure on differently sized prey. 

Increasing predator body size diversity is supposed to strengthen top-down cascades (Ives, 

Cardinale & Snyder, 2005; Casula, Wilby & Thomas, 2006). Stable size diversity in the fish 

community might have maintained top-down control in the littoral zone of Lake Constance. 

Not only invertebrate prey, but also small-sized fish might be affected by the presence of 

large-sized individuals. In particular, adult perch is piscivorous (Schleuter & Eckmann, 2008) 

and higher numbers of large-sized individuals might have also increased the predation 

pressure on small-sized fish. 
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Conclusion 

Total size diversity of the littoral community mostly consisting of juvenile individuals 

remained stable over time and thus showed resilience towards decreased nutrient 

concentrations. Therefore, the juvenile community sustains feeding pressure on prey 

organisms of different sizes that might lead to prey suppression. Contrary, size diversity 

dynamics of single species showed different trends over time with some species that 

increased (i.e. chub, dace, and perch), while others decreased (i.e. burbot and ruffe) in size 

diversity indicating the effect of oligotrophication on single species. The slope values of the 

relationship between Shannon and size diversity was higher in the last four years of the 

sampling period suggesting that the size overlap and functional redundancy between species 

decreased thus, possibly making the littoral fish community more vulnerable towards 

environmental changes such as climate warming. 
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Supplementary Material 

This supplementary material provides an overview of the monthly coverage of samples (SM 

Table 1) and a map of the three sampling sites in Lake Constance (SM Figure 1). We also 

included correlation plots of annual size and Shannon diversity per sample (SM Figure 2). 
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SM Table 1: Overview of sampled spring and summer months from 1997 to 2013. 

 

Year May June August September 

1997  X X X 

1998 X X  X 

1999 X X X X 

2000 X X X X 

2001 X  X X 

2002 X X   

2003 X X X X 

2004 X X X X 

2005 X X X X 

2006 X X X X 

2007 X X X X 

2008 X  X X 

2009 X X X X 

2010 X X  X 

2011 X X X X 

2012 X  X X 

2013 X  X X 

 

 

 

SM Figure 1: Map of Lake Constance with the three sampling sites (Birnau, Fels, and Langenargen). 
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SM Figure 2: Relationship of Shannon and size diversity per sample is shown for the different sampling years 

(1997 – 2005). Linear regression line and slope value are indicated in red. 
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SM Figure 2 (continued): Relationship of Shannon and size diversity per sample is shown for the different 

sampling years (2006 – 2013). Linear regression line and slope value are indicated in red. 
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Chapter V: Conclusions and Perspectives 
 

 

Changing environmental conditions, like decreasing nutrient concentrations and introduction 

of non-native species, can have pronounced effects on the whole lake ecosystem (Gerdeaux et 

al., 2006; Brucet et al., 2010; Emmrich et al., 2011; Pätzig et al., 2018). While the impacts of 

oligotrophication and non-native species on the pelagic community (i.e. phyto- and 

zooplankton, fish) in Lake Constance are studied intensively (Gaedke & Schweizer, 1993; 

Eckmann & Rösch, 1998; Straile & Geller, 1998; Stich & Brinker, 2010), the littoral zone 

lacks detailed investigation on effects of these influential phenomena. However, the littoral is 

an important area with high biodiversity and productivity serving as a crucial habitat for 

macroinvertebrates and fish (James et al., 1998; Winfield, 2004). Especially in large 

oligotrophic lakes, such as Lake Constance, with a low pelagic primary production, the food 

web can shift to increased reliance on littoral sources strengthening the importance of the 

littoral production (McEachran et al., 2019). Therefore, it is crucial to understand how 

changing environmental conditions are influencing this ecosystem and its organisms. Here, I 

provide evidence that the littoral community (i.e. fish and benthic macroinvertebrates) of 

Lake Constance is influenced by oligotrophication and the introduction of non-native species. 

In a set of analytical approaches, I investigated long-term data of abundance, biomass and 

size diversity of littoral fish as well as stable isotopes of benthic macroinvertebrates. I 

focused on long-term change presumably due to oligotrophication and introduction of non-

native species and whether the different communities are able to resist these 

anthropogenically induced environmental changes. 

 

Benthic macroinvertebrates are good indicators for the effects of environmental changes, 

such as shifts in nutrient concentrations (Pîrvu & Petrovici, 2013; Karaouzas et al., 2015), 

and shifts in food resources and trophic positions due to oligotrophication can be analysed 

with the help of stable isotope analysis (e.g., Fry, 1991, 2006; Vander Zanden et al., 1999). 

Studies in the pelagic zone already reported that δ
13

C and δ
15

N values are influenced by 

nutrient concentrations leading to 
13

C/
15

N-depleted signatures in unproductive lakes 

(Gerdeaux & Perga, 2006; Gu, 2009). Furthermore, it is expected that decreasing 

phosphorous concentrations negatively influence pelagic primary productivity leading to an 

increased importance of the littoral productivity (James et al., 1998; Vadeboncoeur et al., 

2002). Such shifts can be detected with changes in δ
13

C values where low values indicate a 
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pelagic carbon source, whereas higher values represent littoral sources (France, 1995). As 

outlined in chapter II, δ
13

C and δ
15

N values of eight dominant benthic macroinvertebrate taxa 

(i.e. one family and seven species) shifted over time. Chironomidae, Dikerogammarus 

villosus, and Tinodes waeneri had significantly higher δ
13

C values in autumn. I also found 

seasonal differences in the long-term dynamics of δ
13

C with increasing δ
13

C values in spring. 

Long-term dynamics imply that the littoral invertebrate community was able to resist changes 

in nutrient concentration as littoral-derived resources gained in importance during the 

oligotrophication process. During eutrophication, the phytoplankton biomass increased due to 

additional nutrient input (Kümmerlin, 1991). In combination with a high abundance of 

Dreissena polymorpha, which is able to couple the benthic and pelagic habitats by filtering 

pelagic phytoplankton (Gergs et al., 2009), the proportion of pelagic production available to 

the littoral community increased during that time resulting in a more pelagic-derived carbon 

signature. With the start of the oligotrophication process, this trend was reversed as pelagic 

primary production as well as phytoplankton biomass decreased (Jochimsen et al., 2013) 

resulting in higher δ
13

C values. However, no significant trend was visible for δ
13

C values in 

autumn probably because the decrease of summer phytoplankton blooms started earlier 

(during early 1990s) than the decrease in spring phytoplankton blooms (during late 

1990s/early 2000s) (Jochimsen, Kümmerlin & Straile, 2014). Thus, in autumn, the littoral 

community experienced the impacts of decreased nutrient concentration and lower pelagic 

productivity before our sampling period so no significant changes in autumn δ
13

C values 

were detectable. 

Non-native species are known to influence local communities by direct biotic interaction (e.g. 

competition, grazing, and predation) and/or by indirect changes in habitat condition (Crooks, 

2002). Species affecting ecosystem dynamics by changing the habitat conditions through 

large-scale and widespread changes in, for example, water clarity, nutrients, and organic 

matter, are called “ecosystem engineers” (Jones, Lawton & Shachak, 1996). For instance, the 

filtering activity of non-native molluscs such as D. polymorpha increases water clarity 

fostering aquatic macrophytes, whereas the new habitat formed by the shells provides food 

and shelter to aquatic macroinvertebrates (Ward & Ricciardi, 2007). Lake Constance is a 

good example of how D. polymorpha shapes and restructures the littoral ecosystem: Mörtl & 

Rothhaupt (2003) found that mussel shells provide increased structural complexity, which 

positively affect the abundance of other littoral invertebrates. Following this finding, Gergs & 

Rothhaupt (2011) discovered that the biodeposed material of the mussel is used as an 

additional food source by other species resulting in lower δ
13

C values due the 
13

C-depleted 
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pelagic signature of the mussel and its biodeposition. At high D. polymorpha abundance, my 

data shows a clear influence of biodeposed material on investigated taxa in early sampling 

years, whereas this correlation is not visible anymore towards the end of the sampling period. 

This indicates that biodeposition only played a minor role as an additional food source in 

later years probably due to lower filtering rates or biodeposition production of D. polymorpha 

caused by oligotrophication. 

In chapter II, I confirm that stable isotopes analysis is a useful tool to quantify different food 

sources and to evaluate trophic relationships in the benthic invertebrate community 

influenced by oligotrophication and invasive species. I was able to relate changes in δ
13

C and 

δ
15

N values to oligotrophication and the influence of non-native species. 

The invasive zebra mussel D. polymorpha is not only influencing other benthic invertebrates 

in the littoral zone, but also affects higher trophic levels (e.g. fish) and communities in the 

pelagic zone (Strayer, Hattala & Kahnle, 2004). In fact, while D. polymorpha has been shown 

to have strong effects on phytoplankton (Smith et al., 1998), zooplankton (MacIsaac, Lonnee 

& Leach, 1995), and vegetation (Stuckey & Moore, 1995), the few studies on fish have 

inconsistent results. For example, growth rates of juvenile yellow perch (Perca flavescens) 

increased following D. polymorpha invasion but the abundance of juveniles and the 

abundance and growth rates of adult perch were unchanged in Oneida Lake, New York 

(Mayer et al., 2000). Contrary, the diet of lake whitefish (Coregonus clupeaformis, 

Salmonidae) changed and body condition and growth declined after D. polymorpha invasion 

caused the abundance of the primary prey (the amphipod Diporeia) to decline in south-

eastern Lake Michigan (Pothoven et al., 2001). In Lukomskoe Lake, Belarus, Karataev and 

Burlakova (1995) reported very large increases in biomass and production of fish following 

the arrival of D. polymorpha and linked this increase to higher numbers in zoobenthic prey. 

Following those differing observations, Strayer et al. (2004) compared the effects of D. 

polymorpha invasion between juvenile fish of littoral and pelagic species in the Hudson River 

estuary, New York. While open-water fishes decreased in abundance and suffered declines in 

growth rates, littoral species showed the opposite effects. They suggested that the filtration 

activity of D. polymorpha reduced phytoplankton leading to losses of consumers and pelagic 

fish. At the same time, D. polymorpha provided food sources (i.e. biodeposition) for 

increased pouplations of invertebrates that led to fish abundance increases in littoral habitats 

(Strayer et al., 2004). 

The same processes might have influenced the littoral zone of Lake Constance. Gergs et al. 

(2011) already reported that amphipod and chironomids are attracted by D. polymorpha 
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aggregates and feed on the biodeposition. Lake Constance hosts zoobenthivorous fish species 

(i.e. European eel, perch, and burbot) which regularly consume amphipods (Eckmann et al., 

2008). Other non-native species (such as Limnomysis benedeni) might further broaden 

possible food resources for fish in the littoral zone of Lake Constance leading to higher 

amounts of food available for fish. The mysid shrimp, L. benedeni is known as a food source 

for fish (Kelleher et al., 1999) and thus in the past was introduced into lakes to increase fish 

production (Wonyárovich, 1955). In oligotrophic Lake Constance, the benthic invertebrate 

community in the littoral zone might contribute greatly to the overall productivity, serving as 

prey and utilising littoral energy sources. Furthermore, filtration of D. polymorpha coupled 

with oligotrophication can lead to increased light penetration resulting in higher littoral 

primary production by macrophytes. This process can reinforce the importance of littoral 

productivity in a nutrient-poor lake. 

 

Most fish species are known to occupy the littoral zone permanently or visit it on diel, 

seasonal or ontogenetic time scales in response to a range of extrinsic and intrinsic factors 

including feeding, refuge from predation, and reproduction (Winfield, 2004). This temporal 

heterogeneity is further combined with spatial differences caused by habitat features such as 

macrophytes and bottom sediments resulting in patchy distributions of fish species. These 

factors combined make it difficult to investigate fish community dynamics leading to a 

limited understanding of fish ecology in the littoral zone of lakes. 

In this thesis, I provide detailed analyses on shifts in abundance, biomass, and size diversity 

to enhance our understanding of littoral fish community dynamics, especially while major 

environmental changes such as oligotrophication in Lake Constance are involved. As outlined 

in chapter III, catch per unit effort (CPUE) of the total catch did not decline over the 

sampling period (1997 to 2013). Contrary, relative abundance of individual species changed 

strongly during the study period due to increases in some species (i.e. dace, loach, perch) and 

decreases in others (i.e. bream, burbot, chub, ruffe) indicating response diversity of fish 

species to oligotrophication. For example, ruffe typically dominates under eutrophic 

conditions and competes with perch for benthic invertebrates (Schleuter & Eckmann, 2008). 

These two circumstances combined with the fact that ruffe is not able to switch food 

resources benefitted perch, which is an opportunistic feeder including both invertebrates and 

zooplankton into its diet (Schleuter & Eckmann, 2008). Thus, release from competition and 

the ability to cope with reduced nutrient levels might have influenced increasing abundance 

and biomass of perch over the sampling period. 
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Considering I observed a stable total catch combined with different dynamics between single 

species, the question whether there were asynchronous interspecific dynamics at play, where 

decreasing abundance of one species is compensated by increasing abundance of another, 

arose. According to Kendall’s W, significantly asynchronous species dynamics were 

observed when only low-frequency variability of species dynamics was considered separately 

for spring and summer time series. In contrast, significantly synchronous dynamics were 

observed when seasonal variability was taken into account showing that the type of 

community dynamics was scale-dependent. This result illustrates that the variable season 

plays an important role, because it represents behavioural and life cycle adaptations of the 

different species. For instance, whitefish is only found in the littoral in spring, because 

numerous aggregations of juveniles inhabit the littoral at this time while moving to deeper 

and cooler waters in early summer (Jeppesen et al., 2012). Contrary, bleak, bream, chub, 

dace, perch and roach are more abundant in summer, because they spawn later in the year 

(Berg, 1993) and their juveniles occupy the littoral zone in high numbers during summer 

months. 

Next to analyses of long-term changes in fish abundance and biomass, size-based 

investigations can be useful in describing communities and can reveal complex effects of 

biotic and abiotic influences (Strayer, 1991; De Leeuw et al., 2003; Brucet et al., 2010). 

Although I was not able to detect decreasing abundance in the total catch due to 

oligotrophication, I hypothesised changes in the size structure, because studies already 

suggested that size structures can characterise shifts between lake fish assemblages along the 

gradients of water quality (Holmgren & Appelberg, 2000; De Leeuw et al., 2003). 

In chapter IV, I investigate changes in size diversity of the total catch and single species, but 

also examine the relationship between Shannon and size diversity. This relationship is 

determined by the extent to which different species in a community exhibit similar body size 

and therefore shows the overlap in size among species in a community. If the different 

species have wide size ranges, it is likely that they overlap in size. Contrary, if species differ 

strongly in size (i.e. low size overlap) the addition of a new species to a community will 

increase body size diversity. A low size overlap might indicate that size-related traits are lost 

from a system as species diversity declines. Therefore, the relationship between size diversity 

and Shannon diversity can help to estimate functional redundancy and thus vulnerability to 

extinction (Brucet et al., 2018). 

In accordance with its abundance, size diversity and Shannon diversity of the total catch was 

also stable over the sampling period. However, long-term dynamics of size diversity of single 
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species differed and partly confirmed trends in species abundance: ruffe and burbot declined 

in size diversity, whereas dace and perch increased in their size diversity. In order to 

investigate temporal changes, I calculated the annual slope value of the size and Shannon 

diversity relationship and found an increasing trend towards the end of the sampling period. 

This trend is mainly driven by decreasing occurrence of samples with high Shannon diversity 

and low size diversity throughout the sampling period. The combination of high Shannon 

diversity and low size diversity indicates high size overlap between the species. Decreasing 

abundance of samples with this combination possibly indicate that the littoral fish community 

experienced lower functional redundancy and a higher vulnerability towards the end of the 

sampling period and thus throughout the process of oligotrophication. 

In chapter III and IV, I provide evidence that oligotrophication is affecting the relative 

abundance and biomass, as well as the size diversity of some of the most abundant species in 

the littoral zone of Lake Constance. The long-term trend of the relationship between Shannon 

and size diversity indicated that size overlap between species decreased throughout the 

sampling period making the community more vulnerable towards future environmental 

stressors such as climate warming. However, the abundance and size diversity of the total 

catch remained stable and thus indicated resilience towards oligotrophication. 

Resilience has already been shown in response to changes in other environmental variables; 

James et al. (2017) found that fish species in the Breede Estuary (South Africa) showed an 

overall stable species composition towards changes in environmental variables like salinity, 

temperature, and flooding. This resilience has been explained by diverse range of habitats and 

by fish species being well adapted to variable flow (James et al., 2017). In Lake Constance, 

the resilience of the littoral fish community towards oligotrophication might be more related 

to the high productivity of the littoral zone that is supported by phosphorus and other 

nutrients released from the sediments in summer and autumn (Güde & Straile, 2016). 

Because of this additional natural input, the littoral production might not be as affected by 

oligotrophication as the pelagic zone of the lake. Moreover, improving light condition during 

oligotrophication may stimulate nearshore benthic production (Vadeboncoeur et al., 2002) 

making this area more profitable for fish (Vander Zanden, Vadeboncoeur & Chandra, 2011). 

Stable abundance and size diversity of the littoral fish community, mostly consisting of 

juvenile individuals, can have pronounced effects on the whole lake community facing lower 

nutrient concentrations due to oligotrophication. The smallest size group of fish (1+ in spring 

and 0+ in summer and autumn) often dominate predation pressure on lower trophic levels 

(Hamrin & Persson, 1986). A stable community that is resilient in abundance and size 
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diversity towards oligotrophication might at least for a certain period sustain a high predation 

pressure on littoral zooplankton and meiobenthos. Furthermore, the prolonged predation 

pressure on prey communities might also be an important factor contributing to delayed food 

web responses to oligotrophication and hysteresis in respect to nutrient dynamics. Likewise, 

strong recruitment enhances competition between fish species for food, thereby leading to 

reduced growth of fish and influencing ecosystem dynamics (Townsend, 1989). Not only 

zooplankton, but also other aquatic invertebrates, such as insect larvae and molluscs, can be 

affected due to higher predation pressure: several studies already confirmed the importance of 

benthic sources in the littoral zone for both benthic-pelagic and piscivorous fish species in the 

littoral zone of oligotrophic lakes (Vadeboncoeur et al., 2002; Bertolo et al., 2005; Hampton 

et al., 2011). Generally, low nutrient concentrations lead to lower pelagic production and a 

higher reliance on littoral resources (McEachran et al., 2019). Following this shift, the 

predation pressure on littoral prey species (e.g. invertebrates) should increase as far as 

predators are able to shift their food sources (Schleuter & Eckmann, 2008). Furthermore, 

higher light transparency in oligotrophic systems enforces algae growth that should benefit 

herbivorous fish species (Vadeboncoeur et al., 2003). 

 

Analysing long-term data of abundance, biomass and other parameters (e.g. length and stable 

isotopes) gives useful information on how the investigated communities (i.e. littoral fish and 

macroinvertebrates) react to environmental changes such as oligotrophication and/or 

introduction of non-native species. However, the effects of multiple simultaneously occurring 

environmental stressors on the considered communities remain difficult to disentangle. For 

instance, non-native species in the littoral fish data set were introduced into the system before 

the sampling period, thus, direct effects of the appearance of stickleback and ruffe cannot be 

detected, as there is no data before and after the invasion. Moreover, it is not clear whether 

environmental changes initiated by new species could weaken or reinforce the effects of 

oligotrophication on the different native species: decreasing nutrient concentrations are 

leading to overall lower food resources, while non-native species can increase competition 

for specific prey types or serve as new prey sources. Next to the effects of non-native species, 

increasing water temperatures should affect the productivity and ecology in the different 

zones of the lake and especially the communities in the littoral zone where the shallow water 

depth has a higher heating potential. However, the model developed by Stich and Brinker 

(2010) predicted that trophic effects are likely to outweigh climate effects on production, 

because decreasing phosphorous concentrations have a much stronger impact on long-term 
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development of chlorophyll-a in ULC leading to long-term changes of phyto- and 

zooplankton and in the fish community. Furthermore, it remained difficult to clearly explore 

effects of increased water temperature in our analyses over time, because in both fish and 

invertebrate data I included different seasons resulting in seasonal temperature variations that 

could have masked long-term temperature trends over the years. 

Especially for the fish data it should be mentioned that the available data was highly variable 

with samples over thousand individuals to samples with no fish (fish started to avoid the area 

of the net; personal observation). Furthermore, sampling was affected by different external 

factors such as bad weather conditions and fluctuating water level. Therefore, the resulting 

dynamics could have also been influenced by these conditions. 

Contrary to the fish analysis, where I was able compare data from different sampling site, I 

restricted the invertebrate analysis to one sampling site mainly because the sampling at the 

‘Litoralgarten’ was most consistent and thus provided the most meaningful data and sample 

series. Nevertheless, it has to be kept in mind that the habitat consisting of wide boulders and 

silty sand with loosely packed stony overlay at the ‘Litoralgarten’ (Baumgärtner et al., 2008) 

might not sufficiently represent the whole littoral zone of Lake Constance. In general, littoral 

zones of lakes are very heterogeneous systems (Harrison & Hildrew, 2001; Stoffels, Closs & 

Burns, 2003) and benthic invertebrate populations exhibit high degrees of spatial aggregation 

at multiple scales in large oligotrophic lakes (Stoffels et al., 2003). Therefore, I cannot fully 

exclude that data from other sampling sites in Lake Constance would have revealed different 

dynamics in isotopic signatures. However, I have only chosen dominant species that are 

abundant in the littoral zone lake-wide to get the best estimate of the effects caused by 

oligotrophication (Hanselmann, Gergs & Rothhaupt, 2011; Gergs & Rothhaupt, 2015). 

Finally, the question remains if I missed the initial phase and effects of reduced nutrient 

concentrations by starting the sampling in the late 1990s (i.e. fish data) or in 2000 (i.e. 

invertebrate data). If so, this might explain weak effects of reduced nutrient concentration on 

the total fish catch and isotopic signatures of the invertebrate taxa. However, effects of 

oligotrophication in the littoral might be weak, because the near-shore area receives 

additional nutrient input from the sediments and the land compensating for the decreasing 

phosphorous concentrations from the open waters (Güde et al., 2000). 

 

With regards to the littoral invertebrate community of Lake Constance, it will be of great 

ecological interest to extend the stable isotope dataset to more recent years and relate it to 

changes in the abundance of the investigated taxa over the sampling years. Furthermore, a 
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second Dreissena mussel (Dreissena rostriformis bugensis, Dreissenidae) was first found in 

Lake Constance in 2016, spread rapidly within one year and replaced D. polymorpha at many 

sites (IGKB, 2019). Future studies are necessary to estimate the impact of drastically 

decreasing zebra mussel abundance on other invertebrate species. Is D. rostriformis bugensis 

able to replace its close relative functionally by providing the same biodeposed resources that 

benefit other invertebrate species in the littoral zone? 

Future studies on the littoral fish community of Lake Constance could focus on differences in 

the relative abundance and biomass, as well as the size diversity of the different species 

between 2013 and today. Other interesting questions include if abundance and size diversity 

of the whole community have decreased since 2013 and if the relative abundance of most 

abundant species has changed further. Since 2013, large numbers of sticklebacks have 

invaded the pelagic zone and increased the predation pressure on whitefish larvae (Roch et 

al., 2018). So far, there is no information whether this increase in the pelagic is mirrored in 

the littoral zone or due to shifts from the littoral which could either way influence the fish 

community in the shallow zone. 

In this thesis, the littoral invertebrate and fish community of Lake Constance have been 

investigated separately. To estimate and understand the effects of environmental stressors 

(e.g. oligotrophication and introduction of non-native species) on the whole littoral 

community, future projects should connect the analysis of invertebrate and fish community 

and investigate how changes in these communities influence each other and if shifts in one 

community reinforce shifts in the other, for example, due to predator-prey relationships. 
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Record of achievement 
 

 

 

 

Chapter II 

Sampling was organized and supervised by Karl-Otto Rothhaupt. Sample preparation for 

stable isotope analysis was accomplished by myself and by students under my supervision. 

Isotopic measurements were conducted by Wolfgang Kornberger. 

Data analysis and manuscript were conducted and written by myself and under the 

supervision of Elizabeth Yohannes, Dietmar Straile and Karl-Otto Rothhaupt. 

 

Chapter III 

Study design and sampling was organized and supervised by Reiner Eckmann and Roland 

Rösch. Data analysis and manuscript were conducted and written by myself and under the 

supervision of Dietmar Straile, Erik Jeppesen and Reiner Eckmann. 

 

Chapter IV 

Study design and sampling was organized and supervised by Reiner Eckmann and Roland 

Rösch. Data analysis and manuscript were conducted and written by myself and under the 

supervision of Dietmar Straile, Erik Jeppesen and Reiner Eckmann. 
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